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Indicateurs de colmatage de filtres plantés de
roseaux à écoulement vertical : 
étude comparative de quatre stations de traitement après 
10 ans de fonctionnement 
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Introduction
La directive ERU (eaux résiduaires urbaines) de 1991

a rendu obligatoires les installations de traitement

pour les communes de plus de 2 000 équivalent-habi-

tant (EH) et a ainsi entraîné la création d’installations

de traitement supplémentaires. Parmi elles, les pro-

cédés extensifs et en particulier les filtres plantés de

roseaux (FPR) ont prouvé leur efficacité pour le trai-

tement des eaux usées domestiques depuis plus d’une

quinzaine d’années [BOUTIN et al., 1997] et dans de

nombreux pays [VYMAZAL, 2002]. Sur le bassin

Rhin-Meuse, les stations de type FPR ont fait leur 

apparition au milieu des années 1990. Le recours à

ce procédé de traitement est aujourd’hui en pleine 

expansion pour les petites collectivités : une dizaine

de stations de ce type sont construites chaque année

dans le bassin Rhin-Meuse, pour un total de 146 FPR

actuellement recensés [AERM, 2013]. Au total, ce

type de stations représente 27 % des STEU de moins

de 2000 EH recensées sur le bassin hydrographique.

Toutes les stations de type FPR implantées dans ce

bassin sont conçues et exploitées selon le modèle

français. Une station comprend ainsi deux étages en

cascade, l’alimentation en effluent est intermittente

(en général un tiers du temps en alimentation et deux

tiers du temps en repos) et par bâchées. Le granulat

du premier étage est plutôt grossier pour éviter le 

colmatage et le granulat du second étage est plus fin ;

l’écoulement de l’effluent est vertical sur les deux

étages. 

Parmi les stations de ce type recensées par l’agence

de l’eau Rhin-Meuse (AERM), quatre sont en service

depuis plus de 10 ans. Cette longévité et le nombre

croissant d’installations de ce type posent les ques-

tions relatives à leur durée de vie et au nécessaire

maintien des performances de traitement au cours de ce

cycle de vie. En effet, le vieillissement des filtres plantés

s’accompagne d’un certain nombre de phénomènes 

a priori indésirables, dont celui de colmatage, dû prin-

cipalement aux phénomènes suivants [KADLEC et

WALLACE, 2009] :

– dépôt de particules en suspension, surtout dans les

horizons superficiels ;

– développement rapide d’un biofilm sur le support

granulaire.

Le colmatage peut entraîner une diminution des perfor-

mances de traitement par baisse de l’oxygénation des

filtres colonisés jusqu’à un facteur 20 [PLATZER et

MAUCH, 1997]. Il peut également arriver que l’accumu -

lation de boues ne provoque pas de colmatage total,

mais soit indésirable pour des raisons hydrauliques,

notamment de répartition de l’effluent ou de conduc-

tivité hydraulique [MOLLE et al., 2004]. On peut 

cependant remarquer que le vieillissement de ces 

1 Équipe MécaFlu, Laboratoire ICube – UMR 7357 CNRS/Engees/Unistra – 
2, rue Boussingault – 67000 Strasbourg. Courriel : paul.bois@icube.unistra.fr

2 Agence de l’eau Rhin-Meuse – Rue du Ruisseau – Rozérieulles – BP 30019 –
57161 Moulins-lès-Metz.
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systèmes n’est pas forcément synonyme de dégra -

dation des performances hydrauliques, comme l’ont

remarqué CHAZARENC et MERLIN (2005). Il semble

donc nécessaire de procéder à un suivi du vieillis -

sement de ces systèmes, afin de s’assurer de la conti-

nuité de leur bon fonctionnement – hydraulique et épu-

ratoire, ces deux aspects étant liés – au cours du temps. 

Dans le cadre de cette étude, l’aspect hydraulique du

vieillissement en lien avec le colmatage des filtres est

étudié. Pour cela, une approche couplant expériences

de terrain et de laboratoire a été adoptée : le compor-

tement hydraulique, par l’intermédiaire de mesures

de la vitesse d’infiltration [PEDESCOLL et al., 2009],

ainsi que la stratification verticale du granulat des

quatre plus anciennes stations du bassin Rhin-Meuse

ont été évalués sur le terrain. Un curage superficiel

des parcelles échantillonnées a été réalisé pour simuler

l’effet d’un curage des filtres ; cet effet a été repris en

laboratoire lors de tests en éprouvette pour étudier

l’évolution des vitesses d’infiltration au sein du 

massif filtrant. Cette évaluation est suivie par une

évaluation en laboratoire de paramètres physico-

chimiques et structuraux (teneur en matière orga-

nique, porosité, granulométrie) du granulat prélevé

dans les filtres, là encore afin d’apporter des éléments

d’explications aux résultats hydrauliques obtenus. 

Ainsi, les objectifs de cette étude sont : 

– rendre compte de l’état de vieillissement hydrau-

lique – colmatage – des filtres plantés de roseaux à

écoulement vertical (FPRv) équipant des petites com-

munes après 10 ans de fonctionnement ;

– étudier l’impact d’un curage de filtre sur les vitesses

d’infiltration relevées sur le terrain ;

– mettre ces résultats en perspective, notamment des

caractéristiques de l’effluent d’entrée.

1. Matériel et méthodes
1.1. Choix des sites d’étude
Les quatre stations choisies pour l’étude sont des 
stations de traitement des eaux usées de type filtres
plantés de roseaux à écoulement vertical (FPRv), 
situées sur le bassin Rhin-Meuse. Elles ont été choisies

Ingénierie écologique

A B C D 

Mise en service 1999 1999 1998 2002 

Débit journalier 
(m3/j) 

105 150 40 12,5 

Débit de pointe 
(m3/h) 

14 12,6 5 1,5 

Capacité (EH) 350 500 200 150 

Bassins par étage 3 3 3 3 (1er étage) /           
2 (2e étage) 

E1 E2 E1 E2 E1 E2 E1 E2 Surface totale 
(m2) 668 496 474 518 375 255 190 128 

Lam e d’eau (m/j) 0,68 0,67 0,32 0,95 

E1F E2F E2Dr E1F E2F E2Dr E1F E2F E2Dr E1F E2F E2Dr Porosité granulat
(%) 46 48 44 37 40 38 54 69 nd 66 43 56 

E2F E2Dr E2F E2Dr E2F E2Dr E2F E2Dr 
CU 

7,2 9,1 34 6,0 3,9 nd 34 2,6 

E2F E2Dr E2F E2Dr E2F E2Dr E2F E2Dr 
d10 (mm) 

0,14 0,12 0,06 0,17 0,42 nd 0,06 0,36 

E2F E2Dr E2F E2Dr E2F E2Dr E2F E2Dr Teneur en fines 
(%) 0,59 0,46 0,39 0,14 0,25 nd 0,21 0,12 

E1 : premier étage ; E2 : second étage ; E1F : horizon filtrant du premier étage ; E2F : horizon filtrant du second étage ; E2Dr : horizon de drainage du second
étage ; EH : équivalent-habitant ; CU : coefficient d’uniformité ; d10 : 10 % des grains de la matrice ont un diamètre (en mm) inférieur à la valeur du d10.
Tableau I. Caractérisation des stations étudiées



car elles sont les plus âgées en service sur le bassin

(> 10 ans) recensées par l’agence de l’eau Rhin-Meuse

[AERM, 2013]. Elles sont situées sur les communes

d’Erckartswiller (14 ans de fonctionnement, notée A

par la suite), Deuxville (14 ans de fonctionnement,

notée B par la suite), Nixéville-Blercourt (15 ans de

fonctionnement, notée C par la suite) et Saint-Julien-

sous-les-Côtes (11 ans de fonctionnement, notée D

par la suite). Les caractéristiques de ces stations sont

données tableaux I et II. Toutes ces stations compren-

nent deux étages de filtration, fonctionnent de 

manière alternée et intermittente [MOLLE et al.,

2004] et ont été plantées de roseaux communs Phrag-

mites australis lors de leur mise en œuvre. Les prélè-

vements ont été réalisés le 28 mai 2013 (A), le 29 mai

2013 (B), le 30 mai 2013 (C) et le 3 juin 2013 (D).

Lors de l’étude, les filtres du premier étage de la sta-

tion D présentaient un phénomène de colmatage total.

1.2. Stratégie de prélèvement

Sur chaque station, les prélèvements et les mesures

in situ ont été réalisés sur le filtre qui était en phase

de repos. Les conventions suivantes ont été adoptées

pour la dénomination des échantillons (figure 1) :

– selon l’étage : les échantillons réalisés sur le premier

étage sont notés E1, ceux réalisés sur le second étage

sont notés E2 ;

– selon le point de prélèvement : pour le premier

étage, deux types de prélèvement ont été réalisés afin

de prendre en compte l’hétérogénéité spatiale du sys-

tème. Les échantillons situés à 1 m et 2 m de l’alimen-

tation en effluent sont notés respectivement P1 et P2.

Pour le second étage, la répartition des rampes d’ali-

mentation homogénéisant l’effluent en surface du

filtre a permis de définir un seul point de prélèvement

équidistant des rampes pour toutes les stations étu-

diées ;

– selon l’horizon de prélèvement : les horizons de

prélèvement sont référencés comme de « dépôt » D

(horizon superficiel composé uniquement de matière

accumulée), de « filtration » F (horizon situé immé-

diatement sous l’horizon précédent et composé d’un

mélange de granulats et de matière accumulée) et

enfin de « drainage » Dr (uniquement pour le second

étage, correspond à l’horizon situé en dessous de l’ho-

rizon de filtration).

Ces notations sont récapitulées dans le tableau III.
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A B C D MOLLE et 
al., 2004 

MES (g/m 2/j) 52 49 37 79 50 

DCO (g/m 2/j) 117 89 83 105 100 

DBO5 (g/m 2/j) 45 42 32 53 50 

NTK (g/m 2/j) 11 11 8 13 10 

NH4 (g/m 2/j) 8 7 6 9 - 

Ptot (g/m 2/j) 3 2 2 3 - 

MES : matières en suspension ; DCO : demande chimique en oxygène ; DBO5 : 
demande biochimique en oxygène ; NTK ; azote total Kjeldahl ; Ptot : phosphore total.
Tableau II. Charges de dimensionnement des stations. Les charges cor-
respondent aux charges d’entrée dans la station

Figure 1. Localisation des points de prélèvement. Quatre échantillons ont été définis sur le premier étage et trois sur le second

Horizon de dépôt Horizon filtrant Horizon de drainage 

1er étage E1P1D, E1P2D E1P1F, E1P2F – 

2e étage  rD2E F2E D2E
Tableau III. Nomenclature des échantillons
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– la première réalisée sur le granulat colonisé sans 

déstructuration du massif (la partie aérienne des

plantes ayant été au préalable taillée délicatement à

l’aide d’un sécateur). La vitesse d’infiltration mesurée

correspond alors à l’hydrodynamique du filtre après

10 ans de fonctionnement ;

– la seconde réalisée au même endroit que la 

première, mais après curage de la couche de dépôt,

correspond à la vitesse d’infiltration du filtre après

simple curage du dépôt.

1.3.2. Mesure en laboratoire

500 mL d’échantillons sont placés dans une éprou-

vette perforée à la base et dont les perforations sont

protégées par une géogrille. Le dispositif et la 

méthode pour le calcul des vitesses d’infiltration sont

ceux d’un test de Grant [COOPER et al., 1996]. Trois

mesures successives sont effectuées pour chaque

échantillon.

1.4. Caractérisation physico-chimique des
granulats

1.4.1. Stratification verticale

La densité racinaire sur les différents étages a été 

évaluée par des critères qualitatifs sur la base des 

observations de terrain : elle est évaluée comme faible

ou forte.

La stratification verticale du filtre a été déterminée

consécutivement aux mesures de vitesse d’infiltration

en mesurant l’épaisseur des horizons rencontrés.

Dans le cas de la station D, le phénomène de colma-

tage total constaté a entraîné au cours du fonction-

nement la formation d’une couche d’effluent densifié

non minéralisé, non représentatif d’une accumulation/

minéralisation progressive des boues. 

Les données de charge d’entrée utilisées pour le 

dimensionnement (tableau II) sont ramenées à l’unité

de surface de filtre pour s’affranchir des différences

de surface entre stations ; elles sont donc exprimées

en g/m2/j. Les données de charge d’entrée en fonc-

tionnement ont été obtenues sur le système d’infor-

mation en ligne mis en place par l’agence de l’eau

Rhin-Meuse [AERM, 2013] et ont également été 

exprimées en g/m2/j ; elles regroupent les données

Ingénierie écologique

1.3. Vitesse d’infiltration
1.3.1. Mesure in situ
L’infiltration cumulée est mesurée à l’aide d’un infil-

tromètre à double-anneau (figure 2), l’incertitude 

associée à cette mesure sur le terrain étant de l’ordre

de 20 % [BOIVIN, 1990]. La mesure est réalisée en

plusieurs étapes selon la norme NF X 30-418 de la

façon suivante : 

• préparation de l’aire d’essai qui consiste principa-

lement à la coupe au sécateur des végétaux au ras de

la surface du filtre de manière à faciliter l’implanta-

tion des anneaux sans déstructurer le milieu poreux

et le système racinaire en place ;

• mise en place des anneaux concentriques dont

l’enfon cement de quelques centimètres dépendra de

la résistance du milieu ;

• mise en eau des deux compartiments de l’infil -

tromètre à la même hauteur d’eau afin que celle-ci

s’infiltre à la même vitesse autour et dans l’anneau de

mesure. L’écoulement dans l’anneau extérieur va 

favoriser l’infiltration verticale de l’eau contenue dans

l’anneau intérieur en la canalisant. Le flux d’infiltra-

tion est alors quantifié par la mesure de la dimi -

nution de la hauteur d’eau dans l‘anneau interne

– lecture de l’échelle apposée sur la face interne 

(figure 2) et chronométrage simultané. On obtient

ainsi une courbe donnant l’infiltration d’eau cumu-

lée en fonction du temps ; la vitesse d’infiltration du

filtre est ensuite déduite de la partie linéaire de cette

courbe. Pour chaque point, deux mesures sont effec-

tuées :

Figure 2. Perméamètre à double-anneau en fonction



mesurées à l’entrée de chaque station entre 2004

et 2011, à raison d’environ une mesure par an. Elles

sont représentées sous forme de boîtes à moustache,

ce qui permet de rendre compte de leur variabilité 

(figure 3). Ces représentations ont été réalisées à l’aide

du logiciel R [R CORE TEAM, 2013].

1.4.2. Teneur en matière organique

L’échantillon est séché à 105 °C dans une coupelle

jusqu’à obtention d’une masse constante. Trois répli-

cats sont ensuite pesés (M0) puis placés à 450 °C pen-

dant 3 heures pour réaliser la combustion des ma-

tières volatiles (MV) assimilées à la matière orga-

nique. La pesée des réplicats après combustion (M1)

permet de déterminer la quantité de MV par diffé-

rence. On en déduit finalement la teneur en matières

organiques selon la formule suivante : 

Teneur en matières organiques =

1.4.3. Porosité et granulométrie

Afin de caractériser le granulat mis en œuvre à la
construction d’un point de vue structural, porosité et
granulométrie des granulats prélevés sur le terrain
ont été mesurées. Pour la porosité, une éprouvette de
1 L de masse connue est pesée après ajout de 200 mL
(Vapparent) d’échantillon séché à 105 °C dans une
étuve. Un volume de 200 mL d’eau est alors ajouté,
ce qui donne le volume Vinitial éch+eau ; le volume de
l’ensemble est mesuré une fois celui-ci stabilisé, ce
qui donne le volume Vfinal éch+eau. La porosité du gra-
nulat prélevé sur le terrain est alors déterminée par
différence : 

La détermination de la distribution de la taille des

granulats constituant les échantillons lavés est réa -

lisée par un granulomètre mécanique selon la norme

NF EN 933-1. Les valeurs de ces paramètres figurent

dans le tableau I.
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Figure 3. Comparaison entre les charges surfaciques relevées sur le terrain (boîtes à moustaches) et les charges surfaciques utilisées
pour le dimensionnement (trait rouge horizontal)
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1.5. Récapitulatif
Les analyses réalisées et les échantillons analysés sont

récapitulés dans le tableau IV.

2. Résultats et discussion
2.1. Hydrodynamique des filtres
2.1.1. Impact d’un curage simulé sur la vitesse
d’infiltration (terrain)
Sur le premier étage, on observe tout d’abord des dif-

férences de vitesses d’infiltration variables en 

fonction des sites (figure 4) : sur la station A, Vinf

= 0,0060 ± 0,0010 mm/s ; sur la station B, Vinf = 0,75 ±

0,15 mm/s ; sur la station C, Vinf = 0,034 ± 0,015 mm/s ;

sur la station D, Vinf = 0,0085 ± 0,0065 mm/s. Pour les 

stations A, C et D, ces vitesses sont d’un ordre de gran-

deur comparable à la conductivité hydraulique à satu-

ration mesurée sur un filtre vertical âgé de 9 ans

(0,0042 mm/s) par MORVANNOU et coll. [2013]. La

vitesse d’infiltration bien plus élevée obtenue pour la

station B peut s’expliquer par l’accumulation de

boues plus faible constatée sur cette station.

Ingénierie écologique

 noziroH eruseM

Sur le terrain En laboratoire Dépôt Filtration Drainage 

Vitesse d’infiltration (I)       

Vitesse 
d’infiltration (II) 

    (lavé)  (lavé) 

Stratification verticale      

Teneur en m atières 
organiques 

     

Porosité      

Granulom étrie      

Tableau IV. Récapitulatif des analyses. Le protocole de chaque analyse est détaillé dans la partie « matériel et méthodes »

Figure 4. Évolution des vitesses d’infiltration sur le terrain. De gauche à droite et de haut en bas : A, B, C, D. Noir : E1P1 ; gris : E1P2 ;
blanc  : E2. Les barres d’erreur représentent la variabilité associée aux mesures d’infiltration par infiltromètre double-anneau sur 
le terrain. La notation « avant » correspond à la vitesse d’infiltration du filtre après 10 ans de fonctionnement. La notation « après »
correspond à la vitesse d’infiltration du filtre après curage des boues



Sur le second étage, on observe des vitesses d’infiltra-

tion plus élevées que sur le premier étage, proba -

blement en raison de l’accumulation moins forte 

de boues. Ainsi on relève : sur la station A, 

Vinf = 0,05 mm/s ; sur la station B, Vinf = 1,2 mm/s ;

sur la station C, Vinf = 0,035 mm/s ; sur la station D,

Vinf = 0,018 mm/s. Cette tendance est inverse à celle

recherchée initialement, c’est-à-dire un temps d’infil-

tration plus élevé (et donc une vitesse d’infiltration

plus faible) sur le second étage que sur le premier.

Ces valeurs sont inférieures à celle de conductivité

hydraulique à saturation (1,5 mm/s) trouvée par

MORVANNOU et coll. [2013] sur cet étage, sauf pour

la station B dont l’accumulation est moins élevée 

(cf. paragraphe précédent). Cela peut s’expliquer par

le fait que les filtres étudiés sont plus âgés, entre 

11 et 15 ans, contre 9 ans pour le filtre étudié dans

ces travaux. 

Le colmatage est donc plus important sur le premier

étage, ce qui entraîne une vitesse d’infiltration plus

faible que sur le second étage en dépit de la granulo-

métrie plus grossière et de la vitesse d’infiltration 

initiale plus élevée sur le premier étage.

Lorsque l’on procède au curage de la boue, on ob-

serve sur le premier étage un effet similaire sur les

deux points de mesure (figure 4) : amélioration signi-

ficative pour les stations A (Vcuré/Vinit = 4,7 pour P1

et Vcuré/Vinit = 36 pour P2), C (Vcuré/Vinit = 3,4 pour

P1 et Vcuré/Vinit = 2,4 pour P2) et D (Vcuré/Vinit = 14

pour P1 et Vcuré/Vinit = 205 pour P2) et évolution non

significative (due à la variabilité associée aux mesures

par infiltromètre double-anneau, rapportée par 

BOIVIN [1990]) pour la station B. On remarque 

que l’amélioration la plus forte est logiquement

constatée sur la station D, qui présentait un colma-

tage total lors de l’étude. Sur le second étage, l’effet

est moins marqué : amélioration pour les stations C

(Vcuré/Vinit = 1,2) et D (Vcuré/Vinit = 8,3), diminution

pour les stations A (Vcuré/Vinit v = 0,55) et B

(Vcuré/Vinit = 0,21). Cette atténuation de l’effet du 

curage est à relier à l’accumulation de matière plus

faible sur le second étage que sur le premier, et à une

modification consécutivement plus faible de la 

perméabilité de l’ensemble. On remarque également

que le curage a pour effet de rétablir une vitesse 

d’infiltration plus élevée sur le premier étage que 

sur le second.

Ces modifications de vitesse d’infiltration à la suite

de la présence de solides accumulés ont déjà été 

reportées dans la littérature pour des filtres contenant

des granulats de taille similaire à celle des filtres 

étudiés, dans le sens d’une amélioration ou d’une 

dégradation ; ainsi l’étude de KNOWLES et DAVIES

[2009] a relevé une diminution de la conductivité 

hydraulique concomitante à une accumulation de 

solides alors que CHAZARENC et MERLIN [2005]

ont observé une amélioration de la percolation d’un

facteur 5. Les résultats de la présente étude tendent,

eux, à montrer que l’opération de curage semble 

diminuer de manière significative le colmatage super-

ficiel lié au dépôt de surface et en conséquence amé-

liore les capacités d’infiltration des filtres du premier

étage des FPR. Du point de vue opérationnel, cela

permettrait ainsi d’envisager une dissociation du 

curage de l’horizon de dépôt et du remplacement 

du granulat, pour permettre de restaurer la capacité

hydraulique du filtre.

2.1.2. Vitesse d’infiltration du granulat lavé 
(laboratoire)

Les vitesses d’infiltration des granulats lavés sont bien

plus élevées en moyenne que celles des granulats

curés sur le terrain (figure 5). Cela provient proba -

blement du protocole expérimental différent qui a été

employé, mais également du fait que le curage sans

remplacement de l’horizon profond simulé sur le 

terrain ne joue pas sur le colmatage lié à la croissance

de la biomasse sur le support granulaire. On constate

également que la vitesse d’infiltration du granulat du
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Figure 5. Vitesses d’infiltration du substrat lavé (tests en laboratoire)
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premier étage est significativement plus importante

que celle du granulat du second étage, ce qui est 

cohérent avec les tailles des granulats mis en œuvre

(gravier pour le premier étage, sable pour le second)

et à relier aux fonctions prévues pour ces deux étages

(filtration des matières en suspension MES pour le

premier, lente filtration pour permettre la nitrifi ca-

tion pour le second).

2.1.3. Comparaison curage superficiel/rempla-
cement du granulat

Au-delà de la nécessaire évacuation de la boue accu-

mulée, le curage superficiel permet donc une amélio-

ration significative de la vitesse d’infiltration dans les

filtres, qui n’est toutefois pas équivalente à l’améliora-

tion obtenue par le remplacement total du granulat

de la couche filtrante. Ainsi, le tableau V quantifie les

évolutions obtenues : dans 13 cas sur 16, le curage

ou le remplacement du granulat améliorent la vitesse

d’infiltration. Le curage permet un gain de l’ordre

d’un facteur 10, le remplacement permettant lui un

gain de l’ordre d’un facteur 100.

2.2. Caractérisation du dépôt

2.2.1. Stratification verticale

De façon globale, la densité racinaire est plus impor-

tante sur le premier étage du filtre que sur le second

(figures 6 et 7), probablement en raison de la plus

grande quantité de substrat disponible sur le premier

étage. On constate une densité racinaire nettement

plus importante sur le premier étage des stations A,

C et D que sur celui de la station B. Ces différences

de densité racinaire constatées au niveau du premier

étage entre stations peuvent provenir de la prédomi-

nance des espèces végétales : les roseaux prédomi-

naient sur les stations A (figure 8), C et D tandis que

les orties prédominaient sur la station B (figure 9).

Après discussion avec les exploitants des sites étu-

diés, il apparaît que cette répartition dépend forte-

ment des pratiques d’exploitation, notamment de

l’entretien des plantations au sein des filtres, surtout

pendant les premiers mois d’exploitation.

 2E 1E
Vinf/Vinf_10 

Curé Lavé Curé Lavé 

A 18,0 397,4 0,2 518,4 

B 0,7 59,2 0,5 10,1 

C 2,6 673,3 1,2 372,4 

D 36,6 70,3 2,4 55,1 

Tableau V. Rapport des vitesses d’infiltration après maintenance sur la vitesse d’infiltration
(Vinf) après 10 ans de fonctionnement. E1 : premier étage du filtre ; E2 : second étage du filtre

Figure 6. Coupe de l’horizon de dépôt sur le 
1er étage du filtre (site A)

Figure 7. Coupe de l’horizon de dépôt sur le 2e étage du filtre (site A)
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Avant d’analyser l’accumulation de matière observée

sur les stations, il convient de vérifier les paramètres

de dimensionnement des filtres. Tout d’abord, la 

surface de premier étage par équivalent-habitant (EH)

est égale à 1,34 m2/EH (A), 1,35 m2/EH (B),

1,88 m2/EH (C) et 1,27 m2/EH (D). La règle de 

dimensionnement en France préconise une surface

comprise entre 1,2 et 1,3 m2/EH [BOUTIN et al.,
1997]. Seule la station C présente un surdimension-

nement de l’ordre de 45 %. Les trois autres stations

étudiées sont donc correctement dimensionnées. En

ce qui concerne l’adéquation des charges de fonction-

nement réelles avec les charges de fonctionnement

utilisées pour le dimensionnement, les charges réelles

sont quasiment toutes inférieures aux charges nomi-

nales, voire similaires dans le cas de la demande chi-

mique en oxygène (DCO) pour la station D (figure 3).
Les stations étudiées fonctionnent donc à une capa-

cité inférieure à la charge nominale.

Les épaisseurs des différents horizons sont présentées

dans la figure 10. On observe une accumulation de

boues variable entre les stations étudiées, aussi bien

au niveau du premier que du second étage. L’accumu-

lation la plus élevée est observée sur la station A

(22,5 cm) et la moins élevée sur la station B (10 cm).

On observe également une hétérogénéité d’accumula-

tion au sein du premier étage pour les stations A et C,

malgré la présence de plaques de béton au droit des

points d’alimentation destinées à limiter l’affouil -

lement et à favoriser la distribution de l’effluent

[KNOWLES et al., 2011] en surface des filtres. Sur le

premier étage, l’horizon de dépôt atteint en moyenne

22,5 cm pour la station A, 10 cm pour la station B et

17,5 cm pour la station C. Pour le second étage, on

observe une forte accumulation de boues (20 cm) sur

la station A, alors que l’on observe une accumulation

beaucoup plus faible, comprise entre 1 et 5 cm et 

inférieure à celle des premiers étages respectifs, pour

les autres stations. Cela semble cohérent, la charge

des effluents diminuant après le premier étage de 

traitement (86 % d’abattement en MES, 79 % en 

DCO d’après MOLLE et coll. [2004]. Pour toutes les

stations, l’épaisseur de la couche de filtration (F) était

supérieure à 50 cm sur les deux étages de filtre.

Les valeurs obtenues peuvent être comparées aux 

valeurs données dans l’étude de MOLLE et coll.

[2004]. Les auteurs y indiquent un taux d’accumu -

lation de 1,5 cm de boues par an sur un filtre de 

premier étage, pour une charge de fonctionnement

analogue à celles des stations étudiées (tableau II).

Les valeurs relevées sont similaires pour la station A

avec 22,5 cm relevés (soit 1,6 cm/an) contre 21 cm

potentiels et, pour la station C, avec 17,5 cm relevés

(soit 1,2 cm/an) contre 22,5 cm potentiels, mais

Figure 8. Premier étage de filtres plantés de roseaux (site A)

Figure 9. Premier étage de filtres plantés de roseaux (site B)

E1P1D : horizon de dépôt du premier étage, premier point de prélèvement ; E1P2D : 
horizon de dépôt du premier étage, second point de prélèvement ; E2D : horizon de dépôt
du second étage.
Figure 10. Épaisseur des horizons. L’absence de barre indique une absence
de valeur



peuvent également différer fortement dans le cas de B

avec 10 cm relevés (soit 0,7 cm/an) pour 21 cm 

potentiels. La différence relevée dans le cas de la 

station B pourrait s’expliquer par la présence impor-

tante d’eaux claires parasites sur le site. Celles-ci, 

estimées à 222 % des eaux usées, entraînent une 

surcharge hydraulique et le déversement fréquent

d’effluent par le by-pass. Enfin, ce calcul ne peut pas

s’appliquer à la station D en raison du récent rempla-

cement du support granulaire dont elle a fait l’objet.

2.2.2. Teneur en matière organique

La teneur en matière organique est peu variable entre

les points E1P1D et E1P2D d’une part, et entre les

points E1P1M et E1P2M d’autre part ; les valeurs

moyennes de chaque horizon sur le premier étage

sont donc présentées. On observe de manière globale

(figure 11) que les horizons échantillonnés présen-

tent une faible teneur en matière organique, comprise

entre 0,45 % et 20 %, excepté pour l’horizon de dépôt

de la station C (40 %). Ces valeurs sont cohérentes

avec celles données par des études précédentes fai-

sant état d’une teneur en matière organique comprise

entre 3 et 20 % [CASELLES-OSORIO et al., 2007 ;

KNOWLES et al., 2011] pour ce type d’échantillon.

Cette faible teneur en matière organique sur les FPR

provient de la minéralisation de la matière organique

au sein de ces filières de traitement. La forte teneur

en matière organique, observée pour la station C,

pourrait provenir de la présence sur cette station d’un

ouvrage de dessablage en tête (contrairement aux

autres stations de l’étude), ce qui réduit la part de 

matière minérale entrant dans la station et augmente

ainsi relativement la part organique de l’effluent 

entrant. En résumé, en calculant la moyenne des 

valeurs obtenues sur les quatre stations, on obtient

les résultats suivants : sur le premier étage de ce type

de filière, la teneur en matière organique de l’horizon

de dépôt est d’environ 18 % (17,6 ± 9,8 %), celle de

l’horizon de filtration est d’environ 2 % (1,9 ± 0,5 %).

Le dépôt d’eau usée se faisant sur l’horizon super -

ficiel, il est normal que ce dernier soit le plus riche

en matière organique. Sur le second étage, la teneur

en matière organique de l’horizon de dépôt est 

d’environ 11 % (10,9 ± 3,8 %), celle de l’horizon de

filtration est d’environ 2 % (1,8 ± 0,5 %) et celle de
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l’horizon de drainage est d’environ 1,3 % (1,3 ±

0,6 %). Là encore l’horizon sur lequel se fait le dépôt

est le plus riche en matière organique. La décrois-

sance de teneur en matière organique entre les hori-

zons superficiels et les horizons filtrants/de drainage

ainsi calculée est confirmée par les observations 

visuelles de terrain.

2.3. Effet des différents paramètres externes
On a vu que les charges de dimensionnement utilisées

sont proches des valeurs de fonctionnement pour

toutes les stations et que la surface allouée par EH

n’explique pas les variations obtenues. Il est donc

plus probable que les différences observées au niveau

de l’accumulation de boues, du colmatage des filtres

ou des plantes présentes proviennent de différences

d’exploitation ou d’incidents de fonctionnement/

exploitation au cours de la vie de la station. Cela est

notamment le cas pour la station D pour laquelle la

granulométrie est faible comparée aux recomman -

dations, ce qui a entraîné le phénomène de colma-

tage. Ou encore pour la station B, où une surcharge

hydraulique avérée entraîne un déversement anor-

malement fréquent de l’effluent par le by-pass.

Enfin, l’état des différents FPR au moment de l’étude

dépend notamment fortement de la maintenance 

réalisée sur ces stations et des conditions météorolo-

giques récentes. L’évaluation précise de la situation

nécessiterait donc un suivi plus régulier sur le long

terme.

E1D : horizon de dépôt du premier étage ; E1F : horizon de filtration du premier étage ;
E2D : horizon de dépôt du second étage ; E2F : horizon de filtration du second étage ;
E2Dr : horizon de drainage du second étage.
Figure 11. Teneur en matière organique des échantillons de terrain
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Conclusion
Quatre stations de traitement des eaux usées de type

FPRv fonctionnant selon un mode opératoire fran-

çais ont été étudiées afin d’évaluer le vieillissement

de ce type d’ouvrages après plus de 10 années de

fonctionnement. Les charges surfaciques entrantes

relevées en fonctionnement [AERM, 2013] montrent

que ces stations fonctionnent à un niveau de charge

cohérent avec celui utilisé pour le dimensionnement,

ce qui laisserait supposer a priori d’une évolution

classique pour ces stations. 

L’accumulation constatée sur les stations étudiées

confirme dans certains cas (sites A et C) le taux d’ac-

cumulation de 1,5 cm/an relevé par MOLLE et coll.

[2004]. De même, la teneur en matière organique du

granulat accumulé en surface des filtres varie entre

0,45 % et 20 %, en raison de la minéralisation de la

matière organique et de la rémanence de la matière

minérale au cours du fonctionnement de la station.

La présence d’un ouvrage de traitement primaire de

type dessableur fait cependant varier cette teneur de

manière significative pour atteindre 40 % (station C).

Les tests de curage effectués sur le terrain ont mis en

évidence une amélioration significative de la vitesse

d’infiltration, sans toutefois parvenir à retrouver la

vitesse d’infiltration initiale évaluée lors de tests en

laboratoire. Dans le cadre d’un entretien courant, il

peut donc être suffisant de retirer la couche superfi-

cielle sans toucher au granulat pour retrouver une vi-

tesse d’infiltration compatible avec un bon fonction-

nement hydraulique du filtre. Les différences de col-

matage observées entre les différents sites d’étude

semblent être principalement liées à des différences

de maintenance ou d’exploitation.
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L’effet du vieillissement sur le colmatage de
quatre stations de traitement de type filtre planté
de roseaux a été étudié sur le terrain et en labora-
toire. Il ressort de l’étude qu’un curage de la boue
déposée permet d’améliorer la vitesse d’infiltra-
tion sur le premier étage (trois cas sur quatre) et
parfois sur le second étage (deux cas sur quatre).
Le renouvellement du granulat permet lui une
augmentation de la vitesse d’infiltration d’un facteur
100 environ. Les taux d’accumulation de boue relevés
varient entre 0,7 et 1,6 cm/an sur le premier étage

des filtres. La teneur en matière organique du
dépôt varie entre 0,45 % et 20 % en fonction de la
présence d’ouvrages de traitement primaire en
amont de la station. Les différences de colmatage
observées entre les différents sites d’étude sem-
blent être principalement liées à des différences
de maintenance ou d’exploitation. L’utilisation d’un
infiltromètre double-anneau pourrait permettre
de s’assurer du bon fonctionnement hydraulique
du système et de planifier les opérations de curage
des filtres.

Résumé
Indicateurs de colmatage de filtres plantés de roseaux à écoulement vertical : étude
comparative de quatre stations de traitement après 10 ans de fonctionnement 

P. BOIS, J. LAURENT, M. NUEL, A. WANKO

A study on the effect of ageing on 4 constructed
wetlands designed for wastewater treatment is
carried out on the field and in the laboratory.
Sludge removal allows improving infiltration speed
on the first (3 out of 4 sites) and sometimes on 
the second stage (2 out of 4 sites) of the station.
Granular medium renewal enables a 100-fold 
infiltration speed increase. Sludge accumulation
rate ranges between 0.7 and 1.6  cm/yr on the 

first stage. Deposit organic matter content ranges 
between 0.45% and 20%, depending on the 
presence of primary treatment systems before 
the plant. Clogging differences that are obser -
ved seem to be mainly due to maintenance and
operation. Double-ring infiltrometer could be used
as a tool to monitor hydraulic functioning of the
system and to help planning removal sequences
on the filters.

Abstract
Vertical flow reed bed filter aging indicators: comparative study of four constructed

wetlands after ten years of operation 

P. BOIS, J. LAURENT, M. NUEL, A. WANKO

Logiciel 3R 2014
Les nouvelles recommandations pour le dimension nement de
la réhabilitation par chemisage et tubage des réseaux d’assai-
nissement sont disponibles.
Ce logiciel permet la vérification du dimensionnement mécanique,
selon ces techniques, d’ouvrages (cir culaires ou non) en tenant
compte de trois états de dégradation de l’existant.
Il comprend :

• Un manuel d’utilisation ;
• Le texte de la méthode ;
• Cinq modules de dimensionnement mécanique : chemisage

circulaire, tubage circulaire, chemisage non circulaire, tubage
(avec coulis) non circulaire, tubage avec enroulement hélicoïdal ;

• Un module de dimensionnement hydraulique.

Ce logiciel comprend : le manuel d’utilisation, le texte de la méthode de dimension nement,
5 modules de dimensionnement mécanique (chemisage circulaire, tubage circulaire, chemi-
sage non circulaire, tubage (avec coulis) non circulaire, tubage (avec enroulement hélicoïdal)
et 1 module de dimensionnement hydraulique.

Commandez-le sur http://www.astee.org/production/logiciel-3r-2014/
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Abstract. As urban populations grow and the need for sustainable water treatment increases, urban
constructed treatment wetlands (CTWs) are increasingly being used and studied. However, less is known
about the effectiveness of this “turquoise infrastructure” in arid climates. In a recent publication, we
presented evidence of plant-mediated control of surface hydrology, using a water budget approach, in a
CTW in Phoenix, Arizona, USA. We also demonstrated how this transpiration-driven wetland surface flow
made this treatment marsh more effective at pollutant removal than its counterparts in cooler or more
mesic environments. Water budget-based calculations estimated that nearly 20% of the water overlying the
marsh was transpired daily by the plants (40–60 L!m"2!d"1) during the hottest summer months. We
estimated the associated water velocity to be about 40 cm/h. In this paper, we report on hydrodynamic
experiments that confirmed the existence of this phenomenon that we refer to as the “Biological Tide,”
and verified the rate at which transpiration by the marsh vegetation moves surface water into the
biogeochemically active marsh. We combined a water budget-based approach and dye tracer experiments
to quantify and confirm this phenomenon. Because of the low velocities estimated from our water budget
approach (a few cm/h), we used a fixed-wall flowthrough marsh flume to limit the lateral dye movement
during the tracer experiments. We measured actual flow rates of 7–50 cm/h (with 5–8% precision) during
these experiments, which closely conformed to the values estimated from our water budget-based
approaches. The flow was largely dispersive due to the extensive impedance imparted by dense plant
stems in the marsh. From these summer flow rates, we calculated that residence time of the water
overlying the marsh in this CTW averaged about 13 d, but could be as low as four days. Again, these
values were reasonably close to the 15–20% replacement rate for marsh water we estimated using the water
budget approach. This is the first time, to our knowledge, that plant-mediated biological control of surface
hydrology in a wetland, without connection to groundwater, has been reported.

Key words: constructed treatment wetland; dye tracer experiment; ecological engineering; transpiration; urban
sustainability; wastewater treatment.
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INTRODUCTION

Humans are becoming an increasingly urban
species: Since 1900 the proportion of people living
in cities has increased from 10% to over 50% glob-
ally, and will likely be 80% by 2050 (Grimm et al.
2008). In the last 100 yr, many cities have trans-
formed into “sanitary cities,” with highly central-
ized, capitalized, and expensive infrastructure
designed to keep inhabitants healthy (Melosi
2000, Grove 2009). Often this infrastructure has
imparted large systemic inertias on cities that hin-
der novel or transformative new solutions to
growing problems (Childers et al. 2014). Still,
there are many ways to design urban infrastruc-
ture so as to optimize key ecosystem services by
using “design with nature” approaches that make
cities more resilient and sustainable (Pickett et al.
2013). When these urban designs incorporate ter-
restrial ecological features, they are typically
called “green infrastructure,” while “blue infras-
tructure” refers to aquatic systems. One example
of “designing with nature” is the increasing use of
constructed treatment wetlands (CTWs) as part of
urban wastewater treatment in place of expensive
and energy-intensive treatment technologies. Wet-
lands have both terrestrial and aquatic ecological
characteristics, and because of the color that
results when green and blue are mixed, we refer
to such urban wetlands as “turquoise infrastruc-
ture” (Childers et al. 2015).

Constructed treatment wetlands are a rela-
tively low cost and low maintenance solution to
urban wastewater and water reclamation chal-
lenges (Wallace and Knight 2006, Nivala et al.
2013). Most CTWs are designed to “polish” par-
tially treated municipal effluent with a mix of
open water areas, macrophytic vegetation, and
waterlogged soils (Fonder and Headley 2013).
Designs are often highly dependent on local or
regional variables, including water quality regu-
lations and site-specific conditions (Fonder and
Headley 2010, Tanner et al. 2012), and rely on
different flow types (subsurface [SSF] vs. free
water surface [FWS] flow). While CTWs may be
relatively similar in design and expectations, par-
ticular attention must be paid to the way these
systems function in different climatic settings.

Arid environments make up more than 30% of
the earth’s land surface, and cities in these regions
increasingly face water scarcity issues. To address

these issues, many are turning to the reuse of trea-
ted municipal effluent for various urban uses
(Greenway 2005), but the challenge is that
reclaimed water used in densely populated areas
must be clean. Notably, in the aridland city of
Phoenix, Arizona, USA—where we conducted the
research reported here—virtually all municipal
effluent is reused (Metson et al. 2012), and the
only real export of water from the city is to the
atmosphere. Constructed treatment wetlands are
a viable “design with nature” solution, but build-
ing these wetlands in hot, arid cities such as Phoe-
nix may expose them to unique challenges
associated with large losses of water via evapora-
tion and plant transpiration. With this in mind,
since summer 2011 we have been quantifying
these water fluxes in a CTW operated by the City
of Phoenix Water Services Department while also
measuring wetland plant biomass and estimating
the whole-system water and nutrient budgets
(Sanchez et al. 2016, Weller et al. 2016). Our objec-
tive has been to understand the effect of atmo-
spheric water losses on the whole-system water
budget and on the ability of this CTW to remove
nitrogen from wastewater effluent. We found
large losses of water from the emergent marshes
via plant transpiration during the hot, dry sum-
mer months—as much as 20–25% of the water
overlying the vegetated marsh daily—and we
identified a horizontal advection of surface water
from nearby open water areas as the only way to
replace this transpired water. We call this phe-
nomenon a “biological tide” (hereafter Biological
Tide; Sanchez et al. 2016), which is a different phe-
nomenon from evapotranspiration-driven move-
ments of shallow groundwater (White 1932, Bauer
et al. 2004, McLaughlin and Cohen 2014). Transpi-
ration-driven movement of shallow SSF water has
been documented in a number of wetlands,
including with tree islands in the Okavango Delta
in Botswana (Bauer-Gottwein et al. 2007, Ramberg
and Wolski 2008) and in the Florida Everglades
(Bazante et al. 2006, Troxler-Gann and Childers
2006, Sullivan et al. 2014). However, to our knowl-
edge, this is the first time that biotic control of sur-
face hydrology has been demonstrated in any
wetland. In this paper, we present data from two
different approaches that independently corrobo-
rated this plant-driven movement of water into a
CTW marsh, verifying that this unique, never-
before-described phenomenon exists.
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Furthermore, this plant-mediated Biological
Tide is actually increasing the nutrient removal
efficacy of the CTW we studied: The vegetated
marsh consistently removed virtually all of the
inorganic nitrogen (N) made available to it,
despite high rates of transpirational water loss
(Sanchez et al. 2016). By bringing additional water
and solutes into the vegetated marsh and its soils,
from adjacent open water areas, the Biological
Tide actually enhanced the ability of the marsh to
remove N relative to CTWs found in cooler or
more mesic settings (Sanchez et al. 2016).

The objective of this work was to measure
actual surface water flow within the marsh and to
compare these flow rates to those estimated using
our transpiration-based water budget calcula-
tions. Often water flow measurement experiments
conducted in wetlands include the entire system
or flow rates on the order of cm/s (Leonard and
Luther 1995, Leonard and Croft 2006). In this case,
though, the spatial scale of our experiment was
small and the magnitude of expected velocities
was very low—a few cm/h. These challenges
required a different methodological approach.
One of the easiest ways to measure water veloci-
ties is with a flowmeter, but this technique will
not work at low flow velocities (~0.4 cm/s)
because of inappropriate detection limits. Doppler
velocimetry is an alternative, but Doppler
flowmeters typically require a minimum water
depth on the order of 0.25–0.5 m (Meselhe et al.
2004), and the water overlying vegetated wet-
lands is often shallower than this. Plant stems also
interfere with the propagation of the acoustic sig-
nal, making Doppler results from vegetated wet-
lands difficult to obtain or analyze. In our CTW
study site, water depths in the vegetated marsh
averaged roughly 0.25 m, plant densities and pro-
ductivity were high (Weller et al. 2016), and by
our estimates, the Biological Tide flowed at only a
few cm/h. Therefore, the only viable technique for
documenting this flow was a tracer experiment.

The application of tracer studies to wetlands is
not new (Bowmer 1987). Such tracer experiments
have been used to calibrate hydrodynamic mod-
els of secondary and tertiary treatment wetlands
(Giraldi et al. 2009, Laurent et al. 2015), to study
on the effects of vegetation on flow dynamics
(Bodin et al. 2012), to study internal wetland
flows (Williams and Nelson 2011), and to examine
the influence of water flow on CTW capacity

(Worman and Kronnas 2005). Measuring water
flow with tracers generally involves either direct
water sampling or image recording. Either
approach is relatively straightforward, and both
are adapted to the low velocities that characterize
vegetated environments (Meselhe et al. 2004).
These very low flow rates create another compli-
cation, though: Lateral dispersion of the tracer
may exceed directional advective–dispersive flow,
decreasing our ability to longitudinally detect the
tracer signal. To overcome this challenge, we
added to our experimental design a fixed-wall
flowthrough marsh flume to contain the dye
tracking the Biological Tide flow within the vege-
tated marsh (for flume details, see Childers and
Day 1988, 1990a, b, Childers 1994, Bouma et al.
2007, Harvey et al. 2011, Chang et al. 2015).

METHODS

Site description
This work was conducted at a CTW associated

with the largest wastewater treatment plant in
Phoenix, Arizona, United States. We have focused
our work on a 42-ha wetland that is part of this
CTW, half of which is fringing vegetated marsh
and half of which is mostly open water with sev-
eral small upland islands (Fig. 1). The CTW is
bounded by levee roads; it received from 95,000
to over 270,000 m3/d of effluent, depending on
the time of year. Water depths in the fringing
marshes were consistently about 25 cm, while
open water depths were 1.5–2 m; these depths did
not vary because of the way water was managed
in the system. The marshes were vegetated by
seven emergent wetland species that are native to
Arizona: Typha latifolia, Typha domingensis, Schoeno-
plectus acutus, Schoenoplectus americanus, Schoeno-
plectus californicus, Schoenoplectus maritimus, and
Schoenoplectus tabernaemontani (Weller et al. 2016).

Plant transpiration measurements
We measured plant transpiration on a bi-

monthly schedule (January, March, May, July,
September, and November), beginning in July
2011, using a LI-6400XT handheld infrared gas
analyzer (LI-COR, Lincoln, Nebraska, USA). Leaf-
level, plant-specific transpiration measurements
were taken on individual T. latifolia, T. domingensis,
S. acutus, S. americanus, S. californicus, and S. taber-
naemontani plants along 10 transects evenly spaced
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around the fringing vegetated marsh, as well as
along vertical (water surface to plant tip) and tem-
poral (morning to afternoon) gradients (see Weller
et al. 2016 for details on the experimental design).
We used custom-made foam pads to create an air-
tight seal on the IRGA sampling chamber and to
minimize plant damage when plant stems were
thick or round, such as with Schoenoplectus plants.
The IRGA also made measurements of ambient
atmospheric conditions, including photosyntheti-
cally active radiation (PAR), air temperature, and
relative humidity (see Sanchez et al. 2016 for sam-
pling details).

We scaled these instantaneous leaf-level tran-
spiration rates to whole-system transpiration
volumes by relating the IRGA data to key whole-
system datasets. Leaf-level transpiration rates
were scaled across space with our bi-monthly
estimates of whole-system species-specific macro-
phyte biomass (Weller et al. 2016, see Plant
biomass measurements for more details). We used
hourly meteorological data provided by the City
of Phoenix, from an on-site meteorological station,
to scale leaf-level transpiration rates in time,
accounting for water losses when we were not
sampling (Sanchez et al. 2016).

Transpirational water losses estimated since
summer 2011 followed a strong seasonal pattern,
with the greatest rates in July, when plant biomass,

air temperature, and PAR were at annual maxima
(Sanchez et al. 2016, Weller et al. 2016). It would
follow that the plant-mediated Biological Tide
would thus be strongest during the summer. As
such, we conducted this study in July of 2014 and
2015. We used a water budget approach to esti-
mate the magnitude of the Biological Tide that
involved estimating the total volume of water
overlying the vegetated marsh, accounting for
volume displaced by standing live plants, and
comparing this to bi-monthly transpirational water
losses from July 2011 through September 2015.

Plant biomass measurements
We used bi-monthly estimates of live plant bio-

mass to scale our leaf-specific plant transpiration
measurements to the entire 21 ha of marsh. To
quantify whole-system biomass, we developed
phenometric models that allowed us to non-
destructively estimate live biomass for all plant
species using simple allometric measurements
made in the field (Daoust and Childers 1998,
Childers et al. 2006). Every two months, we mea-
sured all of the plants in five 0.25-m2 quadrats
that were randomly located along each of the 10
marsh transects, for a total of 50 0.25-m2 quad-
rats sampled (Weller et al. 2016). We used simple
linear interpolation to extrapolate plant biomass
between bi-monthly samplings, producing daily

Fig. 1. Aerial image of the 42-ha Tres Rios constructed treatment wetland. White lines are the locations of the
10 marsh transects (each 50–60 m long), and blue arrows show the water inflow and outflow points. The star
indicates where the July 2015 controlled-flow dye study was conducted.
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estimates of live macrophyte biomass from July
2011 through September 2015. Because the phe-
nometric biomass models were not statistically
different for T. latifolia and T. domingensis or for
S. acutus and S. tabernaemontani, we combined
these pairs of species into two species groups for
calculations and analysis (Weller et al. 2016).

Summer 2015 dye tracer experiment
The summer 2015 Rhodamine dye tracer exper-

iment was centrally located in our 42-ha study
area (see white star on Fig. 1). We temporarily
installed a fixed-wall flowthrough flume (2 m
wide, 16 m long, 0.5 m high; Fig. 2) in the marsh,
oriented perpendicular to the marsh–water inter-
face and located approximately 10 m into the veg-
etated marsh. The walls were made from clear
high-gauge plastic sheeting with metal chain
hemmed into the bottom edge to hold the walls
against the soil surface. The walls were held up
with PVC poles located every 2 m.

We deployed five autosamplers (ISCO 6700)
close to the flume on an existing boardwalk
(Fig. 3). Sampler tube intakes were installed in the
center of the flume 1, 3, 5, and 7 m inland from
the Rhodamine dye injection point. One-liter sam-
ples were collected by the autosamplers at approx-
imate half-water depth (i.e., ~12 cm from the
bottom) either every 30 min or every hour over
two-day experimental runs. The amount of water
collected in these samples was negligible relative

to the volume of water in the flume. We used a
30-min sampling time interval for the 1-m location
to enhance measurement resolution. Two dye
experiments were run a week apart, which
allowed all residual Rhodamine to dissipate
between the experiments. In the first experiment,
we used 5 g Rhodamine B dye tracer powder
(Fisher Scientific, Bridgewater, New Jersey, USA),
while in the second we used 1 g. We made 1 L
dye solutions on site using Tres Rios water, and
the dye was gently injected into the marsh water
at the injection point (Fig. 3).

Sample preparation and fluorescence analysis
Concentrations of Rhodamine B dye are easily

determined using excitation fluorometry. We ana-
lyzed all samples on a Fluoromax 4 fluorometer
(Horiba, Kyoto, Japan) after first diluting all sam-
ples (field samples and calibration solutions) ten-
fold with distilled water to avoid sensor saturation.
The pH of Tres Rios water was effectively neutral
and was stable (7.3 # 0.1 SE), minimizing this pos-
sible source of fluorescence variation (Smart and
Laidlaw 1977). Excitation and emission wave-
lengths were determined by recording the optimal
response curve on an excitation–emission wave-
length scan; we used an excitation wavelength of
546 nm and an emission wavelength of 590 nm.
We also controlled for any possible background
fluorescence in ambient Tres Rios water (e.g., by
dissolved organics) by running field water blanks.

Fig. 2. Schematic of the temporary fixed-wall flowthrough marsh flume design, as modified from the approach
used by Davis et al. (2001a, b).
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Data analysis
We observed a low level of background fluores-

cence (due to the presence of dissolved organic
matter), and we systematically accounted for it by
subtracting the fluorescence values from the field
water blanks from the sample signals. The resulting
dye tracer breakthrough curves (BTCs) were used
to compute residence time distribution (RTD)
curves (Eq. 1, Table 1). The nth moments of the
RTD curve (

R tf
t0 EðtÞ & tn & dt) allowed us to subse-

quently determine the characteristics of the flow:
The first moment (n = 1) corresponded to the mean
residence time !t (or MRT; Eq. 2, Table 1) and the
second central moment (n = 2) corresponded to r2,
where r is the standard deviation (Eq. 3, Table 1).

We computed three different velocities:

1. The maximum velocity was based on the
time when the first significant fluorescence
signal appeared. It was computed as the ratio
between the sampler position to the injection

point and this first signal time of appearance.
We calculated the associated precision with
the time span between two samples (i.e., 0.5
or 1 h depending on the location);

2. The local mean velocity was computed as
the ratio between the sampler position to
the injection point and the mean residence
time !t (Eq. 4, Table 1);

3. The flume mean velocity was obtained by
averaging the local mean velocities (when
they could be computed) of the different
sampling points for a given experiment.

Water displacement has three important char-
acteristics: advection, dispersion, and diffusion.
Advection is the global movement of the fluid
particles due to the mean velocity. In cases where
multiple flowpaths are possible, different veloci-
ties may result when different flowpaths are
followed: This is dispersion. The third mecha-
nism, diffusion, results from thermal movement

Fig. 3. Experimental design, including the approximate location of the 2 9 16 m flume (shown as “fixed-wall
flume”) adjacent to a boardwalk (left) and within the 50 m wide marsh. Sampling pipes allowed the autosam-
plers to collect water from within the flume without any disturbance of the marsh or soils during the experiment.
The purple star indicates the dye tracer injection point.
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of molecules and is isotropic. For Rhodamine B,
diffusion-induced displacement would be around
1 mm/h (Gendron et al. 2008) and was thus con-
sidered to be negligible in our case (see Results).
To further characterize the flow within the marsh,
we estimated the dispersive flow (Levenspiel
1998) by computing the Peclet number, a dimen-
sionless number equal to the ratio of advective to
dispersive flow (Pe ¼ ðU & LÞ=D), where U and L
are the typical velocity and magnitude of the flow,
and D is the dispersion coefficient of the flow
(Kadlec and Wallace 2009). The higher the Peclet
number, the more advection dominates the flow
(see Results section for the threshold values). The
Peclet number can be computed from the value of
the standard deviation r (as defined above). The
exact formulation of the equation linking the Pec-
let number and this variance depends on the
boundary conditions of the experimental system
—in this study, we used the formulation adapted
to an open inflow–open outflow channel (Eq. 5,
Table 1), which fits the flowthrough marsh flume
that we used.

As we noted above, we ran two independent
dye study experiments in July 2015, using the
marsh flume. These were started at two different
times: In the first, we injected the dye at 9 a.m.
and the experiment ran for 24 h (Experiment 1),
while the second was started at 4 p.m. and the
experiment ran for 40 h (Experiment 2). These
starting times were chosen to, respectively, cover
day–night and night–day succession, in an attempt
to differentiate any potential diurnal dynamics.

Velocities comparison
As an extension of our earlier work, we used

our transpiration-based water budget to estimate

Biological Tide water velocities in the marsh
based on daily volumes of marsh water that
must be replaced due to transpirational losses
(Sanchez et al. 2016, Eq. 6, Table 1). We applied
this same water budget approach to the 32 m2 of
marsh contained within our fixed-wall flume
after measuring plant biomass and transpiration
rates in the flume immediately after the dye
experiments were completed. Using the flume
cross section (Sflow-through), we estimated a Bio-
logical Tide water velocity mBiological Tide within
the flume (Eq. 7, Table 1) using the same transpi-
ration-based water budget approach. The Rho-
damine dye measurements, however, were a
direct measure of surface advective velocity
(mmeasured Biological Tide), which we compared with
the two transpiration-based water budget esti-
mates. Notably, the degree of coherence among
these three independent flow rate values also
served to validate our whole-system water bud-
get calculations and estimates (sensu Sanchez
et al. 2016).

RESULTS

We adopted a three-pronged approach in this
work, based on a whole-system water budget, a
flume water budget, and a dye tracer experiment.
In this part of the study, we will start by presenting
the results of the global evapotranspiration mea-
surements and the related Biological Tide calcula-
tions, subsequently converting them into hydraulic
residence time and velocity. We will then present
the calculations and results similarly obtained with
the second approach. Finally, we will present the
results of the dye tracer experiments, calculating
velocities, and characteristic parameters of the flow.

Table 1. Summary of the formulas and equations used.

Eq. no. Parameter Symbol Unit Formula

(1) Residence time distribution E(t) h"1
EðtÞ ¼ CðtÞR tf

t0
CðtÞ&dt

R tf
t0 EðtÞ & dt ¼ 1

! "

(2) Mean residence time !t h !t ¼
R tf
t0 EðtÞ & t& dt

(3) Standard deviation r h r ¼
ffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiR tf
t0 EðtÞ & ðt"!tÞ2 & dt

q

(4) Local mean velocity !V cm/h !V ¼ DX
!t

(5) Peclet number Pe – r2

!t2 ¼ 2
Peþ

8
Pe2

(6) Transpiration flow QET m3/h QET ¼ VET=ttranspiration
(7) “Biological Tide” velocity mBiological Tide cm/h mBiological Tide ¼ QET=Sflow"through

Notes: t0, starting time of the experiment. tf, ending time of the experiment.
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Plant transpiration and Biological Tide calculations
Whole-system biomass and transpiration val-

ues for the study period (summer 2015) were
consistent with annual and inter-annual trends
that we have observed since July 2011, as
reported in Sanchez et al. (2016) and Weller et al.
(2016). Average aboveground biomass in July
2015 was 1462 # 152 (SE) g dw/m2. Across the
21-ha marsh, this equated to a total biomass of
332 MTdw (Fig. 4). Typha spp.was the dominant
macrophyte across the wetland and at the site of
our controlled-flow dye experiment; it repre-
sented 89% of the July 2015 biomass. The total
whole-system plant transpiration in July 2015
was 194,580 m3/month, or 2.7 cm/d (Fig. 4).
While this was lower than the 343,760 m3/month
that we estimated for July 2011, these transpira-
tion rates were still markedly higher than rates
reported for wetlands in more mesic or temper-
ate climates (Sanchez et al. 2016).

We calculated transpiration-based estimates of
the magnitude of the Biological Tide phe-
nomenon (Sanchez et al. 2016) as the fraction of
water overlying the marsh that was lost every
day via plant transpiration—and that thus
needed to be replaced by surface water move-
ment into the marsh from adjacent open water

areas (Fig. 5). This renewal rate varied from 1%
to 5% during colder winter months, when whole-
system transpiration losses were approximately
500–1500 m3/d, equivalent to 0.2–0.6 cm/d, to as
high as 15–20% during the hot, dry summer
months, when transpirational losses were 9000 to
over 12,000 m3/d, equivalent to 3.8–5.1 cm/d
(Fig. 4). It follows that, in the summer, hydraulic
residence times of water overlying the vegetated
marsh were likely 5–6 d or less. Our marshes are
roughly 50 m wide, so replacing 20% of the over-
lying water every day can be equated to a daily
horizontal flow rate of about 10 m/d, or about
42 cm/h. We further note that these values are
conservative, as they do not account for the vol-
ume of water displaced by extensive dead and
thatched vegetation on the marsh. We did
account for the volume of standing live plant
stems that displace marsh water; without sub-
tracting that stem volume, the volume of water
overlying the marsh (to a mean depth of 0.25 m)
would be 52,500 m3.
We used this same transpiration-driven water

budget approach to estimate flow rates within
the 16 9 2 m fixed-wall flume, which held
roughly 5.94 m3 of water—maximal because we
did not account for the displacement volume of

Fig. 4. Aboveground plant biomass and monthly total whole-system transpiration data from July 2011
through September 2015, including July 2015 when the controlled-flow dye experiment took place.
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dead plant litter (wrack) or non-emergent aqua-
tic vegetation (Hydrocotyl sp.). In July 2015, the
32 m2 of marsh within the flume contained
30.3 kg dw of Typha sp. biomass that transpired
68 L/h (0.95 m3/d or 3.0 cm/d) of water (taking
into account 14 h of sunlight/d)—16% of the
maximal volume of water within the flume. To
replace this daily transpirational loss, new water
would have had to flow into the flume at a rate
of 2.57 m/d or 11 cm/h.

Dye experiments
Considering that (1) the water flow cross sec-

tion within the flume was quite large compared
with the tubing section of the autosampler and
(2) the fixed walls of the flume were not impervi-
ous at the bottom, it was clearly very difficult to
achieve a high tracer mass recovery. Neither a
high recovery rate, nor the knowledge of the full
RTD was the primary goal of this present work,
though. We performed our calculations on the
basis of the obtained BTCs (available in
Appendix S1), which represent the fraction of the
tracer mass we recovered. We got around 1%
mass recovery for Experiment 1 and between 4%
and 12% mass recovery (around 12% for the 1-m,
5% for the 3-m, and 4% for the 5-m sampling
point) for Experiment 2. This low recovery rate
had no impact on the data analysis in this study
and the conclusions that are drawn, since the

BTCs at the different sampling points gave valu-
able information.
For Experiment 1, we only calculated maxi-

mum velocity (see Discussion). For Experiment 2,
the dye peak progressed down the flume in a
predictable way, demonstrating that water was
clearly, if slowly, advecting/dispersing into the
marsh (Fig. 6). Additionally, the down-flume
progression of the peak, from the marsh–open
water interface toward the shore, confirmed the
expected direction of water movement. In the
first experiment, we calculated a high flow rate,
200 cm/h or 48 m/d, at the 1-m sampling location
(Table 2). Otherwise, maximum velocities for
both experiments ranged from 29 to 50 cm/h, or
7 to 12 m/d. The precision for these values was
5–8%. We found that the corresponding local
mean velocities at the specific sampling points
ranged from 7 to 25 cm/h (Table 2). The resulting
flume mean velocity for this experiment was
16 cm/h, corresponding to 3.8 m/d.
In addition to advection, water flow is also

characterized by dispersion and diffusion, and in
low-flow situations where there are obstacles to
flow—such as our marsh—dispersion may be a
large component of flow. A simple measure of
dispersion is the degree to which the fluores-
cence peaks widen and their tail increases with
distance—and thus time—from the injection
point. We found that the dispersion of the curves

Fig. 5. Monthly average (#SE) fraction of the water overlying the marsh that was transpired daily from July
2011 through September 2015. Red circles represent months where transpiration was measured but could not be
temporally scaled because of missing meteorological station data (see Sanchez et al. 2016 for details). Blue circles
represent the percentage of marsh water transpired daily.
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increased over distance (Fig. 6), demonstrating
that the Biological Tide flow was (to a certain
extent) dispersive. We were able to calculate Pec-
let numbers for only Experiment 2, because the
calculation method required the use of the mean
residence time, which we lacked for Experiment
1. One meter away from the injection point, the
Peclet number was 6.2. Three and 5 m away
from the injection point, its value was 12 and 13,
respectively. As the characteristic length (L) and
velocity (U) of the flow are 10 m and 16 cm/h
(i.e., 4.4 9 10"5 m/s), the dispersion coefficient
(U & L=Pe) for the flow ranges from 3.4 9 10"5

to 7.2 9 10"5 m2/s. Finally, the recorded maxi-
mum velocities based on the fluorescence peaks
observed at the 5-m sampling point were close to
each other for both experiments (50 # 2.8 and

45 # 2.3 cm/h; Table 2), but not at the 1-m sam-
pling point (200 and 29 # 2.4 cm/h; Table 2).
Based on these values, the difference between day
to night (Experiment 1) and night to day (Experi-
ment 2) flow rates were minimal, but additional
experiments are needed to conclude this.

DISCUSSION

We propose to compare the velocity of the
Biological Tide with the velocities encountered in
other wetlands, showing the relative magnitude of
this phenomenon. We will then focus on the flow
characteristics, especially its velocity range and
dispersion features, providing comparison with
the literature to situate the Biological Tide among
the other types of flows already documented in

Fig. 6. Fluorescence curves for Experiment 2. Red circles (curve “1 m”), green triangles (curve “3 m”), and
blue diamonds (curve “5 m”), respectively, represent the fluorescence at 1, 3, and 5 m from the injection point.

Table 2. Parameters calculated from the dye tracer experiments.

Experiment
Distance from

injection point (m)
MRT
(h)

Standard
deviation r (h)

Maximum
velocity (cm/h)

Local mean
velocity (cm/h)

Flume mean
velocity (cm/h)

Peclet
number (–)

1 1 na na 200 na na na
5 na na 50 # 2.8 na na

2 1 15 11 29 # 2.4 7 16 # 5 6.2
3 19 9 33 # 2.1 16 12
5 20 9 45 # 2.3 25 13

Notes: MRT, mean residence time. Local mean velocity is defined as the ratio of the sampler position (i.e., distance from
injection point) to the mean residence time for a given sampler (Eq. 3, Table 1). The flume mean velocity is defined as the aver-
age of all local mean velocities for a given experiment.
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wetlands. A discussion about the relevance of the
triple approach chosen in this study will follow,
and we will conclude this part of the study by
advancing management considerations involving
comparison with wetlands displaying similar
hydrodynamic features (namely velocity) or
purposes (namely FWS CTW).

Marsh water velocity
The surface flow rates that we calculated from

our July 2015 tracer experiments ranged from 29
to 45 cm/h. Using plant biomass and transpiration
data from July, we estimated flow rates up to
about 40 cm/h using our water budget approach.
When we applied this same budget approach to
the marsh within our 2 9 16 m fixed-wall flume,
we calculated a conservative flow rate estimate
of 11 cm/h. While these three independent
approaches did not generate the same velocity, the
estimates are reasonably close to each other and
are thus believable. We found only one study
where such low velocities have been reported:
Kaplan et al. (2015) measured comparable surface
flow velocities of 15–147 cm/h in a small (1.5 ha,
9000 m3) vegetated tropical wetland that had an
average water residence time of 90 d (Kaplan
et al. 2011). By comparison, our Tres Rios CTW
system was 42 ha in size—21 ha of which was
vegetated marsh—held approximately 357,500 m3

of water, and had a four-day design residence
time. Our marsh surface flow velocities were
much lower than those reported by Leonard and
Luther (1995) for a tidal marsh in Florida—from 2
to 10 cm/s—although it is worth noting that tidal
or gravity-based energy produced the currents in
their tidal marsh, whereas plant transpirational
water loss was the energy driving the Biological
Tide in our CTW system. Regardless, there is con-
siderable evidence that emergent vegetation in
wetlands reduces both flow rates and turbulence
(Leonard and Croft 2006).

The fluorescence value reached at the end of
the Experiment 1 was too far from the baseline to
compute the mean velocity value, unlike in
Experiment 2. Indeed, the definition of a mean
velocity implied that we were able to define the
end point of the experiment (corresponding to
the time when the fluorescence values return to
background); this is a requirement to compute
the MRT (Eq. 2, Table 1) and subsequently the
local mean velocity (Eq. 3, Table 1).

The magnitude of the Biological Tide means that
the renewing water will cover the marsh width
(50 m) in approximately 13 d, based on the flume
mean velocity (16 cm/h), but only 4.2 d for the
fastest moving water parcels (50 cm/h). These
maximum velocities (from 29 to 50 cm/h, Table 2)
are the result of differential advective flow paths,
characteristic of this dispersive flow. The Biological
Tide is thus an advective–dispersive flow. The Pec-
let number was, in all cases, below the threshold
value of 100 (Table 2), indicating that the flow we
measured was largely dispersive (Levenspiel
1998). This can be explained by the high density
and irregularity of plant stems within our marsh
flume—almost 60% of flume surface and 2.4% of
total water volume in the flume were occupied by
live emergent plant stems—and more generally
across the marsh. This leads to a multitude of pos-
sible flow paths for the water, which creates dis-
persion. This phenomenon has been documented
in other wetland settings, including in other free
surface water vegetated wetlands similar to our
CTW (Keefe et al. 2004, Lightbody and Nepf 2006,
Laurent et al. 2015). In our experiments, the disper-
sion coefficient ranged from 3.4 9 10"5 to 7.2 9
10"5 m2/s, which is lower than previously encoun-
tered values: Coefficients between 1.3 9 10"4 and
6.3 9 10"4 m2/s, 0.016 and 0.18 m2/s, 2.5 9 10"3

and 2.1 9 10"2 m2/s were, respectively, computed
by Keefe et al. (2004), Variano et al. (2009), and
Kaplan et al. (2015). This is most likely due to the
lower velocities we observed in the Tres Rios
marsh, as the Peclet numbers were quite similar
among the aforementioned wetlands (respectively,
around 30, 6–41 and 4–8).
The precision of our flow measurements

ranged from 5% to 8%, which is reasonable for a
field experiment under low velocity conditions.
By comparison, the precision of most flowmeters
and velocimeters is 2–20%. This precision and
technical limitations (e.g., detection limit, mea-
surement difficulty in a densely vegetated
marsh) confirmed that a dye tracer experiment
was the best way to measure the actual flow rates
of the Biological Tide.

Comparison of transpiration-based water budget
estimates and dye study results
We compared our water budget-based esti-

mates of water replacement rates (Fig. 4) with
water flow and replacement rates based on the
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controlled-flow dye study conducted in July 2015
(Table 2). From transpiration calculations, we
estimated a water velocity of 35–42 cm/h for a
50 m wide marsh in mid-summer, and a water
residence time of 5–6 d for the water overlying
the marsh (Fig. 5). The Rhodamine dye
experiments confirmed velocities ranging from
25 cm/h (local mean velocity) to 45 cm/h (maxi-
mum velocity). The coherence between these two
independent flow rate calculations is strong. As
yet another methodological check, immediately
after the dye experiment ended we also mea-
sured plant biomass and transpiration rates for
the marsh within the 2 9 16 m fixed-wall flume
itself, and used our water budget approach to
estimate a replacement rate for the water in the
flume. We estimated transpirational water loss
within the flume area as roughly 950 L/d, or (a
conservatively calculated) 16% of the total water
volume within the flume. By extrapolation, we
estimated that the rate of water flow that would
be needed to replace this 16% loss, if the flume
was closed at the downstream end, was 11 cm/h.
This flume-specific water budget-based flow esti-
mate is lower than, but still aligns reasonably
well with, both our long-term whole-system
transpiration-based estimates and the actual flow
rates that we measured from the controlled-flow
dye study.

Management considerations
Our five years of research at the Tres Rios

CTW has documented that the most biogeo-
chemically active zone of the system is the vege-
tated marsh (Sanchez et al. 2016, Weller et al.
2016). This is not surprising. But the manage-
ment implications are important—if inorganic
nitrogen, and presumably many other contami-
nants, gets into the marsh proper, they are effec-
tively removed from the water (Weller et al.
2016). But the design water residence time for the
entire 42-ha system, only 21 ha of which is vege-
tated marsh, is only four days, and it is likely
that a considerable amount of the water entering
the system leaves four days later without ever
coming into contact with the biogeochemically
active marsh. The high rates of summer water
loss via plant transpiration, and the Biological
Tide that is being driven by this, move more
water and nitrogen into the marsh from the open
water areas than would happen in a similar

CTW in a cooler or more mesic climate. Thus, the
biotically mediated surface hydrologic phe-
nomenon that we have documented here, for the
first time, is actually increasing the effectiveness
of this CTW, simply because it is located in a hot,
dry climate. Because of this, we would recom-
mend a design for CTW in hot arid climates that
either increases the relative area of vegetated
marsh or increases the hydraulic likelihood that
any given parcel of water in the system will come
into contact with vegetated marsh.
Another design recommendation also focuses

on water residence time. To demonstrate the
potential importance of this hydraulic character-
istic, we compared data from our CTW with sim-
ilar values from a natural wetland located in the
tropics (Costa Rica). The mean water residence
time in natural La Reserva wetland was 100 d
compared with 4 d in the Tres Rios CTW
(Kaplan et al. 2011). This difference is largely
because the water outflow rate at the latter was
much higher (Table 3). One could expect that the
higher water residence time in the La Reserva
wetland would result in a higher nutrient uptake
efficiency. However, the nitrogen removal effi-
ciency of the La Reserva system (51–98.5%) was
only double that of the Tres Rios CTW (22–48%,
see Sanchez et al. 2016). If the Tres Rios CTW
was designed for a longer whole-system water

Table 3. Comparison of hydraulic characteristics
between a constructed treatment wetland (Tres Rios)
and a natural wetland (La Reserva; Kaplan et al.
2011, 2015).

Parameters TR LR
TR/LR
Ratio

Average outflow
(m3/h)

5000 6.25 # 3.31† 523–1700

Volume (m3) 351,500 7400–10,000† 35–48
Whole-system
residence time (d)

4 30–110† 0.036–0.13

Marsh velocity
(cm/h)

16 25–110‡ 0.15–0.64

Marsh width (m) 50 – –
Marsh residence
time (d)

13 100† 0.13

Note: TR, Tres Rios wetland; LR, La Reserva wetland.
† Values from Kaplan et al. (2011). Intervals shown are

95% confidence intervals.
‡ Values from Kaplan et al. (2015). The lowest value corre-

sponds to the wetland western average velocity; the highest
one corresponds to the wetland eastern average velocity.
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residence time, in conjunction with a physical
design that allowed for more water contact with
the vegetated marsh—and perhaps a higher
marsh/open water ratio—we predict that its
whole-system nutrient uptake efficiency, which
is different from the marsh-specific uptake effi-
ciency of nearly 100%, would be considerably
higher.

Finally, in order to enlarge the comparison
with systems sharing the same purpose and
hydrological type, we put in perspective the
removal efficiency of our wetland with a litera-
ture review of the removal performances of FWS
CTWs (Kadlec and Wallace 2009). The reported
mean removal rates reach 60% for ammonia,
with a mean hydraulic loading rate of 7.3 cm/h
(N = 118), and 46% for nitrate, with a mean
hydraulic loading rate of 11.4 cm/h (N = 72). It
thus appears that the Tres Rios CTW is fairly effi-
cient, since the removal rates we measured reach
48% for ammonia and 22% for nitrate (Sanchez
et al. 2016), while the hydraulic loading rate is
roughly four times higher—42.9 cm/h. We can
hypothesize that the Biological Tide we con-
firmed in the Tres Rios CTW, although not opti-
mally utilized, already allows for significant
nitrogen removal efficiency.

We are currently using a spatially articulate
cell-based hydrodynamic model of the Tres Rios
CTW, in conjunction with a biogeochemical pro-
cessing model, to experiment with different
hypothetical design options for this and other
CTW systems.

Conclusions and next steps
We have used more than six years of data on

plant community composition and biomass pro-
duction, transpiration and evaporation rates, and
water quality to verify the efficacy of nitrogen
removal by the Tres Rios CTW. We have also
used our whole-system water budget to demon-
strate a plant-mediated, transpiration-driven Bio-
logical Tide that brings new water and nitrogen
into the vegetated marsh of this CTW, where it is
effectively removed and processed (Sanchez
et al. 2016, Weller et al. 2016). In the research we
present here, we used an empirical controlled-
flow tracer study to confirm not only the exis-
tence and flow rates of the Biological Tide, but to
verify the accuracy of our water budget-based
estimates of flow rates. As we noted above, this

is (to our knowledge) the first time that biotic
control of surface hydrology has ever been
demonstrated in a wetland ecosystem.
Our next steps involve using numerical model-

ing to further articulate how the Biological Tide
phenomenon is enhancing nutrient removal in
the wetlands of this CTW, and to explore design
options for hypothetical CTW systems that opti-
mize for this phenomenon. We are developing
and parameterizing a spatially articulate hydro-
dynamic model, based on the current design of
the Tres Rios CTW, that accounts for actual water
flow rates between the marsh and open water
bodies and that accurately simulates whole-
system water residence times. We will then use
this model to test various hypothetical design sce-
narios, including (1) different ratios and configu-
rations of marsh and open water, (2) different
open water flow paths, including a scenario
where all water entering the system must come in
contact with vegetated marsh, (3) various macro-
phyte community compositions, and (4) different
plant densities (Kjellin et al. 2007). Ultimately,
these modeling exercises will inform both imp-
roved management practices for the Tres Rios
CTW and future designs that maximize the eco-
system services provided by CTW “turquoise”
infrastructure in aridland cities around the world.
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• Data were collected during 2 years of
field work on a full-scale SFTW.

• Over two years, the SFTW drug removal
ability decreased due to the ageing ef-
fect.

• In summer, drugs are accumulated in
the mud and released from it in winter.

• Drug compounds were dissimilarly
transferred from water to local plants
in the SFTW.

• The SFTW drug removal efficiency in-
creases during warm periods.
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The presence of human drugs in the aquatic environment is partly due to an incomplete and insufficient removal
process of wastewater treatment plants (WWTPs). Thus, drug traces are observed at different concentrations in
water bodies, sediments and aquatic plants all over the world. At the same time, Surface Flow Treatment Wet-
lands (SFTWs) at the outlet of WWTPs are commonly observed in small municipalities as complementary treat-
ment. However, little is known regarding the role of SFTWs in the complementary mitigation of emerging
contaminants, such as drugs, and the interactions between drugs, plants and sediment throughout the seasons.
For that reason, we conducted sampling sessions over a period of two years on a full-scale SFTW downstream
of a vertical-flow constructed wetland. At each session, the SFTW influent and effluent, as well as five different
plant species and one composite sediment sample, were sampled. We detected more than fifty pharmaceutical
compounds in the inflow and outflow water. The compounds most frequently detected were bisoprolol and
ketoprofen. We emphasized that the SFTW removal ability was better in the summer than in the winter, due
to the impact of weather on physicochemical parameters. Large variations of removal efficiencies were also ob-
served when considering all of the detected compounds. Large seasonal variations were also observed for each
compound. In addition, the study of the five plants showed their ability to uptake drugs from water and soil to
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the leaves in a species-specific manner. The pharmaceutical composition of the sediment was also correlated
with the season: the maximum occurrence was reached in summer, and the minimum was reached in winter.
Finally, the continuous decrease in removal efficiencies highlights the ageing effect on SFTW removal ability.

© 2017 Published by Elsevier B.V.
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1. Introduction

Surface Flow Treatment Wetlands (SFTWs) can be used for waste-
water and stormwater treatment. SFTWs have water flowing in a hori-
zontal direction above the surface of a permanently saturated soil,
flowing through macrophytic vegetation (Fonder and Headley, 2013).
SFTWs generally have a shallow sealed basin or sequence of basins
andwater surface above the substrate (Kadlec and Knight, 1996), acting
as a polishing treatment. In France, since 2009, there has been an in-
crease in SFTW between wastewater treatment plants (WWTPs) and
the receiving aquatic environment. They are considered as a treatment
complementary to the WWTP but no regulations on removal efficien-
cies apply. Considering international references, this study approaches
the case of a pond. Nevertheless, to be consistent with the French con-
text and previous studies (Laurent et al., 2015; Nuel et al., 2015; Nuel
et al., 2017a, 2017b, 2017c), the acronym SFTW is used in this study.

The main ecosystem services we are looking at are those related to
regulation (Malamaire, 2009): (i) particulate matter retention, (ii) lim-
itation of hydraulic and pollutant loads to surface waters through infil-
tration, evapotranspiration or evaporation (Boutin et al., 2010), (iii)
hydraulic peak attenuation and (iv) additional pollutant mitigation
(Verlicchi and Zambello, 2014). The main mechanisms likely to be in-
volved are (Toet et al., 2005): infiltration, evapotranspiration, biological
degradation, nutrient uptake by plants, photodegradation or transfor-
mation and settling.

Municipal wastewater is the major pathway for pharmaceuticals to
reach the aquatic environment (Kolpin et al., 2002; Zorita et al., 2009).
Many studies have indicated that the elimination of pharmaceuticals
in municipal wastewater treatment plants is often incomplete (Ternes,
1998;Writer et al., 2013). CWshave also been found to remove a variety
of pharmaceuticals with promising results (Verlicchi and Zambello,
2014). Several processes are involved in the removal of pharmaceuticals
in CWs, including plant uptake, photodegradation, hydrolysis and mi-
crobial degradation. Plants seem to contribute to the removal of phar-
maceuticals from water (Matamoros et al., 2012a, 2012b), and there is
also evidence for a direct uptake of pharmaceuticals by several plant
species (Shenker et al., 2011; Carvalho et al., 2014). In addition to direct
uptake, plants may facilitate the removal of pharmaceuticals by the re-
lease of root exudates into the rhizosphere (Zhang et al., 2011). The
root exudates released by plants, such as sugars and organic acids can
provide organic carbon and a nutrient source for microorganisms in
the rhizosphere (Vanek et al., 2010). Although several studies have doc-
umented a significant removal of pharmaceuticals in CWs, data on the
direct uptake of pharmaceuticals by wetland plants are sparse and re-
stricted to a few selected compounds and plant species (Dordio et al.,
2011; Matamoros et al., 2012a, 2012b; Zhang et al., 2011).

The fate and behaviour of pharmaceuticals and their metabolites in
wastewater treatment plants (WWTPs) and surface waters have been
the subject of numerous studies (Ellis, 2006; Gros et al., 2006;
Vazquez-Roig et al., 2010). The results of these studies indicated that
conventional WWTPs are not able to completely remove these
micropollutants from wastewaters and they are consequently
discharged into the aquatic environment. However, most of the studies
on the fate of pharmaceuticals inWWTPs and riverwater are focused on
the aqueous phase, as the determination of compound concentrations
in the solid fraction (suspended solids, sediment or sludge) is complex.
Nevertheless, Verlicchi and Zambello (2015) reviewed 59 papers pub-
lished between 2002 and 2015, referring to approximately 152 drug

compound concentrations in different kinds of WWTP sludge. They re-
ported that many drug compounds were detected in the sludge, with
a high variability of concentrations between 0.1 ng/g and 10 μg/g. The
screening of sewage sludge showed that thesemicropollutants are pres-
ent in this medium (Petrović et al., 2005; McClellan and Halden, 2010;
Verlicchi and Zambello, 2015), and an accumulation in sediments was
also reported for several compounds (Nilsen, 2007; Vazquez-Roig et
al., 2010; Verlicchi and Zambello, 2015).

The aim of this paper is to highlight the different behaviours and the
transfer to plants and sediment of N80 pharmaceutical compounds in a
full-scale SFTW. The results are based on sampling sessions carried out
during 20 months on inlet water, outlet water, 5 plant species and one
composite sediment from a pond as an SFTW.

2. Materials and methods

2.1. Study site

The studied SFTW is located in Lutter (Alsace, France) and was de-
scribed in Nuel et al. (2017a, 2017b). Briefly, the upstream WWTP is a
two-stage Vertical Flow Constructed Wetland (VFCW), designed and
operated according to the French guidelines (Molle et al., 2005). Before
the first stage, a screening device is used as pretreatment to remove the
largest particles. The WWTP receives only municipal wastewater from
970 population equivalent (PE) and was commissioned in 2009. The
SFTW receives water from the VFCW second-stage outlet and from
WWTP bypasses in the case of extreme rain events. The SFTW charac-
teristics and inlet macropollutant concentrations expected are summa-
rized in Table 1. Currently, natural vegetation is present only near the
banks.

2.2. Monitoring of environmental parameters

The physicochemical parameters of the water at the SFTW inlet and
outlet weremonitoredwith amulti-parameter probe (YSI Incorporated,

Table 1
SFTW general characteristics.

Characteristics Lutter

Design Pond
Bank slope 1/4
Water depth (m) 0.1–0.2
Maximal width (m) 13
Maximal length (m) 40
Surface (m2) 750
Surface per PE (m2) 0.77
Volume (m3) 425
Theoretical hydraulic residence time (h) 84 (±31)
Mean residence time derived from tracer experiments (h)a 15 (±7.8)
Mud thickness (m) 0.117

(±0.104)
Inlet concentrations (mg
L−1)b

Biological oxygen demand
(BOD)

28.5

Chemical oxygen demand
(COD)

38

Suspended solids (SS) 46
Kjeldahl nitrogen (NK) 2.5
Total phosphorus (TP) 3.9

a Data from Nuel et al. (2017a, 2017b, 2017c).
b Data from Nuel et al. (2017b).
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Yellow Springs OH, USA) to allow for the assessment of the effluent
quality and their potential impact on pollutant removal capacities. For
each sampling session, pH, conductivity, temperature, dissolved oxygen
and redox potential were monitored every 5 min. The SFTW inlet and
outlet flow rates were continuously monitored by built-in exponential
section venturis (ISMA, Forbach, France) and ultrasonic probes (IJINUS,
MELLAC, France). An in situ weather station (ADCON Telemetry,
Klosterneuburg, Austria) collected weather data, including rain charac-
teristics, wind speed, air hygrometry, solar radiation and atmospheric
pressure. These data were used to estimate the evaporated volumes
(due to the free-water surface) by the Rohwer equations (Rohwer,
1931) and the evapotranspired volumes (due to the development of
plants) by the Penman-Monteith equation (Monteith and Unsworth,
1990). These losses/gains of water were used to compute the water
mass balance for each sampling session.

2.3. Sample collection

The sampling sessions began on July 2015 and occurred on a regular
basis during a period of 24 months. Overall, 7 sampling sessions were
achieved. The SFTW inlet and outlet water (7 samples of each), plants
(20 samples) and sediments (7 samples) were collected as described
in Fig. 1.

2.3.1. Water
The SFTW inlet and outlet water sampleswere collected in glass bot-

tles by automated refrigerated samplers (TELEDYNE ISCO, Lincoln, Ne-
braska) and kept cold (between 0 and 3 °C). Flow-proportional
samples were taken to get representative average samples. The mini-
mum sampling frequency was set at 150 samples (50 mL each) over a
period of 24 h. Depending on the weather and flow patterns, between
seven and 14 L per sampler were thus collected.

2.3.2. Plants
The SFTW vegetation is characterized by the planted local species

(Juncus effusus and Salix alba) and the natural development of endoge-
nous plants. Vegetation has naturally evolved since 2009. For this
study,five target plantswere sampled;whitewillow (Salix alba), yellow
flag (Iris pseudacorus), soft rush (Juncus effusus), callitriche (Callitriche
palustris) and sedge (Carex caryophyllea) (Fig. 1); only the leaves were
collected to maintain the safety of the plants. The plants were chosen
to be located around the SFTW influent pipe and near the preferential
flow (as previously determined by dye tracer experiments in Laurent
et al., 2015 and Nuel et al., 2017a). Willow, soft rush, callitriche and
sedge were located b50 cm from the inlet whereas yellow flag was lo-
cated 2 m away from the inlet. Approximately 150 g of each species
was cut and kept in a cooler (between 0 and 3 °C) during transport.
Samples were stored in a freezer (−20 °C) prior to pharmaceutical ex-
tractions and analysis.

2.3.3. Sediment
The SFTW presents an important mud thickness due to the ageing

effect (Nuel et al., 2017a): between 10 and 50 cm of mud have been de-
posited at the bottom of the SFTW. Three samples of superficial mud
from the SFTW inflow pipe, middle system and outflow pipe provided
a composite sample of approximately 100 g (Fig. 1) that was kept in a
cooler (between 0 and 3 °C) during transport, until extraction and anal-
ysis for pharmaceutical compounds.

2.4. Sample preparation

Sample preparation and drug extractionmethodologies are fully de-
scribed inNuel et al. (2017c). Nevertheless, a summarized description of
these methodologies is proposed below.

2.4.1. Drug extraction from aqueous samples
Water collected (200mL) from the SFTW inflow and outflow (Fig. 1)

was filtered through glass fibre filters at 1.22 μm and 0.45 μm. The
resulting sample was then concentrated using a tandem specific-
phase extraction (SPE) C18 and 1 g of the Hydrophilic-Lipophilic Bal-
ance (HLB) cartridge system (Imchem-Waters, Versailles, France).
After concentration, the cartridges were eluted into glass vials
with 10mLofmethanol. Next, the sampleswere dried using a SpeedVac
(Savant Thermo Scientific, Villebon sur Yvette, France) and stored at
−80 °C until analysis.

2.4.2. Drug extraction from plants
The collected plant tissues (150 g fresh weight) were lyophilized. A

total of 20 g dry weight of each sample was ground with a Tissue
Lyser I (QIAGEN, Courtaboeuf, France). The resulting powder was solu-
bilized in 1 L acetonitrile with 0.5% formic acid (v:v) under gentle
mixing over a period of 24 h at 4 °C. The supernatant was filtered
through a 1.22 μm glass fibre filter. Then, the samples were concentrat-
ed using an SPE SiO2 cartridge system (Imchem-Waters, Versailles,
France). After concentration, the cartridges were eluted into glass vials
with 10 mL of methanol:water (20:80 v:v). Next, the samples were
dried using a SpeedVac (Savant Thermo Scientific, Villebon sur Yvette,
France) and stored at−80 °C until analysis.

2.4.3. Drug extraction from sediment
One hundred grams of drained sludgewasmacerated in 1 L of aceto-

nitrile with 0.5% formic acid during a period of 24 h at 4 °C. Next, the so-
lution was filtered through a 1.22 μm glass fibre filter. Pharmaceutical
compounds were extracted from the filtered solution as previously de-
scribed (2.4.2 Plants).

Fig. 1. SFTWoperational principles in Lutterwith: (I) and (II) respectively inlet and outlet SFTW samples, a: Juncus effusus, b:Carex caryophyllea,c: Salix alba, d: Iris pseudacorus, e:Callitriche
palustris and f: mud,with: green area: SFTW banks, blue area: SFTW freewater, light brown area: accumulated SFTWmud and dark brown: initial soil under the SFTW. (For interpretation
of the references to colour in this figure legend, the reader is referred to the web version of this article.)
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2.5. Sample analysis

Drug detection and quantification methodologies have been fully
described in Nuel et al. (2017c). In all, 81 drug compounds and 4metab-
olites (clofibric acid, ibuprofen acyl-β-D-glucuronide, O-
desmethylnaproxen, O-desmethyltramadol and Paracetamol β-D-glu-
curonide) were investigated (Table 1S). A summarized description of
these methodologies is given below.

2.5.1. Drug detection
Each plant, sediment andwater sample was dried after extraction in

a vacuum concentrator without heating and stored at −80 °C. On the
day of the analysis, samples were solubilized in 400 μL of ultrapure
water/methanol solution (90:10 v:v). After gentle vortexing for 12 h
in a cold room, the samples were centrifuged for approximately
45 min at 16000 rpm and 300 μL of the remaining supernatant was
used for ultra performance liquid chromatography coupled to mass
spectrometry (UPLC-MS/MS) for drug identification and quantification.
(Table 1S). Formore details about the UPLC-MS/MS analysis and the de-
tection of selected metabolites refer to Nuel et al. (2017c).

2.5.2. Drug quantification
Drugs detected in a sample were quantified using standard curves

(from 1 μg L−1 to 10 mg L−1). Regression coefficients were obtained
by the linear correlation between the peak area and drug concentration,
and the R2 correlation of determinationwas always N0.96. Furthermore,
RO 48–8071 was used as an internal standard and was injected at 10
μg L−1. Drug concentrations were obtained using standard curve coeffi-
cients and the drug peak areaswere all divided by the RO 48-8071 peak
area. Thus, UPLC-MS/MS sensitivity differences between the establish-
ment of standard curves and the samples analyses were considered. Fi-
nally, drug quantity injected on the UPLC-MS/MS was determined and
extrapolated to the initial sample amount (i.e., volume for liquid sam-
ples, mass for solid samples).

2.6. Data processing

2.6.1. Treatment efficiency
SFTW Removal Efficiencies (RE) were calculated as follows:

RE %ð Þ ¼
CInlet :VInlet−COutlet :VOutlet

CInlet:VInlet
ð1Þ

where

• COutlet: Outlet concentration (μg L−1);
• VOutlet: Outlet daily volume (m3/d);
• CInlet: Inlet concentration (μg L−1);
• VInlet: Inlet daily volume (m3/d).

To calculate RE, all concentration data were considered according to
their own analytical precisions and quantification limits (QL). Concen-
trations below theQLwere considered equal to theQL. Furthermore, re-
moval efficiencies were calculated only if the inlet and outlet
concentrations belonged to strictly different intervals. If not, RE was
considered as zero. Moreover, for more convenient interpretation of re-
sults, removal efficiencies were ranked into 6 classes, in order of in-
creasing efficiency: b0%, 0%, ]0:30], ]30:70], ]70:90] and ]90:100].

The calculation of RE considered only one compound and not the as-
sociation of the parent drug and its metabolite. In addition, an RE of
100% does not mean that the compound was fully mineralized, but
that it was not detected any more at the SFTW outlet. The reason for
this disappearance could be volatilization, transfer to groundwater or
uptake by plants, crops, animals, grass growing on the land, adsorption
onmud (or sludge) (Monteiro and Boxall, 2010). It could also be subject

to conjugation processes, which change the compound structure and
properties (compounds resulting from conjugation processes were not
measured in this study).

2.6.2. Database
Data acquisition and analysis were performed with MassLynx soft-

ware V4.3 (Waters, Guyancourt, France). Peak integration and valida-
tion were done with QuanLynx software V4.1 (Waters, Guyancourt,
France). All results were extracted as text files. Custom-programmed
automatic programmes in Visual Basic for Applications 7.0 (Microsoft
Corporation, Washington, United States) were used to format and inte-
grate text data toMicrosoft Access (Microsoft Corporation,Washington,
United States). The aim of this databasewas to collect all area drugs and
thanks to the range of the standards, to automatically calculate the con-
centrations of drugs for each sample. Thus, data-processing mistakes
were limited and a high repeatability of results was provided.

2.6.3. Statistical analyses
Statistical analyses, such as Student's or Wilcoxon tests or ANOVA,

were performed with R software (R Development Core Team, 2008).

3. Results

During these 2 years of study in a complex environment, physico-
chemical, meteorological and water quality data were collected. They
characterized the different sampling sessions considering abiotic pa-
rameters.Wewill start by characterizing the local weather and physico-
chemical parameters for the eight sessions. Then, we will comment on
the water budget, as removal efficiencies were calculated from the
daily pollution load. Thereafter we will analyse drug concentrations in
the influent, effluent, plants and sediment. We will eventually propose
a qualitative and quantitative analysis of the removal efficiencies.

3.1. SFTW local weather

The weather parameters were significantly different at each sam-
pling session: wind speed (p-value b 2.2E−16), solar radiation(p-
value = 5E−11), hygrometry (p-value = 5.7E−08) and barometric
pressure (p-value = 4.5E−04). Air temperature was significantly dif-
ferent but to a lower extent (p-value = 1.6E-02).

According to the air temperature (Table 2), experiments are consid-
ered as seasonal averages for each season (Lameteo.org, 2017). During
5.Wint16 sampling session, the VFCW second treatment stage was
clogged for a few days before the session.

3.2. Water budget

The SFTW influent and effluent flow rates were all compared using
the Student test. According to these results, the inlet and outlet flow
rates were significantly different.

Table 2
Weather data (±standard deviation) during the sampling sessions. For each session, the
table displays average values for air temperature, hygrometry and wind speedwhile solar
radiation values are summed. The following abbreviations are used: Spri: Spring; Sum:
Summer, Aut: Autumn andWin: Winter. Each session is identified by its rank, the season
and the year. 1. Sum15 means the first during summer 2015.

Season Month Temperature
(°C)

Solar radiation
(W/m2)

Hygrometry
(%)

1. Sum15 July 21.9 (±6) 31,104 64.6 (±21.1)
2. Sum15 September 15 (±3.9) 18,590 79.9 (±16.1)
3. Aut15 November −2.3 (±3.4) 6919 88.2 (±9.8)
5. Wint16 Marsh 2.9 (±3.8) 11,770 81.9 (±13.6)
7. Sum16 July 15.1 (±3.1) 8229 88.8 (±9.3)
8. Sum16 September 20.8 (±5.6) 16,674 76.5 (±17.8)
9. Aut16 November −0.5 (±3.2) 6490 91.9 (±8.2)
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Inmost cases, the SFTWpeak flow attenuationwas about 9% (Fig. 2).
Globally, the water budget was influenced by evaporation and tidal
range whereas infiltration and evapotranspiration were limited respec-
tively due to clay on the SFTW bottom (to ensure imperviousness) and
to the low vegetation density. During 1.sum15 and 9.Aut16 sampling
sessions, the SFTW water level decreased (visual observation), which
impacted the SFTW water balance. The water level in this system can
evolve because of the tidal range.

3.3. Physicochemical parameters affected by SFTW

The inlet and outlet physicochemical parameters (pH, temperature,
conductivity, redox potential and dissolved oxygen) were monitored
during each sampling session. All these parameters characterize the
SFTW influent and effluent and can help in characterizing removal pro-
cesses. Considering all these physicochemical parameters (Table 2S),
their variability and average were different between the inlet and the
outlet, as exemplified by the parameter of water temperature: on
1.sum 15 the inlet average was at 9.1 °C (±0.2 °C) whereas the outlet
averagewas at 6 °C (±2 0 °C). The SFTWabiotic and subsequently biotic
processes could be strongly influenced by the daily variation inweather.
According to the seasons, the SFTWhad a strong impact on the inlet dis-
solved oxygen and redox potential parameters (p-value= 2.2E−16 for
both parameters). Actually, redox potential measurements allow char-
acterizing the water as an oxidizing (high values) or reducing (low
value) environment. The value of the redox potential at the inlet is larg-
er than at the outlet whereas its variability is higher at the outlet than at
the inlet (the inlet parameters were buffered by the upstream VFCW
whereas the outlet parameters were impacted by the SFTW). Actually,
therewere exceptions on 5.wint16 and 9.aut16where the inlet and out-
let redox potential values were not significantly different (according to
their associated standard deviations). At 5.wint16 session, the inlet
redox potential was unusually low, certainly due to the clogging of the
VFCW second stage (Section 3.1 SFTW local weather) during many
days. At the 9.Aut16 session, the inlet and outlet flow rateswere highest
which suggested a short and unusual residence time. Thus, the SFTW
buffer effect on this parameter was limited. Overall, redox potential
values were highly impacted by the pond. Thus, the SFTW provides a
more reducing water environment at the outlet than at the inlet. This
change, from an oxidative to a reducing environment, may impact bio-
chemical processes occurring inside this SFTW, especially for the effi-
ciency of drug removal (Tiwari et al., 2017). The redox potential
decrease can be explained by the prevalence of reduction reactions oc-
curring in the SFTW over oxygen transfer between the atmosphere
and the SFTWwater surface.

Comparing all the sampling sessions, we clearly observe that the
seasons have a significant impact on the SFTWphysicochemical param-
eters and these variations may play an important role in the drug re-
moval efficiency by the SFTW throughout the seasons. In most cases,
flow attenuation occurs in this SFTW. Does this lead to a decrease in
drug concentration in the outflow water thanks to plants and/or mud
dispersion or on the contrary, to an increase of drug concentration in
the SFTW?

3.4. Drug occurrence

Drug concentrations are presented in the Supplementary data (Fig.
1S and Table 3S for water samples, Table 4S for plant samples and Fig.
2S for sediment samples).

3.4.1. Seasonal drug variations in water samples
During all sessions, between 22 and 33 and 19 to 35 compounds

were detected, respectively at the inlet and at the outlet of the system
(Fig. 3). Furthermore, we observed the highest number of drugs during
the winter and the lowest one during the summer. Human drug con-
sumption and upstream WWTP removal ability during the summer
could explain this observation but these were not studied here. In addi-
tion, during warm periods, the number of drugs along the SFTW was
lower than during cold ones.

Throughout the sampling sessions (Fig. 1S and Table 3S), the three
most frequent compounds at the SFTW inflow were alpha
ethinylestradiol (1140.62 μg L−1; ±1131.54 μg L−1; n = 3), tramadol
(222.36 μg L−1; ±161.89 μg L−1; n = 7) and theophylline (31.80
μg L−1; ±38.28 μg L−1; n = 7) whereas at the outflow, they were
alpha ethinylestradiol (901.62 μg L−1; ±1328.53 μg L−1; n = 4), tram-
adol (193.72 μg L−1; ±160.74 μg L−1; n = 5) and losartan (22.87
μg L−1; ±27.12 μg L−1; n = 7). At both sampling points, indomethacin
was present the least frequently (inlet: 1.25 10−3 μg L−1; n= 1; outlet:
1.87 10−3 μg L−1; ±27.12 μg L−1; n = 7). Finally, prednisolone, amox-
icillin and topiramate were detected only in the inflow water, which
suggests a complete transformation of thesemolecules. In contrast, sul-
fadiazine, sertraline, gemfibrozil and haloperidol were only detected in
the outflow water. Deconjugation of the drug molecules must have oc-
curred during transport in the SFTW (Verlicchi and Zambello, 2014).

We emphasize that drug analyses on water samples were done for
only the dissolved pollutants. Indeed, water samples were filtered to
at least 0.22 μm to preserve SPE cartridges. Thus, compounds adsorbed
on suspended solids reaching the river were not quantified here but
they can play an important role in case of high turbidity or algae
development.

Fig. 2. SFTWs water budget: total inlet and outlet volumes (left axis) and evaporation, potential evapotranspiration and rainfall depth (right axis) during the seasonal sampling sessions.
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3.4.2. Drug distribution in plants and sediment samples
Sediments were sampled for each sampling session whereas plants

were sampled when there were enough leaves to compose a complete
sample (approximately 150 g; refer to Section 2.3.2 Plants) and to en-
sure the development of the plants until the next sessions. It can be
noted that callitriche disappeared after 7.Sum16 session (Fig. 4).

3.4.2.1. Drug and metabolites frequently up taken by plants. Between 5
(sedge on 8.Sum16) and 23 (willow on 2.Sum15) drug compounds
were detected in the plant samples (Fig. 4). The three highest average
drug concentrations were reported for each plant sample (Table 4S):

• Callitriche: tramadol at 194.66 ng/g, telmisartan at 29.4 ng/g (also de-
tected in rush) and ofloxacin 12.92 ng/g. The pharmaceutical uptake
ability of callitriche is poorly studied in the literature. Nevertheless,
Wilkinson et al. (2016) detected acetaminophen and diclofenac in

callitriche sampling from the Thames River (Great Britain);
• Sedge: ibuprofen at 290.12 ng/g, tramadol at 77.70 ng/g and prednis-
olone at 60.97 ng/g. There is no published result on pharmaceutical
uptake from sedge samples;

• Iris: theophylline at 55.25 ng/g, losartan at 52.85 ng/g (also detected
in willow) and tramadol at 31.05 ng/g. Drug transfers from wastewa-
ter to the iris plant were already observed by (Mackul'ak et al., 2015a)
where they detected cotinine (239 ng/g), methamphetamine
(127 ng/g), tramadol (578 ng/g), venlafaxine (112 ng/g) and oxaze-
pam (37 ng/g);

• Rush: alpha ethinylestradiol at 294.75 ng/g (also detected in willow),
tramadol at 74 ng/g and ibuprofen acyl-β-D-glucuronide at 29.66 ng/g
(also detected in iris and willow). The compound Ibuprofen was also
detected at 12.56 ng/g. In addition, it can be nearly completely re-
moved, metabolized and stored equally in the leaves and roots (Y.
Zhang et al., 2016; Matamoros et al., 2012a);

Fig. 3. Number of detected compounds.

Fig. 4. Drug compound number in plants and sediment throughout the sampling campaign. The following abbreviations were used: Sum: Summer, Aut: Autumn andWin: Winter. Each
campaign is identified by its rank, the season and the year. 1.Sum15 means the first campaign during summer 2015.
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• Willow: tramadol at 286.51 ng/g, mefenamic acid at 206.36 ng/g and
alpha ethinylestradiol at 157.48 ng/g. Specific attention must be paid
to the willow sample because it was the only tree sample whereas
others were annual plants. Actually, willow appeared to have an an-
nual and continuous increase in the variety of drugs over time (Fig.
4). It may be the consequence of the high water consumption by wil-
low (Persson, 1995; Martin and Stephens, 2006) which is mainly re-
lated to plant size, leaf surface area and tends to increase in the late
summer (Pellis et al., 2004; Ceulemans et al., 1996).

Tramadol was detected at fairly high concentrations in plants, sedi-
ment and in the SFTW influent (an average maximum concentration
of 273.74 μg L−1). Regularly detected in relatively high concentration
in both the inflow and outflow, tramadol appears to be poorly eliminat-
ed (b22%) by WWTPs (Mackuľak et al., 2015b). However, during a
mean residence time of 96 h, its uptake capacity by aquatic plants (C.
caroliniana, L. sessiliflora and E. najas) ranged between 29% and 59%
(Mackuľak et al., 2015a). In addition, drug distributions in plants were
different in each sample analysed even though they were exposed to
the same flow. This specific transfer may be due to the plant and prop-
erties of the drugmolecules. Indeed, it seems that molecules with inter-
mediate polarity could be easily transported to plant shoots (Tanoue et
al., 2012).

Furthermore, human organisms generally eliminate active drug
compounds by excretion into urine. Thus many metabolites can origi-
nate froma single compound. In this study, oneof themajormetabolites
of clofibrate (clofibric acid), ibuprofen (ibuprofen acyl-β-D-glucuro-
nide), naproxen (O-desmethylnaproxen), paracetamol (paracetamol
acyl-β-D-glucuronide) and tramadol (O-desmethyltramadol) were
observed:

• Ibuprofen is oxidized into temporary intermediate compounds
(carboxyibuprofen and hydroxyibuprofen) that are then conjugated
into an acyl glucuronide: ibuprofen acyl-β-D-glucuronide. Ibuprofen
was detected in all plant samples whereas ibuprofen acyl-β-D-glucu-
ronide was detected only in iris (3.15 ng/g), rush (29.66 ng/g ±
1.65 ng/g) and willow (0.86 ng/g);

• Naproxen is metabolized to O-desmethylnaproxen by organisms. Al-
though naproxen was present in callitriche (4.02 ng/g), iris
(4.11 ng/g) and willow (3.28 ng/g), its metabolite was not found in
plants. However, it was detected both in the influent (7.44 ng L−1)
and the effluent (11.83 ng L−1);

• Although up to 55% of paracetamol can be metabolized into its acyl
glucuronide metabolite (DrugBank, 2017), this metabolite was not
detected in the samples.

• Approximately 30% of a tramadol dose is excreted in the urine un-
changed, whereas 60% of the dose is excreted as 11 different metabo-
lites (Pubchem, 2017). O-desmethyltramadol is the most common of
them and it is still pharmacologically active in animal models. In this
study, O-desmethyltramadol was detected in the SFTW influent (av-
erage of 1,46 μg L−1), effluent (average of 1,8 μg L−1; ±0.4 μg L−1)
and sediment (average of 7.57 ng/g). It was not found in any plants
(Table 4S).

These results show how crucial it is to search for active drug com-
pounds and their metabolites. Indeed, only a few metabolites were in-
vestigated in this study, but their detection in plant and water
samples suggests complex conjugation/deconjugation processes, influ-
enced by the season as the exports to plants is higher during the sum-
mer. Among the five plant species observed, sedge seems to be less
efficient in the uptake of drugs from water than are rush and willow.
Considering the annual uptake, willow contains more drugs and at
higher concentrations than does rush. This interpretation could be

enriched by the knowledge of each biomass species variety in the
SFTW to compute the total drug mass uptake.

3.4.2.2. Complexmechanisms involving drugs in sediments.Maximal aver-
age concentrations were reached by tramadol (81.73 ng/g;
±46.88ng/g; n=5), estriol (22 ng/g; n=1) andO-desmethyltramadol
(7.57 ng/g; n = 1); minimal concentrations were reached by
lamotrigine (42.49 10−3 ng/g; n = 1), clindamycin (10.17 10−3 ng/g;
±12.70 10−3 ng/g; n = 3) and ketoprofen (6.93 10−3 ng/g; n = 1)
(Fig. 2S). Paracetamol and propafenone compounds were systematical-
ly detected in soil samples at respectively 0.16 ng/g (±0.3) and
3.14 ng/g (+/− 6.19). Finally, atenolol, bisoprolol, paracetamol and
propafenone were detected in every sediment sample.

During both years, the maximum number of drugs detected in the
sediment was reached at the second summer session whereas themin-
ima were reached during winter (Fig. 4). As a reminder, the highest
number of drugs inwater sampleswas during thewinter and the lowest
was during the summer (Fig. 3).We also emphasize that sediment sam-
ples were a mix of material accumulation in large part and fresh mud
input from the VFCW and WWTP by-passes to a lesser extent. Thus
drug composition reflected degradation processes occurring in mud.
We can note that session after session, the sediment drug composition
varied strongly (7 compounds on 5.Wint16 to 19 ones on 2.Sum15),
which suggests complex and variousmechanisms and reactions as biot-
ic (plants, microorganisms, animals, bioturbation as a physical mixing
process, etc.) and abiotic (hydrologic effects, flowrate,
physicochemistry, weather, different chemical properties among the
parent pharmaceuticals, etc.) parameters permanently interact.

Drugs behaviour in sediment depends on many factors, such as the
characteristics of the compounds (molecular structure, chemical prop-
erties (octanol-water distribution coefficient (Kow) and solid-liquid
partition coefficient (Kd)), sludge properties (organic fraction, cation
exchange capacity, SS size) and environmental conditions (pH for ex-
ample) (Verlicchi and Zambello, 2015). In addition, biological degrada-
tion is meant to be the key mechanism responsible for the maximum
removal of organic micropollutants, as pharmaceutical compounds, in
a WWTP (Tiwari et al., 2017). As most of the microbial community
can be found in the sediment and rhizosphere of wetlands (Brix,
2003), the variation in drug number throughout the season in sediment
samples could be partly explained by the growth cycle of plants.

These concentrations in plants and sediment samples show that (i)
the concentration range is fairly large, (ii) drug transfer to plants ap-
pears to be specific for each studied plant and (iii) a large part of the de-
tected compounds are present in all plants and soil.

3.5. Drug residue removal efficiencies

3.5.1. Qualitative seasonal variation
As described in Section 2.6.1 Treatment efficiency, the drug removal

efficiencies were gathered by their efficiency class (Fig. 5). Drug remov-
al efficiencies are detailed in Table 5S.

First, there is a drug variability repartition into efficiency classes, al-
though throughout all the sampling sessions, the null efficiency class
was the most populated one. In decreasing order, it is followed by the
b0%, ]0:30] ]30:70], ]70:90] and ]90:100] classes. As a reminder, the
SFTW is located downstream of a two-stage VFCW, thus it must be con-
sidered as a tertiary treatment and its influent water quality as treated
water.

Second,we observe a correlation between the removal class efficien-
cy and seasons. Indeed, positive removal efficiencieswere higher during
the summer and their number decreased until thewinter period. In con-
trast, the null efficiency class presence was higher in winter. Through-
out the entire campaign, the negative efficiency class continuously
increased until 8.Sum16. As previously noted in Section 3.1 SFTW local
weather, local climate impacted directly and indirectly on thewater pol-
lutant degradation process (Hijosa-Valsero et al., 2011a, 2011b;
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Matamoros et al., 2012a; Reyes-Contreras et al., 2011; Nuel et al.,
2017b). In fact, we see two major weather parameters that are able to
influence removal efficiency:

• Solar radiation penetration into SFTW water, which induces direct
and indirect photodegradation, especially in ponds during the sum-
mer (Rühmland et al., 2015). Direct photodegradation corresponds
to the direct lysis of molecules after UV action. Indirect
photodegradation generates strong oxidant molecules as, for exam-
ple, O2 (Haag and Hoigne, 1986) or H2O2 (Draper and Crosby, 1983)
which in turn oxidize other molecules such as pharmaceutical com-
pounds. In part Section 3.1 SFTW local weather, we already observed
that throughout all the monitoring sessions, solar radiation strongly
varied (from 6489.8 W/m2 (9.Aut16) to 31,103.7 W/m2 (1.Sum15))
and should impact the drug degradation processes.

• Temperature influences water microorganism communities (slowing
activity during cold periods and favouring activity during warm pe-
riods) which are the first responsible for organic pollutant degrada-
tion (Hijosa-Valsero et al., 2011b). In part Section 3.3
Physicochemical parameters affected by SFTW we observed that the
SFTW outlet water temperature varied daily during sessions and
that it depended on the season under consideration. In addition, in
case of a frozen water surface, solar radiation penetrations are strong-
ly limited, and consequently so is photodegradation. High or low sea-
sonal temperatures strongly influence the development of plants and
associated mechanisms.

These observations can explainwhybetter removal efficiencieswere
observed during warm periods. In contrast, low water temperature and
low solar radiation during winter periods could explain why a major
part of the RE was negative or null in winter.

Furthermore, the presence of many negative removal classes can be
explained by the presence of conjugated compounds in the SFTW influ-
ents due to VFCW treatment process (not studied here), thus the drug
substances themselves were seen at low levels. At the same time,
deconjugation processes occurred, due to photodegradation ormicroor-
ganisms, and the drug substances were quantified at high levels in the

effluent (Verlicchi and Zambello, 2014). Another reason for the increase
of negative removal efficiencies during autumn and winter can be a re-
lease from the soil compartment. The drug number decreases (Fig. 4)
from summer to winter (Fig. 4) and the total mud volume in the
SFTW can be estimated at N80 m3 (results not shown); Thus, even if
there were drugs at trace concentrations (Fig. 2S), a drug release may
have significant impacts on the effluent flow drug concentration. In ad-
dition, we previously highlighted that there is a strong ageing effect on
this SFTWdue to the sedimentation process of suspended solids coming
from the VFCW overflows and bypasses (M. Nuel et al., 2017a). The
SFTWhydrodynamic behaviour changes over the years andwe suppose
that it becomes less efficient for drug removal as ageing occurs.

Considering the three highest average concentrations (Fig. 1S),
alpha ethinylestradiol, theophylline and tramadol, their removal effi-
ciency varied throughout the sampling sessions (Table 5S). Alpha
ethinylestradiolwas detected at the 1.Sum15, 7.Sum16 and 9.Aut16 ses-
sionswith, respectively, null,−191%and−144% removal efficiencies. The-
ophylline and tramadolwere always detected in the inlet and outlet water.
Theophylline removal efficiencies were between 0% and 72% whereas
tramadol appeared to be a refractory compound among the SFTW removal
processes (between−253% (1.Sum15) and 60% (9.Aut16)).

In seven sessions, bisoprolol, candesartan, carbamazepine,
gabapentin, nefopam, paracetamol, sotalol and telmisartan compounds
were the most released compounds. Furthermore, a large part of them
was present in the 8.Sum16 and 9.Aut16, sessions with the higher neg-
ative efficiency class score.

Lastly, two compounds had an elimination efficiency above 90% in
the 2.Sum15 session only: estriol (93%) and paracetamol (96%). Estriol
was also significantly detected in the inflow and outflow during
3.Aut15 but its REwas null. Paracetamolwas detected in every sampling
session and was gathered in many efficiency classes: b0 in (5.Wint16,
8.Sum16, 9.Aut16), in ]30:70] in (3.Aut15, 7.Sum16), in ]70:90] in
(1.Sum15) and in 95% ]90:100] in (2.Sum15).

3.5.2. Drug RE quantification
Considering the eight sampling sessions, all the efficiency classes on

drugs are reported in Fig. 6. They are sorted from themost-frequently to
the least-frequently detected compound.

Fig. 5. SFTW drug removal gathered by class efficiency.
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Thirteen compounds were always detected in both the influent and
effluent. According to removal class colour codes, their associated RE
varied greatly throughout the sampling sessions and may correlate
with seasonal weather (Section 3.5.1 Qualitative seasonal variation). As
can be observed in Fig. 6, all the drug compounds had one negative
or/and null RE rates (expected for eprosartan and metoprolol) at least.
On the other hand, even drug residues that sometimes were N70% de-
graded (amitriptyline, atorvastatin, caffeine, estriol, fenoprofen,
ketoprofen, paracetamol, phloroglucinol, and ramipril) also had nega-
tive or null removal rates. Through many publications, Verlicchi and
Zambello (2014) also reported high removal efficiency variations for
one compound considered. In the case of estriol, for example, it was de-
tected two times and its associated removal efficiencies were null
(3.Aut15, in autumn) and [30–100%] (2.Sum15, in summer). As a re-
minder, removal efficiencies were calculated from compound concen-
trations and the daily volumes of inflow and outflow. Thus, removal
efficiency value variations need to be correlatedwith the inflow volume
reduction (Fig. 2), especially during summer periods (Table 2). Addi-
tionally, physicochemical processes and microbial activity variations
were correlated to seasonal weather fluctuations and may affect drug
removal efficiencies.

In this part we emphasized that pharmaceutical removal efficiencies
were variable according to the drug compound detection frequency, RE
rate variations throughout the season observed and a continuous in-
crease of drug release from the SFTW. In addition, the question of the
behaviour of pharmaceutical compound in the SFTW as a tertiary treat-
ment is a complex problemwithmany variables where abiotic parame-
ters, a seasonal effect or physicochemical parameters play an important
role in global RE.

4. Conclusions

This study shows that the behaviour of human drug residues in the
SFTW is influenced by many factors. First, compounds were not always
detected in water in each sample session. Obviously, it depended on
their consumption by homes connected to the sewage collection net-
work and on the removal capacity of the upstream WWTP. Second,
the properties of the studied drugs rule their behaviour within the
SFTW. Biodegradation,molecular photodegradability, sediment adsorp-
tion, plant uptake ability, and transformation to many different metab-
olites bymicroorganisms have to be considered to interpret the drug RE
rates. Additionally, the seasons play an important role in the removal

Fig. 6. Removal efficiency classes reported for each drug compound detected during the eight sampling session.
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capacity of the wetland, especially solar radiation and air temperature
which significantly influence the physicochemical parameters and bio-
logical processes. Considering all these parameters, it is difficult to de-
fine a typical behaviour for each drug in an SFTW. Overall, the inlet
SFTW drug concentrations ranged between 1 ng L−1 and 1 mg L−1

and one active compound can be metabolized into many others that
are usually not monitored.

However, we highlighted that drug removal efficiency within the
SFTW followed a seasonal trend, with the best results occurring in the
summer. There is also a seasonal effect on sediment uptake ability
since a somewhat dynamic transfer was observed with a maximum
drug accumulation in summer and a release during the winter period.
This seems to be linked to a physicochemical parameter variation due
to a seasonal effect. We also observed a specific drug transfer from
water and soil to leaves according to plant species, even if plants are
only present during a fewmonths of the year around the SFTW. Further-
more, in the SFTW each drug was degraded and global RE values were
better in the summer than in thewinter. As the SFTW can be considered
as a tertiary treatment process, it could be interesting to compare the
relative efficiencies of the SFTW vs. the VFCW.

Finally, we observed a continuous degradation of removal efficiency.
It may mean that the ageing of the SFTW goes along with a decrease in
drug removal ability, in addition to the seasonal effect. It could also be
used as an indicator for sludge extraction requirements. This sludge, es-
pecially if used agriculturally, should be assessed as potentially contain-
ing various drug compounds.
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H I G H L I G H T S

• Stormwater from the studied catchment
is characterized by a high amount of Zn
and a high PAH variety at low concen-
trations.

• The stormwater constructed wetland
removal efficiencies vary from 50%
(naphthalene) to 100% (zinc).

• Due to the incoming flow, the accumu-
lated SS decrease the pond removal effi-
ciency for particulate micropollution.

• The vertical subsurface flow sand filter
catches themajor part of both dissolved
and particulate micropollutants.

• Storage study during dry period high-
lights micropollutants accumulation in
soils andwater at steady state conditions.
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Stormwaters is identified as a major source of pollution in waterbodies. Particularly, heavy metals (HMs) and
Polycyclic Aromatic Hydrocarbons (PAHs) in stormwater are highly toxic compounds for living organisms. To
limit the impact of these micropollutants on hydrosystems quality, stormwater constructed wetlands (SCWs)
have been built worldwide. This study aims to i) assess the efficiency of a SCW that combines a sedimentation
pond followed by a vertical flow sand filter in urban area (Strasbourg 67, France) and ii) determine
micropollutants storage in water and soils during dry periods. Stormwater quality was analysed during 13 sam-
pling sessions and the SCW storage ability during dry period was highlighted. The rainfall events sampled are
characterized by very high variability: dry periods lasted from 5 h to 10 d, rain durations varied from 15 min to
22 h and the return periods were between 2 and 4 wk. and 3–6 mo. The inflow stormwater included a high
amount of Zn and a variety of PAHs. Cu, Zn and some PAHs concentrations are impacted by hydrological charac-
teristics. During a rain event, the filter catches the majority of both dissolved and particulate micropollutants and
themobilization of particulatemicropollution by incomingflowdecreases pond removal efficiency. The treatment
removal efficiency varied from 50% (naphthalene) to 100% (particulate Zn). Four HMs (Co, Cu, Pb, Zn)were found
in the pond and seven (Cd, Cr, Co, Cu, Ni, Pb, Zn) in the filter during a dry period at high concentrations compared
to their occurrence in rainfall. A release of HMs from the filter sand to the interstitialwater is highlighted. Inwater
and the soil matrix, PAHs occurrence was consistent with their water solubility, logKow and logKoc.
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1. Introduction

In 2000 the European Water Framework Directive (CE, 2000) gave
objectives for improving the quality of water bodies across Europe. By
2027 (with first intermediate deadline in 2015), all Europeanwater bod-
ies such as rivers andwater surfaces have to display good chemical, phys-
ical and biological states. Across Europe, stormwater is identified as a
major source of pollution for waterbodies (Göbel et al., 2007; Revitt
et al., 2014). In fact, stormwater from urban catchments (with consider-
able impervious surfaces coverages) containswastes (e.g., cigarette butts
and drink cans), suspended solids, oxidable matter (e.g., dissolved or-
ganic carbon and biological oxygen demand for five days), nutrients
(e.g., nitrogen and phosphorus), minerals (i.e. heavy metals (HMs))
andorganic (hydrocarbons andpesticides)micropollutants andmicroor-
ganisms such as bacteria. The sources of these pollutants are numerous:
initial rain water quality, the atmosphere, runoff from roofs and road
catchments and the sewer system (Ahyerre et al., 1998). Among these
pollutants, trace HMs and Polycyclic Aromatic Hydrocarbons (PAHs)
are the most toxic compounds for living organisms (Guittonny-Philippe
et al., 2014). HMs are non-biodegradable and are bioaccumulated in liv-
ing organisms and/or accumulated in sediments (EPA, 2007) whereas
PAHs are bioassimilable and their degradability depends on environmen-
tal conditions (EPA, 1984). Major sources of PAHs in the atmosphere in-
clude wood and coal combustion for domestic heating and automobile
exhaust gases (Bressy et al., 2012). PAHs are also present as dry deposits
on urban surfaces. HMs are, in most part, present on urban surfaces: Cu
and Zn are used in roofs, gutters, and down pipes, while Pb and other
HMs may be present in roofing materials (Göbel et al., 2007). Rain
water collects micropollutants from the atmosphere and from runoff
on roofs and roads. In most cases, polluted stormwater is directly
discharged into waterbodies.

To limit the impact of stormwater on hydrosystems quality, water
sensitive urban designs have been constructed worldwide. Stormwater
can be managed by either decentralized or centralized strategies. The
former captures rainwater where it falls and allows infiltration and
evaporation on site: this is known as green stormwater infrastructure
(GSI). These systems can be green roofs (Gregoire and Clausen, 2011),
wells, or bioswales (Lorant, 1992). The latter catches stormwater after
runoff on urban surfaces and in the sewer system. They store, infiltrate
in soils, evaporate or release stormwater inwaterbodies. They utilize in-
filtration basins (Birch et al., 2004; Dechesne et al., 2004), detention ba-
sins (Nix et al., 1988), or biofilters (Bavor et al., 2001; Carleton et al.,
2000; Guardo et al., 1995). Several studies have shown that themost ef-
ficient decentralized treatment system is a wet pond followed by a
biofilter (Strassler et al., 1999). The pond allows settling of particulate
pollution and the biofilter improves the treatment by filtering the re-
maining particulate pollution and by catching the dissolved pollution.

Numerous studies have been performed on stormwater treatment
systems that focus on infiltration basins, storage basins or point-source
devices (Bressy et al., 2012; Lamprea and Ruban, 2011; Sébastian et al.,
2014; Zgheib et al., 2011). Few have considered pond-filters as a
stormwater treatment device in field conditions (Al-Rubaei et al.,
2017; Schmitt et al., 2015) and at the laboratory scale (Zhang et al.,
2015).These studies highlight stormwater quality and constructed wet-
land efficiency during rain events, but, to our knowledge, no study has
explored the stormwater constructed wetland (SCW) micropollutant
dynamic during dry periods. Yet some authors have shown that
physico-chemical changes in SCWs can be dramatic and can control
the release of stored HMs from sediments to the water column (Bradl,
2004; Flores-Rodrîguez et al., 1994; Kar et al., 2008).

The objectives of this study were to evaluate the efficiency of a con-
structed wetland to remove micropollutants from urban stormwater
and to investigate micropollutant dynamics during both rain events
and extended dry periods. We first present a classical approach for the
study of a stormwater treatment system. We assessed the quality of
stormwaters and the treatment performance of a 6-year-old SCW for

micropollutants such as HMs and PAHs. We then present the dynamics
of micropollutant storage in the system during dry periods, as it might
differ significantly between the wet and dry periods. The HMs and
PAHs concentrations in water during dry periods were tracked to de-
velop an understanding of micropollutant distribution between water
and solid substrates (i.e., sediment or sand). Micropollutant storage in
the accumulated sediments along the treatment system was studied
in order to propose best management practices for the system.

2. Material and methods

2.1. Study site description

2.1.1. Catchment area
The experimental site was in Strasbourg (67, France). The urban and

residential catchment is 27,100m2 (Fig. 1). Its land cover consists of 44%
low-traffic roads, 43% green areas (garden, field, and playground) and
13% roof (made up with tiles and Zn gutters). The runoff coefficient is
0.33. Stormwater runoff is drained by a separate sewer network and
was previously directly discharged into the adjacent urban stream
(Ostwaldergraben).

2.1.2. Treatment facilities
The constructed wetland design is presented in Fig. 2. It was built in

2011 and ismade upof a sedimentation pond followedby a vertical sub-
surface flow constructed wetland (hereafter called “filter”).

The pond is fed by runoff from the watershed. During dry periods,
28 m3 of water in the pond is permanent. The maximum allowable vol-
umeduring rain periods is 53m3. This is supposed to promote sedimen-
tation. Afloatingweir feeds thefilterwhen thewater level in the pond is
high enough. Thewater feeding of the system is episodic, due to the sto-
chastic nature of rain. The pondwas not originally planted but has been
naturally vegetated by different plant species over the years.

The filter is made of three layers (from top to bottom): 20 cm of fine
sand (d=0–4mm, d10=0.16mm, d60=1.38mm, hence a uniformity
coefficient (UC) of 8.62), 25 cm of fine gravel (d = 4–8 mm) and 20 to
30 cm of drainage layer (coarse gravel, d = 16–22 mm). The filter is
90 m2 in area (1% of the watershed active surface). It is designed to re-
ceive a 50 m.yr−1 hydraulic load. The sand filter hydraulic conductivity
is 2.6.10−4 m.s−1. Aerobic processes are allowed as a result of natural
ventilation through vertical aerated pipes. The filter is planted with
Phragmites australis. A permanent water volume (from 28 cm water
level during dry periods to 40 cm during discharge) is kept at the bot-
tom to prevent plant hydric stress during extended dry periods.

2.2. Micropollutants in the water

2.2.1. Sampling campaigns
Sampling campaigns were performed during dry and wet periods.
For campaigns during rainfall, water was sampled at three strategic

locations in the system by three automatic refrigerated samplers
(Endress & Hauser, Reinach, Switzerland):

- Sampling point #1 in the inlet pipe (untreated stormwater),
- Sampling point #2 in the floatingweir between the pond and the fil-
ter (settled water), and

- Sampling point #3 at the outlet of the filter (settled and filtered
water).

Sampling locations are shown in Fig. 2-a.
Water was regularly sampled during a defined period according to

the estimated rainfall duration (point #1), and the hydraulic residence
time through thepond (point#2) and thefilter (point #3). For sampling
points #1 and #2, 200 mL of water was sampled every 3 min over 6 h.
For sampling point #3, 200 mL of water was sampled every hour over
5 d. Finally, 24 1-L samples of water were sampled at each point. A com-
posite sample was then created according to water level data and thus
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flow rate during the rain event (Schmitt et al., 2015).Water levels were
recorded along the SCW by three sensors (inlet: ultrasonic sensor, Sie-
mens, Munich, Germany; pond and filter: pressure sensor, Endress &
Hauser; outlet: radar, Endress & Hauser). More details about the water
sampling strategies are given in Schmitt et al. (2015).

Rainfalls characteristics were determined using an on-site weather
station (ADCON, Klosterneuburg, Austria).

During dry periods, 2 L of water was also sampled at three points in
the system using a sampling pole:

- In the pond (settled water in equilibrium),
- In the filter (water in equilibrium at the bottom through piezometer),
and

- At the outlet of the filter.

Fig. 1. Study site location in Strasbourg (France).

Fig. 2. Stormwater constructedwetland design and sampling points for (a) water sampling campaigns during rainy events (P1, P2, P3), and (b) water and soil sampling campaigns during
dry periods (via piezometer, form layers 1 to 3) (a) Design of the constructed wetland and localization of the three water samplers (P1, P2, and P3) (b) Vertical cross-section of the filter
with piezometer localizations and substrate layer (L1 to L4) distribution.
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2.2.2. Chemical analyses
HMs (Cd, Cr, Co, Cu, Ni, Pb and Zn) concentrations were determined

in both raw and filtered samples. Particulate and dissolved fractions
were analysed with an ICP/AES (NF EN ISO 11885). Samples for dis-
solved fraction determination were filtered through a cellulose nitrate
membrane (0.45 μm pore size).

PAH (benzo(a)pyrene, fluorine, phenanthrene, anthracene, fluoran-
thene, pyrene, benzo(a)anthracene, chrysene, benzo(b)fluoranthene,
benzo(k)fluoranthene, dibenzo(a,h)anthracene, naphtalene, acenaph-
thylene, acenaphtene, benzo(ghi)perylene, and indeno(1,2,3-cd)
pyrene) concentrations were determined in raw samples with GC/MS
after hexane extraction (NF EN ISO 17993).

2.2.3. Removal efficiency
The removal efficiency (RE) of a given compound was evaluated in

the pond and in the filter using Eq. (1).

Removal efficiency %ð Þ ¼
X½ %inlet & Vinlet− X½ %outlet & Voutlet

X½ %inlet & Vinlet
& 100 ð1Þ

where [X]inlet and [X]outlet are respectively the concentrations of the
micropollutant X at the inlet and the outlet of the pond or the filter,
and Vinlet and Voutlet are respectively the volume runoff at the inlet and
the outlet of the pond or the filter. Finally, the REs were calculated in
terms of mass to appreciate the real SCW storage capacity and in
terms of concentration to assess the environmental impact. Volumes
are computed using a hydrologic budget, as shown in Eq. (2):

ΔV
Δt

¼ Q inlet−Qoutlet−Qevaporation−Q infiltration−Q evapotranspiration ð2Þ

where ΔV/Δt is the water storage dynamic, Qinlet is the the inlet flow
rate in thepondor thefilter, Qoutlet the outletflow rate through thefloat-
ing weir in the pond or the drainage pipe of the filter. Qevaporation,
Qinflitration and Qevapotranspiration are respectively the flow rates due to
evapotranspiration, evaporation and infiltration through the clay layers
at the bottom. They are negligible at the event scale.

REs were calculated according to Choubert et al. (2011a, 2011b), as
follows: (i) if both inlet and outlet concentrations are below 10 times
the limit of quantification (LOQ), the RE is not calculable (analytical un-
certainty above 50%), and, if the inlet or outlet concentration is below
the LOQ, half of the LOQ is used for the RE calculation (Fig. 3). An error
propagation calculation has been conducted using themeasurement er-
rors of volumes and concentrations. RE results are given with an uncer-
tainty of b23%.

2.2.4. Statistical analyses
Statistical analyses were performed using the opensource R (R Core

Team, 2016). Concentrations below the LOQ are replaced by half of the
LOQ in the dataset. A Shapiro-Wilk test was performed on the dataset,
and the data are not normally distributed (p-value b 0.05). Also non-
parametric tests were used. Concentrations below the LOQ are replaced
by half of the LOQ. A Hierarchical Ascendant Classification (HAC) was
performed on the hydrological characteristics of the sampled rainfalls.
The number of clusters was determined by calculating the intra-
cluster inertia. The partition with the higher relative loss of inertia was
used. A Spearman correlation test was run to investigate the link be-
tween particulate HMs and suspended solids and a Krustal-Wallis
rank sum test to determine any significant difference between
stormwater, pond and output micropollutants concentrations or con-
tents. Then, a HAC was performed on the principal components of a
Principal Component Analysis (PCA) to determine any link between
the hydrological characteristics of the sampled rainfalls and the
micropollutants concentrations in stormwater.

2.3. Micropollutants in soils

2.3.1. Soil and sediments sampling campaigns
Two soil analysis sessions were performed along the treatment sys-

tem to determine the storage dynamics ofmicropollutants, inMay 2016
and April 2017.

Sediments were sampled in the pond and soils in the filter. Previ-
ous work (Walaszek et al., 2015) on the influence of the filter feeding
device (Fig. 2-a) highlighted a non-uniformwater distribution at the
top of the filter. Thus, the filter was separated into two areas: the first
one regularly fed with water, populated with fully developed reeds
and the second one seldom fed with water, populated with only a
few reeds. We assumed that the difference in water feeding in the fil-
ter leads to a difference in micropollutants contents. The filter soil
was sampled at three random points in each area and at three depths
for each point to get a representative sample: organic deposit (first
layer), sand under the organic deposit (second layer) and so-called
deep sand (third layer). A composite sample was made for the two
sampling areas by mixing together layers from the same depth
(Fig. 2-b).

2.3.2. Chemical analyses
Samples were dried, ground and sieved (2 mm sieve size, NF ISO

11464). Then, HMs (Cr, Co, Cu, Ni, Pb, and Zn) were mineralized with
aqua regia (NF EN ISO 13346) and analysed using ICP/OES (NF EN ISO
11885).

Fig. 3. Calculation rules for micropollutant removal efficiencies according to Choubert et al. (2011a, 2011b) ([in]: inlet concentration; [out]: outlet concentration; LOQ: limit of
quantification).
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3. Results and discussion

3.1. Micropollutant removal

3.1.1. Rain event descriptions
Thirteen stormwater sampling sessions were performed from Octo-

ber 2015 to June 2017 (Table 1). Hydrological parameters varied
strongly across the sampled rainfalls: dry periods lasted from 5 h to
10 d (mean: 4 d) and rain durations varied from 15 min to 22 h
(mean: 8 h). Return periods were between 2 and 4 wk. to 3–6 mo. Dur-
ing these two years of monitoring we sampled all types of rainfall.

The sampled rainfalls were ranked in hydrological groups using a
HAC. According to antecedent dry period, rain duration and maximum
intensity, two groups were characterized.

Hydrological groups were discriminated by antecedent dry periods.
The dry periods of group #1 (events 3 through 9 and 11 through 13)
were significantly shorter than those of the other group (p-value =
0.0016, group #1 dry period average: 2.2 ± 0.96 d, overall average:
3.6 ± 2.7 d). Group #2 (events 1, 2, and 10) is characterized by long
dry periods (group #2 dry period average: 8.06 ± 1.51 d). The types
of micropollutants and their concentrations in rain water may be influ-
enced by antecedent dry period, as shown by Li et al. (2017).

Concentrations of HMs and PAHs along the SCW are shown in
Table 2.

3.1.1.1. Heavy metals in stormwater
3.1.1.1.1. The Zn predominance. Among the sevenmonitored HMs, Cr,

Co, Cu, Pb and Zn were detected in stormwater. In this study,
stormwater was characterized by high Zn concentrations (Table 2): its
concentration ranged between 110 and 360 μg/l (mean = 194 ± 69
μg/l). These high Zn amounts can be explained by the presence of nu-
merous gutters made of Zn in the watershed. Göbel et al. (2007) show
that runoff from roofs with Zn gutters are five timesmore concentrated
in Zn than runoff from roofs without Zn gutters (mean Zn concentra-
tions for runoff with Zn gutters: 1851 μg/l, for runoff without zn gutters:
370 μg/l). A concentration peak (360 μg/l) was observed on 03/25/2016
(event 4), which corresponds to a high rainfall duration event (10h). Cu
and Pb were also present in stormwater, to a lesser extent. Their con-
centrations ranged between 4 and 10 μg/l for Cu (mean = 6 ± 2 μg/l)
and 2 and 4 μg/l for Pb (mean= 3± 1.2 μg/l). Cr and Co were less pres-
ent in stormwater. Cr is detected five times at low concentrations, from
0.5 to 5 μg/l (mean=1.5±1.9 μg/l) and Coonce (event 10), at 0.22 μg/l.

All detected HMs were mostly bound to the particulate fraction (Cr:
80%, Co: 100%, Cu: 100%, and Pb: 85%), except Zn which was mainly
present in the dissolved fraction. 75% of the Zn total concentration
was found in the dissolved phase. These results are in accordance with
many studies showing that Cr, Co, Cu and Pb are mainly particle-
bound (e.g., Gromaire-Mertz et al., 1999; Zgheib et al., 2011; Schmitt
et al., 2015). There is no overall trend for Zn. Gromaire-Mertz et al.
(1999) found 48% of dissolved Zn, Lamprea, 2009 97% and Zgheib

et al. (2011) only 12%. Lamprea (2009) showed that the partitioning
of HMs depends on the type of impervious surface.

These concentrationswere comparedwith the results of two studies
in France and Poland. Lamprea (2009) analysed stormwater in a resi-
dential watershed in Nantes (area: 310,000 m2, runoff coefficient:
0.49) and Walęga and Wachulec (2018) studied an urban watershed
in Kraków (area: 332,900 m2, runoff coefficient: 0.74). Lamprea
(2009) found 6 HMs in variable concentrations (mean concentrations
for Zn: 146 μg/l, Pb: 21 μg/l, Cu: 31 μg/l, Cr: 7.5 μg/l, Ni: 5 μg/l, and Cd:
0.7 μg/l) and Walęga and Wachulec (2018) found 5 HMs with low to
high concentrations (mean concentrations for Fe: 0.1 μg/l, Cd and Zn:
10 μg/l, Pb: 100 μg/l, and Cr: 11 mg/l). HMs concentrations from our
study were in the same range of Lamprea (2009), but smaller than
those ofWalęga andWachulec (2018). This can be explained by the dif-
ferences of land use and runoff coefficient between our study and
Walęga and Wachulec's study (residential/urban; 33%/74%).

3.1.1.1.2. SCW efficiency: the HM release risk. The HM concentrations
at the output of the pond are in the same range as in the stormwater.
Only dissolved Zn concentrations were less significant. Both dissolved
and particulate Zn were almost totally removed by the SCW (RE =
98%). As expected, dissolved Zn is trapped by the filter (RE = 97%).
But the particulate Zn is alsomainly trapped by thefilter (RE=93%), in-
stead of the pond (RE=−6%). Particulate Zn REs are negative on aver-
age in the pond, as well as for suspended solids (RE = −100%, not
presented in Table 3). Particulate Zn binds to settled solids in the
pond, and particulate Zn and suspended solids concentrations are corre-
lated in the treatment system (Spearman rank test, r2 = 0.69, p b 0.01).
Incoming flow to the pond during a rain event causes the resuspension
of these solids and the associated Zn. But there is no significant correla-
tion between the incoming flow in the pond and the Particulate Zn or
the suspended solids resuspension. Zn RE were compared with the re-
sults of Al-Rubaei et al. (2017), who studied a pond followed by a wet-
land (Bäckaslöv wetland) in Sweden (catchment area: 320,000 m2,
pond area: 18,000 m2, wetland area; 50,000 m2). Zn RE in that pond
were much higher (respectively 84 and 64% for particulate and dis-
solved Zn) than in our case (respectively 24 and − 22%). Indeed, the
maximum specific inflow rate (peak inflow rate divided by pond sur-
face) of our study (1.19e–3 m3/s/m2) is ten times greater than that of
the Bäckaslöv pond (1.25e−4 m3/s/m2). Moreover the shallow pond
depth in our study (0.3 m) compared to the Bäckaslöv pond depth
(1.6 m) should promote suspended solid resuspension. It is interesting
to note, however, that the global RE is similar: 92% for particulate Zn
in both cases, 81% (Al-Rubaei et al., 2017) and 100% (our study) for dis-
solved Zn. Al-Rubaei et al. studied a pond followed by a wetland, while
our system is a pond followed by a filter. Despite its small size, the filter
is as efficient as the large Bäckaslöv wetland.

Pb and Cu are largely removed by thefilter (RE=90% for Pb and 70%
for Cu). The same removal dynamics as Zn were observed for these
bound-to-particles HMs: negative REs were observed in the pond and
HMs were mostly trapped by the filter. Cr was detected all along the

Table 1
Characteristics of sampled rainfalls from October 2015 to June 2017.

Event Date Antecedent dry period (d) Duration (h) Maximum intensity for 15 min (mm/h) Depth (mm) Return period

1 4/10/2015 10.1 4.5 4 6.2 3 to 6 mo
2 9/12/2015 7.7 3.3 4.8 5 3 to 6 mo
3 23/2/2016 2.9 5.3 2.4 8 3 to 6 mo
4 25/3/2016 1.6 10.3 1.6 2.8 1.5 to 3 mo
5 26/4/2016 1.4 4.8 0.8 2.4 1.5 to 3 mo
6 23/5/2016 3.8 21.8 2.4 11 1.5 to 3 mo
7 21/10/2016 2.5 0.3 0.8 0.2 2 wk. to 1 mo
8 28/2/2017 0.2 0.5 3.2 1 1.5 to 3 mo
9 21/3/2017 3.1 17.0 1.6 11 6 mo to 1.5 y
10 26/4/2017 6.4 10.8 0.8 4.6 1.5 to 3 mo
11 4/5/2017 2.6 6.5 3.2 3.8 1.5 to 3 mo
12 13/5/2017 1.6 4.3 20.8 13.2 1.5 to 2 y
13 3/6/2017 2.6 19 5.6 16.4 3 to 6 mo
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treatment system at low concentrations (≤7 μg/l, Table 2). Dissolved Cr
was removed partially by the filter (RE = 64%) while Cr bound to the
particulate fraction was neither retained by the pond nor by the filter
(RE = 0%). Cr was found in the outlet of the system and subsequently
released in the river, at low concentrations (5 μg/l).Co was detected
twice and was not trapped by the system. Its output concentration
was low (0.22 μg/l.

Li et al. (2017) reported lower REs for a sedimentation pond-
horizontal flow CW (pond area: 100 m2, CW area: 330 m2) treating
stormwater from a residential watershed (1643 m2) in China (mean
RE for total HMs: Pb: 61%, Cu: 46%, Cr: 42%, and Zn: 67%). As well,

Birch et al. (2004) studied a sedimentation pond-CW (pond area:
100m2, CW area: 700 m2) in a residential watershed (480,000 m2) in
Australia that removed HMs as efficiently as our treatment system
(mean RE for total HMs: Pb: 65%, Cu: 65%, Cr: 64%, and Zn: 52%) and
which exhibited negative RE for Zn and TSS for some storm event. No
correlation between negative suspended solid and Zn concentrations
was examined in this study.

3.1.1.2. PAHs in stormwater
3.1.1.2.1. Low PAH occurrence. Seven PAHs (acenaphtene, fluorene,

phenanthrene, fluoranthene, pyrene, benzo(b)fluoranthene and

Table 2
Concentrations in μg/L of dissolved (D), particulate (P), total (T) heavy metals and PAHs (minimum – maximum [average]) and number of detection (ND) along the SCW.

(n = 13) LOQ (μg/L) Stormwater
(μg/L)

ND Pond output
(μg/L)

ND Filter output
(μg/L)

ND

Cr-D 0.5 7 1 7 1 bLOQ 0
Cr-P 0.5 0–5 [1.84] 4 0.7–5 [2.25] 3 5 1
Cr-T 0.5 0–7 [1.07] 5 0.7–7 [3.32] 5 1
Co-D 0.2 bLOQ 0 bLOQ 0 bLOQ 0
Co-P 0.2 0.22 1 0.29–0.39 [0.34] 2 0.22–0.31 [0.27] 2
Co-T 0.2 0.22 1 0.29–0.39 [0.34] 0.22–0.31 [0.27] 2
Cu-D 0.5 bLOQ 0 bLOQ 0 bLOQ 0
Cu-P 0.5 4.11–9.7 [6.44] 4 2.78–11.5 [6.19] 4 1.41–3.03 [2.22] 2
Cu-T 0.5 4.11–9.7 [6.44] 4 2.78–11.5 [5.63] 1.41–3.03 [2.22] 2

Pb-D 0.5 6 1 6 1 bLOQ 0
Pb-P 0.5 1.95–4.15 [3.11] 4 1.75–6.73 [4.40] 4 bLOQ 0
Pb-T 0.5 1.95–6 [1.19] 5 1.75–11.3 [5.63] 5 bLOQ 0
Zn-D 5 70–300 [146.5] 13 40–120 [91.7] 12 bLOQ 0
Zn-P 5 20–281 [90.1] 13 10–197 [69.9] 13 5.9 1
Zn-T 5 110–360 [194] 13 100–197 [145.6] 13 5.9 1
Acenaphtene 0,01 0.01 1 bLOQ 0 bLOQ 0
Benzo(a)pyrene 0,01 0.053 1 bLOQ 0 bLOQ 0
Fluorene 0,01 0.01–0.02 [0.013] 4 0.01–0.02 [0.013] 4 bLOQ 0
Phenanthrene 0,01 0.01–0.06 [0.028] 12 0.01–0.09 [0.036] 9 0.01–0.02 [0.014] 3
Anthracene 0,01 bLOQ 0 0.05 1 bLOQ 0
Fluoranthene 0,01 0.01–0.17 [0.036] 9 0.01–0.04 [0.025] 8 0.02 1
Pyrene 0,01 0.01–0.12 [0.033] 7 0.01–0.03 [0.02] 7 0.01 1
Benzo(a)anthracene 0,01 0.06 1 bLOQ 0 bLOQ 0
Chrysene 0,01 0.05 1 bLOQ 0 bLOQ 0
Benzo(b)fluoranthene 0,01 0.01–0.06 [0.035] 2 0.01 1 bLOQ 0
Benzo(k)fluoranthene 0,01 0.03 1 bLOQ 0 bLOQ 0
Naphtalene 0,01 0.01–0.06 [0.02] 7 0.01–0.02 [0.015] 8 0.01–0.03 [0.016] 7

REs of the SCW and of each compartment (pond and filter) are presented in Table 3 in term of both mass and concentration.

Table 3
Removal efficiency (RE) of the SCW, the pond and the filter to remove dissolved (D), particulate (P) heavy metals and PAHs (minimum –maximum [average]) (−: below limit of detec-
tion; ND: number of detection; ⁎: RE not calculable because of a null output volume).

Micropollutants Pond RE (%) Filter RE (%) SCW RE (%) ND

Conc. Mass Conc. Mass Conc. Mass

Chromium-D – 87 96 100 96 100 1
Chromium-P 0–54 [27] −67-100 [44] 0–76 [38] 97 0–54 [27] 94–100 [97] 3
Cobalt-D – 100 – ⁎ – 100 2
Cobalt-P −77 58–100 [86] 21 93 −41 97–100 [98] 3
Copper-D – 59 – 99 – 100 1
Copper-P 19–56 [6] 48–100[83] 49–91 [70] 99 47–96 [70] 100 3
Lead-D 0 75–100 [90] 96 94–100 [99] 96 100 11
Lead-P −74-10 [−38] 63–100 [88] 86–95 [91] 91–100 [98] 87–94 [90] 100 12
Zinc-D −20-67 [37] 100 94–98 [97] ⁎ 96–99 [98] 100 1
Zinc-P −200-57 [−6] 100 75–99 [93] ⁎ 88–99 [93] 100 1
Acenaphtene 50 84–100 [97] – 88–100 [94] 50 98–100 [99] 5
Benzo(a)pyrene 91 59–100 [86] – 30–100[44] 91 93–100 [99] 11
Fluorene 0–50 [38] 100 50–75 [56] ⁎ 50–75 [56] 100 1
Phenanthrene −100-75 [2] 38–100 [82] 50–92 [74] 97–100 [98] 50–92 [68] 98–100 [100] 9
Anthracene – 59–100 [84] 90 94–100 [97] – 98–100 [99] 6
Fluoranthene −100-76 [8] 100 50–88 [71] ⁎ 50–88 [71] 100 1
Pyrene 0–75 [11] 100 67–75 [74] ⁎ 75–92 [77] 100 1
Benzo(a)anthracene 92 100 – ⁎ 92 98-100 [100] 2
Chrysene 90 100 – ⁎ 90 100 1
Benzo(b)fluoranthene 0–92 [46] −25-100 [80] 50 16–100 [76] 50–92 [71] 66–100 [94] 10

⁎ RE not calculable because of a null output volume).
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naphthalene) were detected among the 16 tracked. Their concen-
trations are shown in Table 2. Phenanthrene was detected in most
every rain events (frequency of detection = 72%) while benzo(b)
fluoranthene was rarely detected in the inlet (frequency of
detection = 9%).

Lamprea (2009) found 9 PAHs among the 16 researched in higher
concentrations than the present study (total PAHs concentrations for
Lamprea (2009): 0.104 μg/l, our study: 0.07 μg/l). This difference can
be explained by the larger watershed size of the study (Lamprea
(2009): 310,000 m2, our study: 27,000 m2).

3.1.1.2.2. SCW removal efficiency. Among the seven PAHs found in
stormwater, only acenaphtene was not detected in the pond output.
The six other PAHs were present in average concentrations from 0.01
μg/l (Benzo(b)fluoranthene) to 0.03 μg/l (phenanthrene). Due to
smaller concentrations, PAH REs were smaller than those for HMs.
This might be an effect of the smaller concentration levels rather than
a true feature of the system. Among the 7 PAHs found, only 3 had REs
N70% (phenanthrene, fluoranthene and pyrene). The others had REs be-
tween 45% (naphthalene) and 56% (fluorene). PAHs were mostly re-
moved by the filter, except naphthalene which was removed either by
the pond or the filter. Naphalene is highly soluble in water (solubility
in water at 25 °C: 32 mg/l) compared to the other PAHs (from
3.42 mg/l for acenaphtene to 0.001 mg/l for benzo(b)fluoranthene)
(EPA, 1984). Thus, naphthalene did not seem to settle in the pond, nor
was it sorbed in the filter. Fluorene, phenanthrene and fluoranthene
had negative REs in the pond. According to the literature, PAHs are
mostly bound to the particulate fraction (Bressy, 2010; Zgheib et al.,
2011). As for Zn, incomingflow in the pond could cause PAHs resuspen-
sion and therefore an increase in PAH concentrations in the water.

3.1.1.3. Rain characteristics effects on micropollutant. We hypothesized
that hydrological characteristics have an impact on micropollutants
concentrations. Rainfall after a long dry period or rainfall with a long du-
ration or high intensity may cause an important micropollutant load in
stormwater. The PCA loading in Fig. 4 provides an overview of the var-
iables that can affect the HMs and PAHs concentrations in stormwater.

Particulate Cu (cu_p), dissolved Zn (zn_d), benzo(a)anthracene
(baa), rainfall duration (tp) and depth (h) are grouped together along
the second dimension (dim2). This suggests that concentrations of par-
ticulate Cu, dissolved Zn, and benzo(a)anthracene are significantly and
positively influenced by rainfall duration and depth. On the contrary,
particulate Zn (zn_p) is grouped along the first dimension (dim1) and
opposite rainfall duration and depth, suggesting that these hydrological
parameters influence significantly and negatively particulate Zn con-
centrations in stormwater. The first dimension indicates that three
PAHs (phenanthrene (phen), pyrene (pyr) and fluoranthene (flutn))
are significantly and negatively influenced by dry periods (dts). To con-
clude, for the 13 sampled rainfall events, long rainfall duration and high
depth caused high particulate Cu and benzo(a)anthracene concentra-
tions and low particulate Zn concentrations. Then, long dry periods gen-
erated low phenanthrene, pyrene and fluoranthene concentrations in
stormwater.

3.2. Heavy metal storage dynamics

3.2.1. Concentrations in water during dry periods
The pond is colonized by awide variety of plants and provides a hab-

itat for many species (such as green toads). This ecosystem is actually
made of thewater from the SCW,which operatesmost of the times dur-
ing dry weather (in one year, 70% dry weather and 20% wet). As the
pond is an artificial water body, its micropollutant concentrations
have to be below the limit concentrations in water per the European
and French regulations (CE, 2000; RF, 2010).

To verify this, one SCWwater sampling campaign was performed in
April 2017 during a dry period.We trackedmicropollutants in the pond
water, in the water at the subsurface of the filter, and at the system

outlet. The results for HM and PAH concentrations in water along the
SCW are shown in Fig. 5.

3.2.1.1. Heavy metals. Four HMs (Co, Cu, Pb, and Zn) were found in pond
water and seven (Cd, Cr, Co, Cu, Ni, Pb, and Zn) in the subsurface filter
water during the dry period, while only five were detected in
stormwater samples during rainfall events (Cr, Co, Cu, Pb, and Zn).
LOQs are provided in Table 2. No other HMswere found at the filter out-
let except Cu (0.85 μg/l). In the pond, no Cd and Crwere detected during
the dry period but they were found in stormwater. Cu, Pb, and Zn con-
centrations were lower in the pond water during the dry period than
in the stormwater. As for the stormwater, the most present HM in the
SCW during the dry period was Zn. Concentrations in the pond were
4.5 times higher than the French legislation concentration limit (7.8
μg/l) (RF, 2010) and 606 times higher in the filter. Other HM concentra-
tions abide by the European (CE, 2000) and French legislations, but not
in the filter where they are above limit concentrations (European limit
concentrations for Cd: 0.08 μg/l and Pb: 1.2 μg/l, French limit concentra-
tions for Cr: 3.4 μg/l, and Cu: 1 μg/l). Still, the measured Zn concentra-
tions could be harmful for the species living in the SCW, as toxic
effects occur at concentrations from 68 μg/l for Daphnia magna, a com-
mon crustacean in waterbodies (Nys et al., 2017). All HMs concentra-
tions in the filter were higher than in the pond and in the stormwater
(Average stormwater concentrations for Cr: 1.5 ± 2 μg/l, Co: 0.22 μg/l,
Cu: 6.5 ± 2 μg/l, Pb: 3 ± 1 μg/l, and Zn: 194± 69 μg/l; pond concentra-
tions for Co: 0.32 μg/l, Cu: 1.53 μg/l, Pb: 0.87 μg/l, and Zn: 35.6 μg/l; filter
concentrations for Co: 2.13 μg/l, Cu: 74.8 μg/l, Pb: 25.8 μg/l, Zn: 4730 μg/
l, Cd: 0.37 μg/l, and Cr: 6.29 μg/l). Yet the permanent water level in the
filter is not high enough (around 30 cm) to be in contact with the
upper sand layer of the filter. This result suggests a release of HMs
from filter sand to interstitial water, where they are then leached to
the bottom of the filter during discharging rain events.

3.2.1.2. PAHs. Among the seven PAHs detected in stormwater during the
rainfall event, only five were found in the pond (acenaphtene, fluorene,

Fig. 4. Principal components 1 and 2 obtained from a PCA of rainfall duration (tp), depth
(h), dry period (dts), dissolved and particulate HM and PAH concentrations in
stormwater as variables and rainfall events (1 through 13) as individuals. The
contribution of variables is from high (in red) to low (in blue). Dim1 explains 26.6% of
the variance in the data and Dim 2 21.2%.
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phenanthrene, fluoranthene, and pyrene) and four in the filter (phen-
anthrene, fluoranthene, pyrene, and benzo(b)fluoranthene) during the
dry period. Naphtalene was not detected in the SCW solid matrix. In
fact, naphtalene is characterized by the highest water solubility
(32 mg/l) and the highest Henry constant (48.9 Pa.m3.mol−1) at 25 °C,
hence it has a great ability for volatilization. Alson note that
acenaphtene and naphtalene provide the lowest partition coefficient
for octanol/water (log Kow): log Kow = 3.98 and 3.3, respectively.

This means that there is a weak potential accumulation of these PAHs
in lipids. PAHs concentrations along the SCW were in the same range
as in stormwater (pond concentrations for acenaphtene: 0.02 μg/l,
fluorene: 0.02 μg/l, phenanthrene: 0.05 μg/l, fluoranthene: 0.02 μg/l,
and pyrene: 0.01 μg/l; filter concentrations for phenanthrene: 0.02 μg/
l, fluoranthene: 0.03 μg/l, pyrene: 0.03 μg/l, and benzo(b)fluoranthene:
0.02 μg/l). These concentrations are below the limit concentrations of
the French legislation (French limit concentrations for acenaphtene:

Fig. 5. Concentrations (μg/l) of heavymetal during a dry period in (a) thewater pond and (b) thewater filter and (c) concentrations (μg/l) of PAHs inwater along the SCW at equilibrium
(April 2017) (a) HM concentrations during a dry period in the pond water phase (b) HM concentrations during a dry period in the filter water phase (c) PAHs concentrations along the
SCW(ACE=acenaphtene, B(a)P=benzo(a)pyrene, FLUO=fluorene, PHE=phenanthrene, ANT=anthracene, FLT=fluoranthene, PYR=pyrene, B(a)A=benzo(a)anthracene, CHRY
= chrysene, B(b)F = benzo(b)fluoranthene, B(k)F = benzo(k)fluoranthene, D(a,h)A = dibenzo(a,h)anthracene, NAPH= naphthalene, B(ghi)P = benzo(ghi)perylene, and I(c,d)P =
indeno (1,2,3-cd)pyrene).
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0.7 μg/l, fluorene: 0.3 μg/l, phenanthrene: 0.11 μg/l, fluoranthene: 0.1
μg/l, pyrene: 24 μg/l, and benzo(b)fluoranthene: 30 μg/l) (RF, 2007).

In summaryHMand PAH concentrations in pondwater during a dry
period were explained by the stormwater input. This was not the case
for HM concentrations in the filter which were much higher than in
stormwater and pond water. Aside from the pond load, another poten-
tial HM source of HMs detected in water during the dry period is the
storage of HMs in the sand of the filter.

3.2.2. Heavy metal storage in sediments and soils
Analyses of Pb, Zn, and Cu contents along the SCWwere performed

twice, in 2016 and 2017. Cr, Ni, Co and PAHswere tracked only in 2017.
The results of HM and PAH contents are presented respectively in Fig. 6
and Fig. 7.

3.2.2.1. Heavy metals. In the pond, Pb, Zn and Cu contents in 2017 were
much higher than in 2016 (contents in 2016 for Pb: 10.1 mg/kg, Zn:
426 mg/kg, and Cu = 13.71 mg/kg and in 2017 for Pb: 260 mg/kg, Zn:
2270 mg/kg, and Cu = 97.1 mg/kg). In only one year, pond sediments
were 5 times richer in Zn, 7 times in Cu, and 26 times in Pb. In the filter,
HM contents in 2016 and 2017 werre not significantly different (Mann
Whitney-Wilcoxon test, p N 0.01). Moreover, there was no significant
difference in HM content between the high and the low-supplied filter
areas, which shows that our hypothesis (differential water feeding
causes a significant differential distribution of HMs) was wrong. Still
the HM content differs according to the substrate and the depth in the
filter. The first (organic deposit, 0–10 cm) and the second (sand mixed
with organic deposit, 10-20 cm) layers of substrates are significantly
more concentrated in HMs than the deep sand (20–40 cm). Thus, HMs
are more likely stored in the organic deposit and the first few
centimetres of sand. Lin and Chen (1998) already showed that an in-
crease in organicmatter content in river sediments causes a better sorp-
tion potential of heavy HMs.

3.2.2.2. PAHs. In the pond sediments, 12 PAHs were detected at high
levels compared to the 5 found in water during the dry period (contents
in pond sediments for acenaphthylene: 0.13 mg/kg, phenanthrene:
0.66 mg/kg, anthracene: 0.2 mg/kg, fluoranthene: 1.3 mg/kg, pyrene:
0.79 mg/kg, benzo(a)anthracene: 0.4 mg/kg, chrysene: 0.54 mg/kg,
benzo(b)fluoranthene: 0.73 mg/kg, benzo(k)fluoranthene: 0.49 mg/kg,
benzo(a)pyrene: 0.41 mg/kg, benzo(ghi)perylene: 0.34 mg/kg, and
indeno(1,2,3-cd)pyrene: 0.49 mg/kg). Among the four other PAHs, one
was not detected in stormwaters along the SCW (dibenzo(a,h)

anthracene) and the three others (naphtalene, acenaphtene, and
fluorene) were detected in stormwater (except naphtalene was de-
tected only in stormwater). Bidaud and Tran-Minh (1998) showed
that PAHs with a small number of carbons in their structure (2 to 4 car-
bons) are 90% biodegradable in soils. On the contrary, PAHs with a high
number of carbons (5 to 6) are slightly or not biodegradable. In our case,
the three PAHs not found in pond sediments contains two carbons
(naphtalene) or three (acenaphtene, fluorene). They are volatilized
(naphtalene) or biodegraded (acenaphtene, fluorene) in the sediments
by microorganisms. Indeed, these molecules provide the lowest parti-
tion coefficients for octanol/soil organic carbon (log Koc): log Koc =
3.66 for acenaphtene and log Koc = 3.15 for naphtalene (EPA, 1984).
Hence, a weak ability to bind to soil or sediment organics.

As for HMs, there was no significant difference between PAH con-
tents in the input and output of the filter. PAHs were detected only in
the organic deposit (first layer) in both the input and output filter. In
total, 5 PAHs were detected in lower concentrations than in pond sedi-
ments (contents in the organic layer L1 of the input filter for: fluoran-
thene: 0.091 mg/kg, pyrene: 0.053 mg/kg, benzo(b)fluoranthene:
0.076 mg/kg, and indeno(1,2,3-cd)pyrene: 0.052 mg/kg; of the output
filter for: fluoranthene: 0.071 mg/kg, benzo(ghi)perylene: 0.053 mg/kg,
and indeno(1,2,3-cd)pyrene: 0.064 mg/kg).

These results show that the pond stores the majority part of the
micropolluant loads in the SCW. However, the RE results for HMs
(Section 2.1.2) indicate that the filter is responsible for trapping most.
This can be explained by the mobility of HMs in the filter. Indeed, we
saw that, during a dry period, the HM concentrations in the filter
water weremuch higher than in the pondwater and in the stormwater.
During dry periods, changes in physico-chemicals properties in thefilter
could cause a change of speciation and thus a release of HMs in the in-
terstitial water. Yeh et al. (2009) showed in pilot-scale CW that the spe-
ciation of HMs determines their fate in the system (i.e. released, stored
or uptaken by plants or microorganisms).

Another striking result is that the organic deposit in the filter also
stores a large part of the retained micropollutants load. This deposit is
made of particulate pollution blocked by the layer of sand and dead
plants. The organic deposit in the filter and the sediment layer in the
pond is growing every year, thus, the proper functioning of the SCW
could be threatened by a filling of the pond with sediments and a clog-
ging of the filter by the deposit layer. So far, during the six years of SCW
operation, the pond sediments have never been dredged nor the filter
cleaned. There seems to now be a need for SCW maintenance. French
regulations allow for the use of sediments andmuds as roadway backfill

Fig. 6. Heavy metal contents (mg/kg of dry matter) in the sediment of the pond, and in the three layers (L1, L2, L3) of the input and the output filter in 2016 and 2017.
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as long as the substrate contains HMs and PAHs under the following
contents (BRGM, 2002): Cr: 65 mg/kg, Cu: 95 mg/kg, Ni: 70 mg/kg,
Zn: 4500 mg/kg, and naphtalene: 23 mg/kg. The current contents in
the sediment are above the limit for Cr. In the organic deposit, the con-
tents are below the limits. Reuse of sediments as roadway backfill is a
cost-effective alternative to manage SCW waste, especially in contrast
to landfill storage, which is very expensive. However, the environmen-
tal risk posed by this reuse remains to be assessed. In fact, dredged pond
sediments are often dried before disposal at landfill facilities, which
could lead to a change of HM mobile fraction distribution (Blecken
et al., 2017).

4. Conclusion

In order to determine the stormwater micropollution impacts along
the rain characteristics and SCW REs, 13 sampling campaigns were per-
formed during 3 years (2015 through 2017). The incoming stormwater
from a small residential watershed was characterized by a high amount
of Zn and a variety of PAHs. Additionally Cu, Zn and PAH concentrations
in stormwater were impacted by hydrological characteristics. At the
scale of a rain event, the filter catches the majority of both dissolved
and particulate micropollutants, and the suspension of particulate
micropollution by the incoming flow decreases the pond RE. The treat-
ment RE of the SCW system varies from 50% (naphthalene) to 100%
(particulate Zn). Because of the suspension of particulatemicropollution,
REs in the pond can be negative for particulate micropollutants. The
study of the SCW during a dry period highlights the release of HMs
from filter sand to interstitial water. In fact, HM concentrations during
a dry period were much higher than during rain events in the SCW;
we even detected more micropollutants in the filter water during the
dry period. An assessment ofmicropollutant storage in the SCW showed
that the pond stored the majority of micropollutants, then the organic
deposit in the filter, contrary to what the REs indicate. There seems to
be no difference in micropollutant load between the largely-fed and
the poorly-fed areas of thefilter. Finally, currentmicropollutant contents

in the substrate filters could allow for reuse as roadway backfill, an eco-
nomical alternative to landfill storage.

The release of HMs, especially Zn, is the next operational challenge
for SCWs. The physico-chemical variations in the SCW can cause a
change in HM speciation and possibly a release into the incoming
water. There is a need to investigate the interactions between the filter
sand and HMs, and to anticipate HM saturation and subsequent HM
release.
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A B S T R A C T

Sorption behaviors of copper (Cu), lead (Pb) and zinc (Zn) in a stormwater constructed wetland (CW) have been
investigated by combining CW sample analysis and batch sorption experiments. The mass balance calculations
suggest retention/remobilization along the CW sequence for Zn, unlike Pb and Cu. According to the mixed
Tessier-BCR sequential extractions results, Pb and Zn are both mainly associated to residual fractions (in-
corporated in the lattice or at surfaces of primary clays, or in heavy minerals) and to Fe/Mn oxihydroxyde
fractions, whereas Cu is possibly associated to carbonates minerals in the CW. In CW field conditions (metals at
trace concentrations and pH lower than 7.5), batch experiment results suggest that the global affinity of the CW
substrate for metals attends the following order: Pb=Cu > Zn. Pb and Cu form surface complexes on high and
weak affinity sites of the substrate, as hydroxyl groups of iron oxides. Zn is involved in ion exchange and/or
compensation of negative charges at the surface of CW substrate (pH < 5). The metals sorption capacities of the
substrate reveal that Zn is potentially desorbable from the substrate under the field conditions, on the contrary
Cu and Pb removal efficiencies are above 90%.

1. Introduction

Naturally-occurring heavy metals or metalloids (HMs) such as zinc
(Zn), copper (Cu), lead (Pb), nickel (Ni), chromium (Cr) and cadmium
(Cd) are ubiquitous in all compartments of surface systems, due to their
release upon weathering of primary rocks and their subsequent parti-
cipation to a variety of biogeochemical processes, including secondary
processes of retention (sorption) in soils, formation of dissolved or
(pseudo)colloidal species transported through soil/surface waters, and
uptake by plant roots followed by a delocalization to foliage which may
favor further transfers of HMs along the trophic chain. It is well re-
cognized that a multitude of human activities since the past decades,
such as those related to ore mining and reprocessing, industrialization
and urbanization, have led to a multiplicity of introductory pathways
(air, effluents…) of HMs in the environment, contributing thereby to an
increase of HMs contents in rain and surface waters (Bressy, 2010; Kar
et al., 2008; Sekabira et al., 2010), which can have a negative effect on
aquatic ecosystems such as, for example, a health hazard to fishes (Fu
et al., 2013). One of the multiple sources of human-derived HMs in
surface waters is urban runoff water. Runoff water remobilizes HMs
from urban soil (Flores-Rodriguez, 1992) and is a main vector of dis-
semination/transport of HMs like Zn (130–160 μg/l), Pb (3–29 μg/l), Cu

(8–31 μg/l) and to a lesser extent Cr, Ni and Cd (Bressy, 2010; Lamprea,
2009; Schmitt et al., 2015). Stormwater constructed wetlands (CW) can
be used to trap HMs transported via runoff waters and to limit the
contamination of surface water by HMs. The main process involved in
the retention of HMs depends on HMs partitioning between the aqueous
and particulate phases: particulate HMs settle in sedimentation pond or
are mechanically filtered in filtering basins whereas dissolved HMs are
rather sorbed at surfaces of (nano)particles such as clays, metal oxides
and hydroxides, metal carbonates, phosphates and organic matter (OM)
in suspension, in pond sediments or in basin substrate (Bradl, 2004).

Sorption processes responsible for retention of HMs in soils include
a variety of mechanisms (Sposito, 1981) such as ion exchange
(McBride, 1994), (co)precipitation (Heike B Bradl, 2004) and surface
complexation (Srivastava et al., 2005). Consistently, the main processes
of HMs retention reported for CWs are adsorption on surfaces of mi-
neral and organic constituents, diffusion in primary and secondary
mineral structures and precipitation as secondary phases (Sipos et al.,
2008). The partitioning of HMs between mineral surfaces and solution
is actually controlled by their speciation (Lee et al., 1998), which de-
pends on multiple parameters such as the affinity of the metals for
dissolved ligands and/or for ligands sorbed at the mineral-solution in-
terfaces (e.g. Land et al., 1999), the structure and the stability of the
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metallic species formed (Braun et al., 1993), and the physico-chemical
conditions prevailing in the soil (H. W. Nesbitt, 1979). Main parameters
affecting the extent of sorption of a HM include the pH and the ionic
strength (Harter, 1981), the presence and concentration of competing
or complexing species (Benjamin and Leckie, 1981) and humic sub-
stances (Davis, 1984) and the nature and concentration of the substrate
(Spark et al., 1995).

Many studies have investigated the sorption behavior of Pb, Cu and
Zn in natural soils by means of analytical techniques, e.g. electron
microscopy, sequential chemical extractions on soil samples and/or
batch sorption experiments in competitive metal systems. Several stu-
dies of different soils showed general agreement on the following order
of sorption of HMs: Pb > Cu > Zn (Covelo et al., 2007a; Echeverria
et al., 1998; Hooda and Alloway, 1998; Jiang et al., 2006; Sipos et al.,
2008). Elliott et al. (1986) studied the competitive sorption of divalent
trace metals and showed that the presence of humic substances (HS) is
likely to change the metal affinity order for soil surfaces. The authors
found that the affinity order of Cu, Pb, Cd and Zn for acidic soils cor-
responds to the order of pKs for the first metal hydrolysis products (i.e.,
Pb > Cu > Zn > Cd) in the absence of HS, whereas the retention of
Cd is favored over that of Zn in the presence of HS. This finding was in
agreement with experimental studies showing that the stability con-
stants of dissolved metal-HS complexes increase in the order Pb/
Cu > Cd > Zn (Kostic et al., 2011; Pandey et al., 2000; Yang and van
den Berg, 2009) and supported the existence of specific interactions
between metals and HS sorbed at mineral surfaces of soil. Soil com-
ponents that have been reported in the literature as the main sorbents of
HMs depend on the metal and soil considered. Cu was mostly found to
be specifically adsorbed in a non-exchangeable form in soils. According
to Bradl (2004), Fe and Mn oxides, soil OM and carbonates are the most
important sinks for Cu. In a study on 11 Spanish acid soils, Covelo et al.
(2007a) reported that Cu is preferentially sorbed by OM and clay as
vermiculite. The high charge/radius ratio of Cu enables it to form stable
complexes with OM and with high-surface-charge clays as vermiculite
(Covelo et al., 2007a). Atanassova and Okazaki (1997) showed that Cu
is mainly sorbed at specific high affinity sites which are provided by Fe
and Mn oxides present in the soil clay fraction. Carbonate minerals in
soils cause alkaline conditions which favor an increased Cu sorption
and the precipitation of metals (Sipos et al., 2008). Regarding Pb,
Hooda and Alloway (1998) showed that the calcium carbonate and clay
mineral contents are positively and significantly correlated with Pb
sorption on the acidic subsoils of the eastern USA unlike the OM con-
tent. In contrast, Covelo et al. (2007b) and De Matos et al. (2001) in-
dicated that Pb sorption is correlated with the OM and calcium car-
bonate mineral contents. Bradl (2004) reported that Mn and Fe oxides
have a predominant role on Pb sorption: Pb can be strongly and spe-
cifically adsorbed due to its high affinity for the oxide surfaces and/or it
may participate to the formation of Pb-Mn minerals such as coronadite.
Whereas Cu and Pb exhibit specific sorption on soil components such as
OM, Fe and Mn oxides, Zn is widely reported to show a non-specific
electrostatic adsorption on soil solid particles. For example, Bradl
(2004) reports that 2:1 clays (e.g., montmorillonite and illite) have
greater Zn fixing capacities than 1:1 clays because Zn is mostly trapped
in at frayed edges of clays interlayers wedges. Zn sorption was also
found to be highly correlated to Ca soil contents (De Matos et al., 2001)
and to be mainly bound to the carbonate and residual fractions of se-
quential extraction experiments using soil samples (Marković et al.,
2016). In summary, OM, clay minerals and Fe and Mn oxides are the
most important soil components determining the extent of sorption of
HMs in soils. OM can participate to formation of stable metallo-organic
complex with Cu and Pb or may bind them by ionic interaction. Clay
minerals and metal oxides sorb Cu, Pb and Zn through surface ion ex-
change and/or metal(organic) surface complex formation (Covelo et al.,
2007b; Sipos et al., 2008). Therefore, the ability of a substrate to bind
Cu, Pb and Zn strongly depends on its OM and clays contents.

The literature is plenty of studies focus on metal sorption

mechanisms in industrial and acidic mining soils (Di Luca et al., 2011;
Sheoran and Sheoran, 2006; Uchimiya et al., 2011; Vega et al., 2006)
and in natural media as stream sediments and natural soils (Atanassova
and Okazaki, 1997; Covelo et al., 2007b, 2007a; De Matos et al., 2001;
Echeverria et al., 1998; Hooda and Alloway, 1998; Jiang et al., 2006;
Marković et al., 2016; Pan et al., 2016; Sipos et al., 2008; Xian, 1989;
Yun et al., 2003; Zhang et al., 2016).

However no study has so far been focusing on the sorption of HMs
on CW substrates, especially for urban stormwater treatment. CWs are
used for HM retention purposes by specific substrates (sand rich, low
OM contents) whose sorption capacity has to remain constant for dec-
ades. Moreover, although HM loads in CWs are lower than in the in-
dustrial/mining context, they are much higher than in natural systems.
All these features make the sorption mechanisms of HMs an important
issue of CWs, in particular with regard to the safety assessment of CWs
during ageing.

In this work, we aimed at gaining insights into the sorption me-
chanisms of Cu, Pb and Zn in an urban stormwater CW by combining
CW sample analyses and batch sorption experiments of HMs. The mo-
bility/retention behavior of HMs in CW was investigated by performing
chemical analyses of substrate/water samples collected along a studied
CW profile. Sequential extraction experiments were also made on col-
lected substrate samples to identify main sorbing phases of HMs in CW.
Further information on mechanisms involved in the retention of HMs
on the CW substrate was acquired by investigating effects of key
parameters on the competitive sorption of HMs on sand, e.g., pH, metal
concentration, HM-sand-solution contact time and sand composition. .

2. Material and methods

2.1. Constructed wetland studies

The experimental site takes place in Strasbourg (67, France). The
treatment system collects runoff water from an urban catchment
(27,000m2) and is made up by a pond followed by a CW designed to
reduce the amount of HMs released in stream. Sizing data are available
in (Walaszek et al., 2018). The present study takes place after a 6-years
operating of the experimental site and it focuses on the CW substrate,
more precisely on the top layer substrate which is expected to be a main
trap for dissolved metals. The CW substrate is a filter composed of three
layers of 20–30 cm with a variable granulometry (Fig. 1). The top layer
studied here is made by sand (with a grain diameter between 0 and
4mm), the intermediate layer by thin gravel (grain diameter between 4
and 8mm), and the bottom layer by coarse gravel (grain diameter be-
tween 10 and 14mm). Stormwater infiltrates from the top to the
bottom layer and is drained to the stream. In this work, a core sample of
the top sand layer was collected up to 25 cm in depth at one sampling
point in the CW and was divided into subsamples at three different
depths (CW0-10: from 0 to 10 cm, CW10-20: from 10 to 20 cm, and CW20-

25: from 20 to 25 cm).
After sieving (< 1mm) and homogenization, the subsamples were

taken for chemical analysis and sequential extraction experiments. A
fresh sub-sample of the initial sand (noted sand #1, purchased from
Holcim Bischwiller) that was used for constructing the CW top layer,
and another sand sample (noted sand #2, also purchased from Holcim
Bischwiller but not used in the CW), were also taken after sieving
(< 1mm) for analysis of their particle-size distribution and of their
chemical and mineralogical compositions. The particle-size distribution
of sand #1 was determined by size fractionation using wet sieving:
nested column of sieves (7 mesh sizes: 500- 250–200 -160-100 μm) and
is reported in Table 1. The mineralogical compositions of sand #1 and
sand #2 were determined by X-ray diffraction analysis. The measure-
ments were performed on both the whole samples and the clay size
(< 2 μm) fraction using a Bruker Endeavor D4 diffractometer. Clay size
fraction was isolated by settling, and oriented on glass slides. Three
XRD analyses were performed for each sample: a) without treatment, b)
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after saturation for 12 h in ethylene-glycol, c) after heating at 490 °C for
2 h (Bout-Roumazeilles et al., 1999). The clay minerals were identified
with their layer and interlayer spacings (Brindley and Brown, 1980). A
semi-quantitative estimation of the percentage of each mineral in clay
size fraction was performed, with an error in reproducibility of the
measurements of less than 5% for each mineral. Quartz and calcite are
the major minerals in the sands and plagioclase occur as accessory
minerals. The clay fraction is composed by illite (51%) and chlorite
(49%).

The chemical analyses of the CW subsamples (CW0-10, CW10-20,
and CW20-25) and of the fresh subsample of initial sand (sand#1) were
performed to determine the evolution of contents in major and trace
elements along the CW top layer of CW and the HM mass balances.
Prior to chemical analysis, the subsamples were crushed (< 80 μm),
homogenized and dried at 105 °C. They were then digested by alkali
fusion with LiBO2 followed by a leaching in a concentrated HNO3 so-
lution. Major element analysis was made using a Thermo Fisher ICap
6500 inductively coupled plasma optical emission spectrometer (ICP-
OES), and trace element analysis was made with a Thermo Elemental
×7 inductively coupled plasma mass spectrometer (ICP-MS). The
analytical precision was determined to be< 10% for ICP-OES mea-
surements and<5% for ICP-MS measurements. The chemical compo-
sitions of sand#1 and of the CW subsamples are shown in Table 2 and
Table 3 and in Supplementary Information S1, respectively. Contents of
Cd, Cu and Zn in sand#1 were under the detection limit. Mass balances
of the metals (gain/losses) in the CW subsample at depth from x to y cm
were calculated by taking thorium (Th) as invariant element and using
the following formula (H. Wayne Nesbitt, 1979):

� �= �� � ��◊
� �Gain Loss

CW CW
/ (%)

Metal content in /Th content in
Metal content in sand #1/Th content in sand #1

1

100

x y x y

Sequential extraction experiments were performed on the CW and
on the sand#1 subsamples to help identify main phases of sand that
were able to trap HMs in the CW top layer. A procedure combining the
Tessier and the BCR methods (Rauret et al., 1999; Tessier et al., 1979)
was used. Principle of the sequential extractions is to extract from a
same sample the HMs contained in different phases of samples by using
extracting reagents of increasing strength. The steps in the procedure
were operationally defined in terms of the main targeted forms as fol-
lows: exchangeable-weakly sorbed fraction (8mL, 1M MgCL2), sorbed
and/or carbonate-bound fraction (8mL, 1M CH3COONa, pH 5.0),

bound to easily reducible manganese oxides and amorphous iron oxides
fraction (40mL, 0.25M (NH2OH)2H2SO4, pH=1.5–2.0), bound to
and/or incorporated into organic matter (3 mL, 0.02M HNO3,
5mLH2O2 30%, pH=2 then 3mLH2O2 30%, pH=2 then 5mL, 3.2M
CH3COONH4 in HNO3 20%). The procedure used for 1 g sample is
summarized in Table 4. At each step of the procedure, the reagent
containing the extracted elements was collected, acidified (except for
last reagent) and analyzed for its HM contents by ICP-MS. It should be
noted that the fractions extracted by these experiments are actually
defined by the operative mode (reagent and extraction conditions) and
not from the point of view of the mineralogy/constituent phases of the
sample. However, it is common to link these fractions to large classes of
soil and sediment constituents. The denomination of the fractions used
here corresponds thus to the main phases expected to be targeted by the
reagents.

2.2. Water analysis

Concentrations of dissolved Cu, Pb and Zn were determined for
water samples collected at three strategic points along the treatment
system: the pond, the piezometer in the CW and the CW outlet. Samples
were filtered at 0.45 μm and analyzed by ICP-MS. Subsamples of the
filtered samples were centrifuged for 2 h at 50,000 rpm in order to se-
parate the colloidal and aqueous phases and an aliquot of supernatant
was taken for ICP-MS analysis.

Speciation of HMs were calculated using the Cheaqs Pro software

Fig. 1. Design, dimensions and subsamples location in the stormwater constructed wetland.

Table 1
Particle size distribution of the CW top layer sand#1.

> 500 μm 500-315 μm 315-250 μm 250-200 μm 200-160 μm 160-100 μm <100 μm

Fraction (%) 11 29 17 18 13 11 2

Table 2
Major element composition of sand#1 and sand#2.

Sand#1 Sand#2

SiO2 (%) 70.40 83.17
Al2O3 (%) 5.70 4.92
Fe2O3 (%) 1.26 0.80
MnO (%) 0.036 0.018
MgO (%) 0.89 0.31
CaO (%) 9.68 3.73
Na2O (%) 1.17 0.93
K2O (%) 1.70 1.82
TiO2 (%) 0.17 0.12
P2O5 (%) < L.D. < L.D.
PF (%) 8.47 3.31
Total (%) 99.48 99.12
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(Verweij, 2014). Equilibrium constants are taken from the NIST data-
base 46 (version 8) (Smith et al., 2004). The speciation calculations
were performed considering a partial pressure of CO2 of 2.14.10−4 atm
(equilibrium with respect at atmospheric CO2) and a temperature of 25-
°C.

2.3. Batch sorption experiments

2.3.1. Procedures
Batch experiments were performed to study the (competitive)

sorption of HMs (Cu, Pb, Zn) onto sand #1 and the sand sample noted
sand#2. The chemical composition of the latter is given in Tables 2 and
3 Sand#2 displays a lower content of Ca and Fe than Sand#1. The
concentration of metal sorbed on sand Cs (mol.L−1) was determined by
varying in experiments values of pH (pH-edge curves), of HM-sand-
solution contact time (kinetic sorption curves) and of initial metal
concentration (sorption isotherms). All the solutions were prepared
using reagent grade chemicals and ultra-pure water (purity >
18MΩ cm). Stock metal solutions of 200 μM were prepared by diluting
for Cu and Pb 254 μl of 1000mg/l standard solutions with HNO3

(0.005%) and for Zn 15mL of 10mg/l standard solution with HNO3

(0.02%). Mono-metal kinetic curves of sorption of Cu, Pb and Zn on
sand were obtained from series of mono-metal batch experiments car-
ried out as a function of sand-solution contact (1 h < Tc < 14 days)

and pH (2 < pH < 9). Initial suspensions of 1 g.L-1 sand
(50.0 ± 0.1mg of sand in contact with a 49,625mL of ultrapure
water) were prepared in individual 50-ml stoppered High Density
Polyethylene (HDPE) tubes. An appropriate volume (375 μl) of a
200 μMPb, Zn or Cu standard solution was immediately added to the
individual tubes to obtain an initial concentration of Pb, Zn or Cu of
1.5 μM. Varied volumes of HNO3 (5%) were also introduced in the
tubes to reach a desired value of inital pH (between 2.0 and 4.0). The
tubes were then placed in an air-conditioned room (298 K) and shaken
at 50 rpm for 1 h to 14 days. The pH-dependent sorption curves were
obtained by adding in the initial suspensions appropriate volumes
(125 μl) of a solution containing Cu, Zn and Pb at equimolar con-
centrations (200 μM) or of a solution at a Cu, Pb or Zn concentration of
200 μM (125 μl, 375 μl or 1.25ml respectively) to reach initial metal
concentrations of 0.5 μM, 1.5 μM and 5 μM, respectively. After initial
pH adjustment, the tubes were shaken at 298 K and at 50 rpm for 24 h
(monometal) or 48 h (multimetal). Monometal sorption isotherms were
obtained by adding varied volumes of an appropriate metal solution
containing one of the three elements to reach initial concentrations of 5,
10, 20, 30 and 50 μM, varied volumes of distilled-deionized water and
HNO3 (5%) to reach pH 2.4 (Zn) or pH 2.6 (Cu, Pb) to 50.0 ± 0.1mg
of sand in 50-ml stoppered HDPE tubes. Suspensions were placed in an
air-conditioned room (298 K) and shaken at 50 rpm for 24 h. No at-
tempt was made to adjust ionic strength or pH during the experiments.

After the defined contact time, the final pH values were recorded
and suspensions were centrifuged at 9000 rpm for 120min solution-
colloid separation and the supernatants were collected. Supernatants
were stored in polyethylene bottle to which a HNO3 (1%) solution
containing internal standards was added for sample preservation. Initial
metal concentration Co and final metal concentration Cf in solution
were determined by ICP-MS. The percent sorption (%) is calculated as
follows:

= � ◊sorption Co Cf
Co

% 100

2.3.2. Sand and tube surface effect
Blank experiments were performed to determine the amounts of Cu,

Pb and Zn expected to be released in solution from the sands during the
batch experiments (contents of Cu and Zn were under the detection
limit but Pb content in sand #1 and sand #2 was equal to 10.32 and
9.81 ppm, respectively, cf. Table 3). The blank experiments were car-
ried out for different pH values (2–8) without metal addition. Dissolved
metal concentrations of the final solutions in the 2.4–8.2 pH range were
below detection limits for Cu, Pb and Zn. Thus no significant amounts
of metals were released from the initial sands under the experimental

Table 3
Trace elements composition of sand#1 and sand#2 (L.D: Limit of Detection).

Content (ppm)

Element Sand#1 Sand#2 Element Sand#1 Sand#2 Element Sand#1 Sand#2

As 5.77 3.96 Ge 1.16 1.28 Sm 2.11 1.55
Ba 265.50 292.40 Hf 1.83 1.67 Sn 6.72 7.37
Be 1.055 0.81 Ho 0.35 0.24 Sr 241.90 126.20
Bi 0.41 < L.D. In < L.D. < L.D. Ta 0.37 0.37
Cd < L.D. < L.D. La 10.84 8.91 Tb 0.28 0.19
Ce 22.21 17.76 Lu 0.13 0.10 Th 4.056 3.43
Co 3.40 1.89 Mo < L.D. < L.D. Tm 0.13 0.093
Cr 36.81 28,20 Nb 3.60 2.79 U 1.21 0.83
Cs 2.14 2.25 Nd 10.09 7.89 V 17.32 10.37
Cu < 5 < 5 Ni 17.64 11.25 W 0.73 0.78
Dy 1.69 1.17 Pb 10.32 9.81 Y 10.020 6.77
Er 0.89 0.64 Pr 2.71 2.15 Yb 0.88 0.67
Eu 0.51 0.36 Rb 66.18 67.34 Zn <11 < 11
Ga 6.05 4.95 Sc 3.13 < L.D. Zr 64.20 61.56
Gd 1.77 1.24 Sb 0.53 0.56

Table 4
Sequential extraction procedure.

Fraction Reagents Conditions

Exchangeable 8mL 1M MgCL2 1 h, Room temperature
pH=7 50 rpm shaking

Carbonates 8mL 1M CH3COONa 5 h, Room temperature
pH=5 (acetic acid
adjustment)

50 rpm shaking

Fe and Mn oxides 40mL 0.25M (NH2OH)2H2SO4 16 h, Room temperature
pH=1.5–2 (acetic acid
adjustment)

50 rpm shaking

Organic matter 3mL 0.02M HNO3 + 5 mL
30% H2O2 (pH=2)

2 h, 85 ± 3 °C

3mL 30% H2O2 (pH=2) 3 h, 85 ± 3 °C
5mL 3.2M CH3COONH4 in
20% HNO3

30min, Room temperature

Residual 2mL HClO4 + 10 mL HF Total evaporation then
repeats in the next acid.1mL HClO4 + 10 mL HF

1mL HClO4

10mL HNO3

10mL aqua regia
5mL HNO3
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conditions used.
Tube surfaces might compete against sand for HM sorption during

our batch experiments, particularly at acidic pH and trace metal con-
centration (< 1 μM). In order to determine the percentage of metal
sorbed by the tube walls, the individual tubes used were repeatedly
washed (3 times) with distilled water at the end of the sorption ex-
periment, and 10mL of HNO3 (1%) were added to desorb HMs from
tube walls. The tubes were shaken in a cooled room at 298 K. After 24 h,
supernatants were collected and stored in polyethylene bottle to which
a HNO3 (1%) solution containing internal standards was added for ICP-
MS analysis. Fig. 1S (Supplementary Material) reveals that less than
20% of Cu, Pb and Zn is expected to be trapped by tube walls
throughout the studied pH range, for the lowest metal concentration
used in the sorption experiments (1.5 μM).

3. Results

3.1. Distribution and speciation of metals in CW

3.1.1. Metals in CW water
Fig. 2 presents concentrations of dissolved (and colloidal) Cu, Pb

and Zn in the water of the treatment system. A first finding is that
sorption/surface complexation of the HMs by colloids is not expected to
be a significant mechanism of HM removal in the CW, as there is no
significant difference between dissolved metal concentrations and total
(dissolved plus colloidal) metal concentrations. Concentrations of dis-
solved Cu are low along the system, varying from 2.7 μg/l in the pond
to 0.45 μg/l in the CW. Dissolved Pb is found to exist at trace level
concentration (< 1 μg/L) in the pond and to be below detection limit in
the CW. In contrast, dissolved Zn is at a high concentration in the pond
(200 μg/l). The metal importance in the system observes the following
order: Zn > Cu > Pb.

Solubility and sorption/precipitation behavior of HMs is actually
primarily dependent on HM speciation. To know the chemical forms of
the metals in entry of the CW, we calculated speciation curves of the

Fig. 2. Concentration of (a) Cu, (b) Pb and (c) Zn in water samples of pond and CW. Fractions “diss. + colloids< 0.45 μm” and “dissolved” refer to analysis of the
water samples after filtration at 0.45 μm and after centrifugation of the filtered samples during 2 h, respectively.
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HMs (Fig. 3) at the pond concentrations, for the pH range 5–9. Near-
neutral pH values of 7.5 and 7.4 were measured in the pond and in the
CW, respectively, during a dry period and cold weather). Cu in the pond
outflow is expected to distribute equally in the forms of the metal ca-
tion, Cu2+, of its first hydrolysis product, and of 1:1 copper carbonate
complexe (calculations were made in the absence of anions others than
hydroxide and carbonate anions). Similarly, the principal forms of Pb in
the pond are expected to be Pb2+, its first hydrolysis product, and the
1:1 Pb carbonate complex. In contrast, the principal form of Zn is Zn2+.
Then at the pond concentrations there is no mineral-carbonates or
oxides formation for all HMs at near-neutral pH observed in the pond
and the CW. Thus the removal of metals in the system is not caused by
the precipitation of HMs.

3.1.2. Distribution profiles of metals along top sequence of CW substrate
First of all, it should be noted that the percentages of major elements

for the CW samples do not change significantly with depth and do not
show any notable differences with the values obtained for the initial
sand, suggesting no significant alteration of sand. Metal contents along
the 25 cm of the top layer of CW profile are given in Fig. 4 (a) for Zn and
Pb, and in Table 1S (Supplementary Material) for the other metals.
Concentrations of Cu remain below detection limit for all the studied
samples. Pb concentrations in the CW upper layer are slightly lower
than in initial sand (< 10 ppm) and vary slightly with depth. Zn con-
tents vary with depth: they are higher than that of initial sand at depths
0–20 cm and below detection limit (like for sand#1) in sample CW20-25.
Gain and losses of metals calculated in the CW profile in the 30 cm of
the top layer are given in Fig. 4 (b) for Zn and Pb. Mass balances could
not be calculated for Cu as its concentrations are below detection limit
along the CW sequence. The mass balance results show that, during 5

years of CW operating, no significant amount of Pb has been stored in
the CW profile. Given the analytical uncertainty, this trace metal show
moderate (< 20%) or no losses along the CW profile. Similar results
were observed for almost all trace metal elements in the CW top layer
(Supplementary Information), except for lanthanides and uranium
which remained rather immobile. In contrast to Pb, there is a Zn ac-
cumulation (+100%) in the first layers. Zn is found to be accumulated
and disseminated up to 20 cms in depth, which suggests dynamic re-
tention/remobilization processes of this metal along the CW sequence.
Such a difference between Pb and Zn accumulation in the CW can partly
reflect the difference between the Pb and Zn inputs in the CW, as shown
in §3.1.1. It should indeed be emphasized that these results do not give
us information on the relative affinities of the sand with respect to the
various metals, since the inputs are different from one metal to another,
nor on the sand retention efficiency. They just highlight that the sand
shows little or no leaching of metals despite 5 years of flowing of col-
lected runoff waters and that it had also the capacity to trap Zn (whose
inputs are important). Whether this storage represents a large or a small
part of the inputs is to be determined. Therefore, it is important to carry
out sorption experiments under controlled conditions in order to ra-
tionalize our knowledge on the sorption efficiency of the sand by esti-
mating the (maximum and relative) sorption capacities of the sand with
respect to the various metals and by testing capacity sensitivity to a
change of the chemical parameters of the system.

3.1.3. Metals distribution in CW mineral phases
Fig. 5 presents the concentrations of Cu, Pb and Zn extracted (and

not extracted) from the five fractions of the mixed Tessier-BCR proce-
dure in the initial sand (sand #1) and along the CW substrates. Results
are given with an uncertainty of less than 10%. The data reported

Fig. 3. Calculated speciation of Cu, Pb and Zn using the CHEAQS speciation code. Solutions are considered at equilibrium with atmospheric CO2 and total con-
centrations of Cu, Pb and Zn equal to 2.5 μg/l, 1 μg/l and 200 μg/l, respectively.
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represent mean values of three replicate experiments, which were
found to give self-consistent results except for Cu. It must be kept in
mind that a main limit of the method of sequential extractions is its
non-selectivity. Indeed, each extractant is capable of acting on several

geochemical fractions of the soil (Kheboian and Bauer, 1987). More-
over, when a chemical form of a metal is mobilized, there may be a
redistribution of the metal in the different fractions of the soil, which
would bias the expected results (Lebourg et al., 1998). Finally,

Fig. 4. (a) Metal content (ppm) of initial sand #1 and of sand samples collected at different depths along a vertical sequence in CW and (b) calculated mass balances
(gain/losses) of metals (invariant element: Th). Contents of Zn in the initial sand #1 and Cu in all samples are below the detection limit (respectively 11 and 5 ppm).

Fig. 5. Results of sequential extraction for (a) Pb, (b) Zn, and (c) Cu performed on sand #1 (initial CW sand) and along the CW substrate depth (up to 25 cm). Mean
values of the 3 replicates are presented.
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efficiency of sequential extractions varies widely depending on a
sample, i.e., its mineralogy, its metal composition, etc. The efficiency of
the sequential extractions was determined here by calculating the
overall extraction yield of a metal as compared to the total metal
content of the sample.

A first feature observable in Fig. 5 is that the extraction was not
complete in initial sand and CW samples for Pb and in the samples CW0-

10 and CW10-20 for Zn: on average, from 52 to 59% of the total metal
concentration is extracted and recovered in the five fractions for these
samples. Regarding Pb, there was however observed a huge difference
in the recovery yield between the replicate experiments: one of them
showed a very poor extraction yield whereas the other allowed ex-
tracting up to 80–90% of Pb due to a more complete dissolution of the
residual fraction (results of the replicates were self-consistent for all
other fractions). Differences observed in the recovery yield indicate that
a complete dissolution of residual fraction (likely mainly silicates and
heavy minerals) is a quite difficult step of the BCR-Tessier procedure
used here. The results suggest anyway that most of Pb extracted is
found in the residual fraction, i.e., likely in the clay lattices and/or in
heavy minerals of initial sand. This is in good accordance with the mass
balance results showing no significant accumulation of Pb after a 6-
years operating of the CW system. An interesting finding is that a sig-
nificant part of extracted Pb is likely to be associated with Fe/Mn
oxihydroxides, -whereas the contributions to the extracted Pb of the

organic matter and the carbonate minerals appear to be quite limited-.
Although a redistribution of Pb during extraction experiments can
never be ruled out, Fe/Mn oxihydroxides are likely to be main sorbent
phases for Pb in the CW top layers as many authors have emphasized its
very high affinity for surfaces of Fe-oxihydroxides (Bradl, 2004; Ramos
et al., 1994) As for Pb, a predominant influence of residual fraction and
Fe/Mn oxihydroxides on metal distribution was also observed for lan-
thanides and uranium, with the extractions yield varying from mod-
erate to high (Supplementary Information). This is consistent with the
widely reported high affinity of these trace metals for Fe-oxihydroxides,
too (Dhoum and Evans, 1998; Hu et al., 2006).

The extraction yields for Zn vary from moderate to high depending
on the sample and show the lowest values for CW0-10 and CW10-20 in
which this metal was found to display absolute accumulations (cf.
§3.1.2). The results indicate anyway that residual minerals and Fe/Mn-
oxihydroxides are main hosting phases for Zn. Similar results have been
reported by other authors (Morera et al., 2001). It is to be noticed that
the sequential extractions indicate a contribution (even if small) of
exchangeable sites to the Zn distribution, unlike for Pb. Therefore, it is
likely that such sites contribute to Zn sorption on the CW substrate,
especially considering that this easily extractible fraction of Zn can be
largely redistributed on the other sample phases during the subsequent
steps of the extraction experiments. Other metals showing a contribu-
tion -even if not predominant-of the exchangeable fraction to metal

Fig. 6. pH dependence of sorption of (a) Zn, (b) Cu and (c) Pb on sand #2 during experiments at trace metal concentrations ([Cu]tot= [Zn]tot= [Pb]tot= 0.5 and
5 μM). The terms “mono” stands for single-metal experiments (Zn, Cu or Pb in experiment) and “multi” for competitive metal sorption experiments. Sand-solution
contact time: 48 h.
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distribution are Co, Ni (to a lesser extent) and metalloids such as ar-
senic, chromium and vanadium (cf. supplementary Information).

The results of the sequential extractions in Fig. 5 (mean values)
suggest that Cu is mostly bound to carbonate minerals in initial sand
and CW substrate. It has been already reported that Cu could be sorbed
by carbonate minerals as CaCO3(s) or that it may precipitate with
CoCO-32- as CuCO3(s). However, the reproducibility of the Cu results
was very low in our experiments regarding the carbonate fraction.
Concentrations of Cu extracted in this fraction were found to vary from
0 to 18 μg/g, depending on a replicate. This demonstrates a strong
limitation for the application of sequential extraction experiments to
low concentrated metals (under detection limit) in a sample, primarily
due to a lack of homogeneity of sub-samples with respect to the trace
level concentrations.

In summary, our yields evaluation enforces the widely reported
observations of sequential extraction limitations including a certain
lack of repeatability, which is mainly due here to the difficulty to
achieve a complete dissolution of residual factions or to the very low
concentration of certain HMs (Chao and Zhou, 1983; Leleyter and
Probst, 1999; Mossop and Davidson, 2003; Sahuquillo et al., 1999).
However, despite inherent procedure limitations (low yields, non-se-
lectivity, redistribution of extracted trace elements during experiment),
the results of the sequential extraction experiments reported here pro-
vide some insights into distribution patterns of HMs among the CW
constituents. Cu, Pb and Zn distributions are consistent in the initial
sand and along the CW depth in accordance with mass balances results.
Pb and Zn are both mainly associated/bound to residual fractions (in-
corporated in the lattice or at surfaces of primary clays or in the heavy
minerals). They are also mainly associated to Fe/Mn-oxihydroxide
fractions –which are reproducible fractions stable along the CW profile-

whereas Cu is possibly associated to carbonate minerals. Zn (and Cu) is
also present to a lesser extent in exchangeable sites. Therefore, the re-
sults highlight that surfaces of Fe/Mn-oxihydroxides are potentially
sorbent surfaces able to trap HMs especially strongly-sorbing metals
like Pb in the CW top layer substrate whereas ion exchange may con-
tribute to a certain extent to the sorption of exchangeable metals such
as Zn.

3.2. Competitive sorption of metals on sand

3.2.1. Effect of pH and metal concentration on competitive metal sorption at
trace levels

Results of the pH-dependency of single or competitive sorption of
trace level of Cu, Pb and Zn (0̴.5 μM for each metal) is given on Fig. 6
for sand#2, which shows lower Ca and Fe contents than sand#1 (cf.
Table 3). A sharp increase of percent metal sorption within a narrow pH
range is observed for Cu (Fig. 6-a) and Pb (Fig. 6-b). These S-shaped
sorption curves for Pb and Cu suggest that surface complex formation
governs the sorption behavior at low metal concentration (0.5 μM)
below pH7-7.5. For higher pH, secondary precipitation of mixed hy-
droxide-carbonate minerals of Pb and Cu may contribute to sorption.
Calculations of the metal speciation in the absence of sand, actually
suggest that precipitation of a mixed hydroxide-carbonate mineral
could account for removal from solution of 20%–60% and of 0–40% of
Pb and Cu, respectively, when pH is increased from 7.3 to 8 (Fig. 7 –a
and –b). The percentage of Pb sorption decreases at pH higher than 7
likely due to a competition between sorption/precipitation processes of
Pb and formation of dissolved Pb carbonate complexes (Fig. 7–b). Un-
like for Pb and Cu, sorption of Zn is not dependent on pH, for acidic pH
lower than 5. Such a feature suggests a process of ion exchange of Zn at

Fig. 7. Calculated speciation of Cu, Pb and Zn using CHEAQS program. Solutions at equilibrium with atmospheric CO2 and total concentrations of Cu, Pb and Zn
equal to 0.5 μM.
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permanently negatively-charged interlayer sites of clays and/or weak
sorption of Zn as counter-ions compensating negative charges at de-
protonated sites existing at the surface of sand (e.g. onto silica or sili-
cate minerals whose silanol surface sites have a low pKa value
(Schindler et al., 1976). From 5 to 7, there was observed only a slight
pH dependency of Zn sorption with an increasing of pH, which in-
dicates surface complex formation involving Zn. No secondary mineral
precipitation is expected for Zn throughout the pH range investigated
(Fig. 7–c) based on speciation calculations. Hence the data suggest that
a mechanism of surface complex formation implying the metal and
hydroxyl sites at mineral surfaces of sand are responsible for the pH-
dependent retention of Pb and Cu in the pH range 4–7.5, with a possible
contribution of precipitation of mixed hydroxide-carbonate Pb and Cu
minerals being possible at pH higher than 7.3, whereas sorption of Zn is
dominated under acidic conditions by a weak sorption process not de-
pendent on pH. The values of PH50 (pH value at which the sorption of
half the amount of the initially added metal occurs) is equal to ca. 5.3
for Cu and Pb and to 6.5 for Zn. Therefore the global affinity of the trace
metals for sand #2 attends the following order: Pb=Cu > Zn, con-
sistently with previously published studies reporting a positive corre-
lation between the tendency of metals to hydrolyze and their tendency
to interact with hydroxylated surfaces (Sigg et al., 2000; Zachara and
McKinley, 1993)). No competition between Cu, Pb and Zn was observed
for sorption onto sand minerals (Fig. 6–a –b –c, “Multi”) as sorption
curves recorded for a metal in the monometal and multi-metal systems

show no significant differences. This suggests the existence of specific
sorption sites for each metal in sand and/or availability of sufficient
amounts of sorption sites in the conditions used (low metal con-
centrations). As regards the effect of a change in metal concentration on
sand #2 (0.5–5 μM), there was observed (Fig. 6) a decrease of Cu
sorption with an increase of the metal concentration at neutral pH (at
pH 6, there is 40% of sorption at 5 μM and 70% at 0.5 μM). Pb sorption
data show a lower effect of metal concentration. Finally, at neutral and
acidic pH, Zn sorption decreases with an increase of concentration (for
pH 3.3, there is 3% of sorption at 5 μM and 20% at 0.5 μM, which
corresponds in both cases to an amount of Zn sorbed of ca. 0.1 μmol/g
sand). Such a behavior is characteristic of ion exchange (involving Zn,
here) at interlayer sites of clays.

3.2.2. Sand composition effect on metal sorption
Differences in sand composition -even if small-may modify the

metal sorption behaviors especially as regards differences in Fe and Ca
contents which indicate different contents in minerals such as Fe-oxi-
hydroxides and calcite, respectively. To determine this influence, data
of single metal sorption were obtained with the initial CW sand #1,
which is richer in Ca and Fe than sand #2 (Table 2). Experiments using
sand #1 and sand #2 were performed at a metal concentration of 5 μM.
Results are shown in Fig. 8 for Pb and Cu (data are not available for Zn).
The composition of sands has no significant influence –or very small
effect-on Pb and Cu sorption, within our data dispersion. At pH6, the

Fig. 8. Influence of sand composition on (a) Cu, (b) Pb and (c) Zn sorption at total metal concentrations equal to 1.5 μM and 5 μM (sand #1), 0.5 μM and 5 μM (sand
#2). Experimental conditions: tc= 24 h, sand/solution ratio= 1 g.L-1. Data are not available for Zn at 5 μM using sand #1.

M. Walaszek et al. $SSOLHG�*HRFKHPLVWU\��������������²���

���



percentages of sorption are, for sand #1 and sand #2, respectively,
equal to 38 and 35% for Cu and equal to 62 and 42% for Pb. At pH7, the
percentages of sorption are, for sand #1 and sand #2, respectively,
equal to 87 and 68% for Cu and equal to 89 and 77% for Pb. Com-
plementary experiments were also performed at Cu, Pb and Zn trace
level concentrations (1.5 μM using sand #1and 0.5 μM using sand #2).
Cu and Pb sorption curves are S-Shaped for both sands and for all
concentrations. At trace level concentrations, the differences in Fe2O3

and CaO composition between sands #1 and #2 have no significant
influence on sorption of Zn (within our data dispersion), either. Actu-
ally, the Zn sorption capacity of sand at interlayer sites poorly depends
on the initial Zn concentration: 0.15 ± 0.0090 μmol, 0.3 ± 0.2 μmol
and 0.5 ± 0.3 μmol of Zn were found to be sorbed at acidic pH by 1 g
of sand for total concentrations of Zn introduced in the system equal to
0.5 μM, 1.5 μM and 5 μM, respectively. This suggests a limited sorption
capacity per gram of sand: a tenfold increase of the initial Zn con-
centration (0.5–5 μM) causes only a slight increase of the quantity of Zn
sorbed (+3.4%).

3.2.3. Effect of contact time on metal sorption
Fig. 9 presents the effect of contact time on metal sorption using

sand #1. Results are shown for short contact times (1–5 h), inter-
mediate contact time (24 h) and long contact time (2–13 days). Sorp-
tion results are highly dispersed for short contact times (1–5 h). The
chemical equilibrium is not reached for Cu, Pb and Zn or short contact
times don't allowed mixing well the solution with the sand. Sorption
pseudo-equilibrium seem to reached at 24 h contact time for Cu, Pb and
Zn, as there is no further sorption increase for longer contact times.

3.2.4. Effect of metal concentration on metal sorption
Fig. 10 presents the influence of initial Cu and Pb concentration on

the sand #1 sorption for pH6 and pH7. Results are not available for Zn
because we didn't succeed to reach the adequate final pH during the
experiments. Quantities of Cu sorbed per gram of sand (Fig. 10-b) in-
crease with metal concentration in experiment, until an initial

concentration of 30 μMat pH7 and of 10 μMat pH6. For both pH, the
sorption percentages decrease for initial Cu concentrations higher than
10 μM (Fig. 10-a). These observations suggest a progressive saturation
of hydroxyl functional groups having a strong affinity for Cu and an
increasing implication of weak affinity sites with increasing metal
concentration (Bradbury and Baeyens, 1999; Strawn et al., 2004) and/
or the formation of multiple surface complexes. Sorption calculations
show that there is no possible Cu precipitation at pH6. In contrast, at
pH7, the increasing Cu sorption can be caused partially by the pre-
cipitation of copper carbonates Cu(II)2(CO3) (OH)2(s) (from 25% at
10 μM Cu initial concentration to 47% at 50 μM). Pb sorption behavior
is similar to that of Cu until an initial concentration of Pb of 20 μM: the
sorption percentages decrease (Fig. 10-c) and quantities of Pb sorbed
increase (Fig. 10-d) with the initial Pb concentration and are higher at
pH7 than at pH6. As for Cu, no mineral formation is possible at pH6
whereas precipitation of Pb(II)3(CO3)2(OH)2(s) could participate to Pb
removal at pH7 (from 25% at initial Pb concentration of 10 μM–32% at
50 μM according to speciation calculations). Sand affinity for Pb is
higher than for Cu: at pH6 and at an initial Pb concentration of 5 μM
(no precipitation possible), the sand sorption capacity is equal to
1.9 ± 0.1 μmol per gram of sand for Cu and 3.1 ± 0.2 μmol for Pb.

4. Discussion and conclusion

4.1. Mechanisms of metal sorption

At trace concentration (< 20 μM) and for pH lower than 7.5, Pb and
Cu are involved in the formation of surface complexes at high and weak
affinity sites of sand mineral surfaces. The surface of the sand consists of
several distinct types of sorption sites with varying affinities as reported
by Benjamin and Leckie (1981). In our case, sorption sites are probably
hydroxyl groups provided by iron oxides. Many authors reported fer-
rinol eFeeOH surface sites as strong binding sites for Cu and Pb
(Ainsworth et al., 1994; Davies and Bavor, 2000; Strawn et al., 2004).
The global affinity for these sorption sites attends the following order:

Fig. 9. Influence of sand-solution contact time on the sorption of (a) Cu, (b) Pb and (c) Zn as a function of pH experimental conditions: ([Cu]tot= [Zn]tot= [Pb]
tot= 1.5 μM, sand/solution ratio= 1 g.L-1, tc= 1 h to 13 days).
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Pb=Cu > Zn, consistently with the sequential extractions results
showing that Pb is mainly trapped by surfaces of Fe/Mn-oxihydroxides
(not Cu). Strawn et al. (2004) reported that Cu forms dimers on the
surface of smectite with a structural configuration similar to Cu acetate
and Morton et al. (2001) showed that Cu precipitate on the surface of
montmorillonite with an arrangement similar to the Cu(OH)2 mineral.
Roe et al. (1991) demonstrated that at low concentrations (2 mM) Pb
forms monomeric and inner-sphere surface complexes whereas it forms
surface polymers at higher concentrations (30mM) on goethite. For
higher concentrations (> 20 μM) and neutral pH, Pb sorption is also
caused by the precipitation of Pb(II)3(CO3)2(OH)2(s). In contrast, at
acidic pH (< 5), Zn is mainly involved in ion exchange and/or in the
compensation of negative charges existing at the mineral surfaces of
sand (limited to 0.5 μmol/g of sand). This result is consistent with se-
quential extraction showing that Zn is partially bound to the

exchangeable fraction. Then, the sand is made of illite and chlorite,
which are built with negatively charged phyllosilicate layers. Scheinost
et al. (2002) showed that Zn is a substitute for Al in trioctahedral Al
hydroxide layers and fills vacant sites in dioctahedral Al hydroxide
layers of a montmorillonite. At higher pH, Zn forms a limited number of
surface complexes.

4.2. Implication for metal sorption on CW substrate

Sand sorption by iron and manganese oxides is limited to 3 μmol of
Pb and Cu per gram of sand at low metals concentrations. Under the CW
conditions (low metals concentrations and neutral pH), Cu and Pb re-
moval efficiencies are above 90%. The ageing of the pond may cause an
increase of the metals concentrations in the CW incoming water and so
a decrease of the removal efficiency by the sand until 10 μM. The Zn

Fig. 10. Influence of initial Cu and Pb concentration on sorption on sand. Results are presented as percent of (a) Cu and (c) Pb sorbed and quantity of (b) Cu and (d)
Pb sorbed on sand for two pH values (6 and 7). The ratio soil/solution is 1 g/L.
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sorption capacity of sand at interlayer sites is limited to 0.5 μmol of Zn
per gram of sand for the concentration observed in input of the CW (ca.
5 μM) and the sorption of Zn on strong sites of the sand is limited
compared to Pb and Cu. Thus Zn is potentially desorbable from the sand
surface to the infiltrated water in the CW. This partly explains the Zn
accumulation up to 20 cms in depth of the CW, in addition to the high
Zn inputs. Contrary to previous studies showing Cu and Pb sorption on
organic matter (Covelo et al., 2007a; De Matos et al., 2001), the organic
fraction of the studied sand doesn't play a significant role in the metals
sorption. Finally, HMs concentrations in the treatment system are far
below the sand saturation and the pH7 allowed the best sorption ca-
pacities for Cu, Pb and Zn by the sand.

Appendix A. Supplementary data

Supplementary data related to this article can be found at https://
doi.org/10.1016/j.apgeochem.2018.08.019.
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Integrated Blue and Green Corridor
Restoration in Strasbourg: Green Toads,
Citizens, and Long-Term Issues

Paul Bois, Jean-Nicolas Beisel, Carine Heitz, Léa Katinka,
Julien Laurent, Marjorie Pierrette, Milena Walaszek
and Adrien Wanko

Abstract The Ostwaldergraben is an urban stream located in Strasbourg (northeast
of France). Mostly fed by groundwater, it was enlarged some forty years ago, which
led to a radical alteration of the flow dynamics and a strong siltation. According to
the European Water Framework, the stream displayed a bad status with sediments
polluted by discharges of former tanneries. Hence, a project of restoration—both of
the stream and the adjacent wasteland—was launched by the City of Strasbourg in
2010 to solve these issues of environmental degradation in accordance with the
European regulation. The stream bed was redesigned to energize the flows and to
create meanders and vegetated benches. To improve the connectivity between two
adjacent wetlands, new habitats and a network of ponds have been created. A hybrid
type of stormwater treatment system—a pond followed by a constructed wetland—
was implemented to complete the restoration project. In this chapter, we propose to
study this project from its construction to its current development, through the lens
of ecological engineering and a perspective on long-term issues. We aim at illus-
trating the facts that nature-based solution management can differ from technological
management and that the ecosystem services provided by a nature-based solution
result from trade-offs, which requires a global analysis of such restoration project. To
reach this goal, the project will be studied from ecological, engineering, and soci-
ological perspectives. Our study shows that the restored socio-ecosystem works on a
rustic basis and provides several ecosystem services: supporting services (habitat for
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amphibians), regulating services (water quality enhancement), and cultural services
(urban landscape greening).

Keywords Stormwater treatment ! Ecosystem services ! Green toads
Urban landscape ! Restoration

1 Introduction

The main target of the Ostwaldergraben restoration’s project (2010–2015) was to
create an ecological corridor in an urban area by restoring a length of about 600 m of
the Ostwaldergraben stream and its floodplain. Themain ambition was then to rebuild
the stream’s function as a blue and green corridor for a target species (Bufotes viridis,
commonly referred to as the green toad) between two upstream and downstream sites
that were previously restored. In 2008, the upstream zone originally composed of an
agricultural area was turned into three ponds located in a compensatory afforestation
north of a large one called ‘Etang du Bohrie’ (Fig. 1). This area is surrounded by a
mosaic of different habitats. In 2009, on the downstream area, a wetland was restored
around the Ill River at the confluence with the Ostwaldergraben. At this location, the
restoration consisted in the creation of various environments (wet meadows, wood-
lands, reed beds) and a flooded island enclosed by arms with various depths. In less
than one year, the site was colonized by at least 12 regionally declining species, of
which 7 are listed as endangered (birds, reptiles, and insects such as Odonata and
Lepidoptera). But the stream stretch that connects these two wetlands was preventing
these species from spreading or freely moving, especially the green toad. The green
toad is a patrimonial species, an important and emblematic element of the regional
fauna. The species easily colonizes early successional habitats within its area of
occurrence as long as the vegetation is not too developed. This species depends on
two major types of habitat: ponds as suitable habitats for breeding and larval
development and terrestrial pioneer habitats for juveniles and adults (foraging,
hibernating, and/or traveling). Several indications of the presence of B. viridis were
observed upstream (recurrent use of breeding sites) and seldom downstream the
restored area along the Ostwaldergraben in a large pond called ‘Etang Gerig.’

In that context, the main aims were (i) to provide B. viridis with a corridor to
reach and leave reproduction sites, allowing exchanges between two close sub-
populations; (ii) to reinforce habitats available to complete its life cycle. Organisms
that require two different habitat types to fulfill their life cycles, such as
pond-breeding amphibians, are especially vulnerable to habitat loss and degradation
(Becker et al. 2007). For them, landscape complementation can be defined as the
process by which the proximity of two critical habitat patches of different types
essential for a major ontogenetic niche shift complements occupancy, abundance,
or persistence in each patch (Dunning et al. 1992). The project was designed to both
allow displacement of individuals along the river and increase the landscape
complementation in an urban context for the green toad.
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2 Issues and Potential of the Socio-Ecosystem at Stake

2.1 What Alterations Have Motivated the Restoration
Program?

The Ostwaldergraben is an urban stream mostly fed by groundwater. Forty years
ago, it was enlarged which led to a radical alteration of the flow dynamics and a
strong siltation. The environmental characteristics change along the course of the
stream from the upstream part (‘Etang du Bohrie’) to the downstream one. Before
the confluence with the Ill, the stream flows under a bridge dedicated to the trams’
and cars’ traffic. The wet bed occupied the entire width of the bridge deck, meaning

Fig. 1 Location of the restored section (white double arrow) between two adjacent sites
previously restored for environmental purposes (view extracted from Google earth). The flow
direction is from west to east
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there were no banks at this point. The passage of terrestrial fauna was impossible
there, while the bank vegetation continuity was interrupted and fish passage
restricted because of a very low water depth (Fig. 2a). An earthen bund contained
the river on the left bank; it abruptly severed the aquatic compartment from the
terrestrial one.

In terms of nuisances, pylons of power lines are placed overhang from the stream
on the left bank. A regulation obliges the landowners to manage the vegetation that
develops under and around the pylon within a radius of 5 m. Since these lines
cannot be moved, regular vegetation management operations (cutting of trees and
shrubs, mowing) are scheduled.

Before the restoration program, a monitoring highlighted that the stream dis-
played a bad status, notably because of polluted sediments due to the former
tanneries. The district’s stormwater was directly discharged into the watercourse
without any prior treatment, and the ducts were overhanging the natural
environment.

In this context, the challenge was (i) to revitalize the stream in an environment
with fine sediments of very poor quality, (ii) to allow the creation of a mosaic of
environments favorable to the movements and reproduction of the green toad,
(iii) to decrease the negative effects of the passage under the bridge in terms of
longitudinal continuity.

2.2 First Project, Public Inquiry, and Social Adjustments

From the aforementioned alterations, the Ostwaldergraben project was first imag-
ined as a three-pronged approach:

1. Stream restoration and creation of an ecological continuum allowing animal
species to come back, among them the green toad (B. viridis);

2. Stormwater depollution performed by treatment systems (we will explain in the
next part why this was included);

3. Creation of a bike lane along the restored stream.

Closing the whole area to the public was also an option considered in the project.
A public inquiry was carried out in 2011 as a prior step to the whole project.
A public inquiry is a regulatory and mandatory step (French regulation) that takes
place prior to any land use planning project. It is meant as a democratic consultation
tool, where any citizen or environmental/local associations can freely express their
view on a given land use project. Three environmental associations answered the
inquiry and insisted mainly on the creation of the bike lane, perceived as in total
contradiction with the species comeback. Public meetings were held in 2012 in
Strasbourg and Ostwald (the two municipalities at the border of the
Ostwaldergraben). The organization of public meetings is the second mandatory
requirement in the process of public consultation in a land use planning project.
Following the public inquiry and the public meetings, the local authorities gave up
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on the bike lane project and concluded also that the comeback of given species
(e.g., mosquitoes, amphibians, etc.) subsequent to the stream restoration was an
issue for some citizens. The stream flow was very low at that time, so mosquitoes
were largely able to nest in even before restoration. The report also highlighted that
the residents preferred closing the site to avoid burglary or potential nuisances.

The project was eventually carried out in two phases to restore the site (stream
and flood channel) over more than 600 m (2015) and setup stormwater treatment
systems (2012).

Fig. 2 a Former situation. The space under the bridge breaks the terrestrial continuity (banks
severed) and the aquatic continuity (low water depth). (Modified from a document produced by the
engineering consultant SINBIO), b Restored situation. The space under the bridge was modified to
tighten the width of the streambed, revitalize the flows, and avoid siltation. The tightening of the
minor bed and digging of the middle part of the channel make it possible to obtain water height
and flow velocities compatible with fish continuity. The naturally vegetated side banks allow the
passage of the terrestrial fauna. (Modified from a document produced by the engineering con-
sultant SINBIO)
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2.3 The ‘Dirty’ Stormwater Problem and the Way It Was
Solved

The restoration of a stream relies on its morphologic features, but also on the
various water inputs, mainly stormwater in this case. Two main effects are at stake:
(i) banks physical alteration due to water discharge and (ii) water pollution through
contaminant transports by stormwater.

The first effect is caused by stormwater collection in separate networks and
direct discharge into streams; the resulting peak flows during storm events create a
physical effect of digging on the riverbanks. This at least disturbs the morphology
of the stream, if not reshaping it and may generate suspended solids resuspension in
the stream; the consequences unveil very quickly. Additionally, in the case of the
Ostwaldergraben stream, the outlet pipes of the separate network were positioned
overhang and discharged directly into the water bodies, which increases the
physical impact of runoff.

The second effect results from a quite complex chain of processes. When it rains,
rainwater loads with airborne pollutants, such as heavy metals, hydrocarbons,
pesticides, and gaseous species (Azimi et al. 2005; Scheyer et al. 2007; Fenger
1999). As it reaches the roofs, roads, gardens and if there is enough rain to start
runoff, it will collect other compounds either by transport or dissolution. In the case
of urban systems, these main compounds are (Barbosa et al. 2012): solid particles
from dust, traffic, and animal feces (becoming suspended solids when carried in the
water), heavy metals coming mainly from gutter, road and car material, PAHs from
traffic, pesticides from gardening activities, bacteria from animal feces and mis-
cellaneous compounds from light-headed point discharges. In the case of the
Ostwaldergraben stream, the typical pollutant concentrations for eight runoff events
analyzed in 2013 are listed in Table 1. As can be seen from the table, these are low
but significant levels, and of course highly variable values. Urban streams are thus
directly contaminated by polluted stormwater in case of untreated discharge.
Eventually, even at these low levels of contamination, stormwater was shown to
display ecotoxicological effects on aquatic ecosystems (Gosset et al. 2017; Chong
et al. 2013); stormwater treatment is mandatory to keep the stream in a good state
once restored.

To alleviate this environmental degradation and help maintaining the stream at
a good status, many options can be chosen, from the most classically engineered
ones to ecologically engineered ones, sometimes called nature-based solutions
(NBS) (Erickson et al. 2013). Classically, engineered systems are generally
characterized by a large environmental footprint due to the use of exogenous
material and of their complex structures arranged with the intensive use of
machines powered with fossil fuels. Eventually, the recycling of the materials at
the end of their lifecycle is not neutral. Although the environmental footprint of
NBS exists as well, it is greatly reduced compared with classically engineered
systems (O’Sullivan et al. 2015). In the case of constructed treatment wetlands
(CTWs), a large part of the ecological footprint is due to the fact that the basin
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must be filled with sand of a given particle size, that is sometimes sampled and
transported from afar.

Apart from their ability to clean stormwater and to protect the stream (feature of
any stormwater treatment system), the reduced ecological footprint of NBS and the
will to create green/blue connections with the to-be-restored stream were the main
reasons these systems were set up along the urban stream. More specifically,
constructed wetlands were set up. Among the ecosystem services provided by this
type of system (Moore and Hunt 2012), regulating services were guiding the
construction of a hybrid system composed of a pond and a constructed treatment
wetland (CTW). The potential peak flows are buffered by the succession of a pond
and a CTW, while the pollutant load is reduced by the combination of settling,
photodegradation, physical filtration, biodegradation, and sorption phenomena
happening in the pond-CTW system. This system is typical of an ecological
engineering approach, as defined by Mitsch (2012): ‘the design of sustainable
ecosystems that integrate human society with its natural environment for the benefit
of both.’ It is (among others) characterized by reduced engineering during the
construction phase, reduced compulsory maintenance and energy costs and use of
natural properties from a complex ecosystem to provide ecosystem services—in this
case, regulating services.

3 Tackling the Issues: The Restoration
of the Ostwaldergraben Socio-Ecosystem

The implementation of this restoration program, the technical choices, and the
construction resulted from the work of a consortium with an owner (City of
Strasbourg), a contractor (the engineering consultant SINBIO), an engineering
school (Ecole Nationale du Génie de l’Eau et de l’Environnement de Strasbourg), a
research laboratory (ICUBE lab.), a water agency (AERM—public establishment
of the Ministry for Sustainable Development), a NGO (BUFO—study of
Amphibians and Reptiles of Alsace), and citizens. This co-construction exercise

Table 1 Contamination levels in the Ostwaldergraben stormwater for eight runoff events in 2013
(adapted from Schmitt et al. 2015). COD = Chemical Oxygen Demand, TSS = Total Suspended
Solids, TN = Total Nitrogen, TP = Total Phosphorus

COD
(mgO2/L)

TSS
(mg/L)

TN
(mgN/L)

TP
(mgP/L)

Cu
(µg/L)

Cr
(µg/L)

Pb
(µg/L)

Zn
(µg/L)

Minimum
concentration

25 5 0.8 0 9.6 1.1 1.7 176

Maximum
concentration

400 110 11 1.2 42.4 10.6 94.4 640

Number of
detections

5 7 8 6 7 5 7 3
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involved a participatory approach that marked the different stages and accom-
plishments that we describe here.

3.1 Technical Itinerary to Achieve the Restoration
Objectives

In order to stimulate the flow and limit the siltation, the bed width was reduced to
2 m. Gently sloping banks likely to be naturally vegetated by helophytes were
created as well as windings and meanderings (Fig. 3). Shrub willow cuttings were
planted.

The first operations to improve the diversity of the habitats were devoted to the
creation of a pond network in the upstream sector where the sediments were not
polluted. These ponds have three main functions: They serve as potential breeding
habitat for amphibians, they contribute to the habitat diversity available to wildlife,
and they collect the water discharging from the stormwater treatment system (see
next part). The excavation/embankment operations were conducted to erase the
bund; this reconnected the river and its major bed, while removing an awkward
feature in this landscape context.

Management operations (mowing) of the vegetation under and around electric
pylons must be conducted regularly. These interventions allowed artificially reju-
venating the environment on the left bank where breeding ponds were created, the
right bank being left in natural evolution. The fauna and flora thus have a mosaic of
aquatic/terrestrial habitats at different stages of plant succession. Mowed habitats
are banks of alluvium and sand adequate to the displacements of many species.

Fig. 3 Restored stream.
A dead arm can be seen on the
left side of the picture, and a
meander on the right (Source
ICube Laboratory)
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The biological quality of the Ostwaldergraben was evaluated with biological
indicators based on aquatic macroinvertebrates. The biotic index applied highlighted
the bad status of the stream stretch. Deposits made during the period of the tanneries’
activity resulted in sediment contamination with highly toxic metal trace elements,
such as chromium (Table 2). These observations led to remove the bund and dispose
of this part of the polluted materials in a nearby dump (the one from the old tan-
neries). The remaining contaminated sediments corresponded to finer fractions, with
sludge dredged from the stream bed. They were confined on created mudflats in a
part of the old bed (three sections short-circuited by the re-meandering). The
objective was to confine all the polluted muds extracted from the reduced minor bed
and the ponds created on the right bank. The mudflats were covered with a
geomembrane and a geotextile to avoid contact with the air in case of a drop in the
water table. The containment of polluted sediments enabled the project to stay
economically realistic compared with an export-and-treatment option. Additionally,
it avoids for humans as for animals any possibility of contact or ingestion of the
pollutants when visiting the area.

Vegetated embankments were created under the bridge to ease the passage of
wildlife under the structure and restore the ecological corridor function for terres-
trial species (Fig. 2b). The flow was tightened in a dug channel to promote aquatic
continuity, in particular for fish. This panel of technical options was chosen thanks
to the property right of the site by the owner builder, the City of Strasbourg.

Table 2 Sediment quality of the stream observed at two locations in 2006. All measured organic
compounds are polycyclic aromatic hydrocarbon (PAH). The limit values provided correspond to
French guideline values for soil and water pollution

Units Location 1 Location 2 Limit value

Dry matter % 23.5 41.0 /
Cd mg/kg DM 5 5 <10
Cr mg/kg DM 1,600 5,700 <65
Cu mg/kg DM 150 53 <95
Hg mg/kg DM 1 0.23 <3.5
Ni mg/kg DM 34 15 <70
Pb mg/kg DM 190 70 <200
Zn mg/kg DM 1,100 190 <4,500
Benzo(b)fluoranthene(3,4) µg/kg DM 1,200 400 /
Benzo(k)fluoranthene(11,12) µg/kg DM 550 190 /
Benzo(g,h,i)perylene(1,12) µg/kg DM 700 280 /
Indéno (1,2,3-c,d) pyrène µg/kg DM 1,300 390 /
Fluoranthene µg/kg DM 2,200 640 /
Benzo(a)pyrene(3,4) µg/kg DM 1,100 410 /
Sum of the six PAH µg/kg DM 7,050 2,310 /
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3.2 Setting up the Nature-Based Solutions to Treat
Stormwater

Three urban watersheds are discharging runoff water into the stream on the study
site, so three nature-based systems were set up; each one collecting and treating the
water from one watershed. The sizes of the watersheds are pretty alike (ca. 2 ha) but
in order to test the effect of different configurations on treatment efficiency, the
constructed wetland varied in size. The choice of the CTW being the variable was
somewhat arbitrary, as the pond might have been another variable of choice for
different setups. Thus on the location of the initial wasteland were eventually built
these treatment systems (Fig. 4), made of (from upstream to downstream):

• An artificial pond followed by a vertical subsurface flow wetland (#1 and #3,
with differences in the size of the porous media that were used) followed by a
discharge pond;

• An artificial pond followed by a horizontal subsurface flow wetland (#2) fol-
lowed by a discharge pond.

Of the three systems, only two (#1 and #3) have been studied so far, so we will
not develop further on #2. The main geometric, hydraulic, and upstream watershed
characteristics of the systems are summarized in Table 3. For each watershed, the
{pond + CTW} combination area is around 1–2% of the watershed active area.

As the groundwater table is close to the surface on the premises, the whole
system was conceived to be impervious, in order to prevent infiltration of untreated
water. As the available soil was not watertight, the main question that arose was
how to ensure such imperviousness? The choice was finally made to coat the
bottom of the pond and the wetland with 30 cm clay to achieve this at a reasonable
cost; luckily this was the most environmental-friendly solution (other solutions
were geomembrane or concrete).

The pond is fed through a concrete duct that is the outlet of the separate network
collecting runoff water from the urban watershed (Fig. 5). The water flows from the
pond to the CTW through a floating weir, whose triggering depends on the initial
pond water level and rain events characteristics (intensity, duration, dry period,
water level, and return period) and that works only for large enough rain events.
The constructed treatment wetland is fed through several PVC pipes reaching
different parts of the system to try and feed the system homogeneously. After
vertical flow in the CTW, the stormwater is discharged into the last artificial ponds
that are hydraulically connected to the stream. Moreover, the first pond is equipped
with overflows—made of concrete pipes, which increases the ecological footprint
of the system—that discharge directly into the final pond in case of extreme events.
This overflow system caused a temporary failure in the system. It is indeed sealed
with clay on the edge of the pipe to remain watertight, but a too low water level in
the pond at first caused the clay to dry and subsequently retract. When water filled
the pond back at a higher level, it started leaking at the joint and the pond drained.
More clay was added to solve the problem.
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From the surface to the bottom of the CTWs, the porous medium is distributed as
follows: The top layer is made of 20 cm (CTW #1), respectively, 30 cm (CTW #3)
of sand (particle size from 0 to 4 mm); for both CTWs, the intermediate layer is
made of 25 cm of fine gravel (particle size from 4 to 8 mm), and the drainage layer
is made of 25 cm of gravel (particle size from 16 to 22 mm). The choice and the
arrangement of these layers are a crucial and delicate point for CTWs, as it controls
the infiltration rate and subsequently the hydraulic residence time, determining the
absence or prominence of clogging in the system.

Finally, as the system feeding is by essence stochastic, a minimal water level is
maintained at the bottom of the CTWs to reduce the water stress that vegetation,
especially wetland plants, could endure during long dry periods. The ponds were

Fig. 4 Hybrid treatment system just after construction. The settling pond is on the lower side of
the picture; the constructed treatment wetland is on the upper left side of the picture. A bit further
behind, a discharge pond can be seen (Source ICube Laboratory)

Table 3 Stormwater treatment system characteristics and hydraulic features (adapted from
Schmitt 2014)

#1 #3

Watershed Surface (ha) 2.7 1.8
Active surface (ha) 0.9 0.52

Pond Size (m " m) 11 " 9 5 " 4.5
Maximum hydraulic load (m3/m²/day) 10 10
Permanent water volume (m3) 28 2
Maximum temporary water volume (m3) 56 10

CTW Area (m2) 90 100
Surface/watershed active surface (%) 1 2
Maximum hydraulic load (m3/m²/day) 60 30
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built free of vegetation, while the constructed wetlands were planted with
Phragmites australis (9 plants/m2).

4 The Ostwaldergraben’s Response: Aftermath
of the Restoration Project

4.1 The Creation of a Haven for the Green Toad? A New
Face for the Corridor

The operations on the natural environment showed positive changes in a very short
time after achievement. For example, the first ponds were created between March
and August 2012, and as early as in September immature individuals of green toads
were observed in these newly created habitats. In April of the following year
(2013), egg clutches of several green toads were observed. The creation of a net-
work of ponds at the upstream site (Bohrie Pond—2008) produced the same trends
(Michel and Zrak 2015): a very fast colonization and a rise in the number of use of
these environments, at least before the vegetation development (2011). These few
results given as examples show the rapidity of spread in new environments by
organisms whenever source populations are around.

The notion of a mosaic of habitats has also a central place in this type of project.
The amphibian species Bufotes viridis acts here as an umbrella species that needs
fallow and even cultivated soil to find suitable habitat during its terrestrial phase.
This pioneer environmental species needs a constantly rejuvenated environment.
Working gravel pits on both sides of the restored site allow the maintenance of
pioneer habitats, while the restored site can be considered as a secondary habitat
favoring connectivity between subpopulations. To keep this passage interesting and
functional for the green toad, vegetation must be managed to avoid too great
development and keep this system at a pioneer stage. The maintenance needed to

Fig. 5 Side view of the treatment system. From left to right (corresponding also to the water flux),
pond, constructed wetland, discharge pond, stream (adapted from Schmitt 2014)
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manage the vegetation under and around the power lines pylons also helps reju-
venating the vegetation along the dispersal corridor, in particular on the bare soil
surrounding the artificial breeding ponds. The obligatory status of this management
compensates the absence of self-sustaining natural processes to maintain each
adequate habitat available in the mid- and long-terms.

4.2 Sustainability of the stormwater treatment: evolution
of the hybrid system over 5 years

The responses of the treatment system were observed from the beginning of
operation (back in 2012). The hybrid system was meant to provide regulating
services on peak flows and water quality. First, less than 20% of the runoff events
discharging into the pond actually discharge from the pond to the CTW. Thus, the
sizing of the pond provides a strong buffering effect on runoff water discharge into
the stream. Second, the pollution of the stormwater is clearly mitigated for both
watersheds: major pollution (COD, TSS, TN, TP) (Schmitt et al. 2015) and
micropollution (heavy metals and polycyclic aromatic hydrocarbons—PAHs) drops
from the inlet to the outlet of the systems. These performances are sustained in time,
as sampling sessions from 2013 to 2017 gave similar results.

The ecosystem services expected for the hybrid systems are well provided. The
way the system works is also interesting: For instance, in case of runoff a strong
shortcut is created by the floating weir because of its arm’s length, which largely
reduces the hydraulic residence time in the pond—and thus the efficiency of the
settling phase (Laurent et al. 2013). This could be easily enhanced by installing a
static weir leaving the whole pond surface available. In the CTW, the flow distri-
bution is heterogeneous unlike what was expected: very little water reaches the end
of the longest feeding pipes, which creates a feeding gradient.

The accumulation of sediments progressively fills the pond; the organic layer
depositing at the surface of the CTW is around 4 cm after 6 years for the most
covered CTW and 0 for the less covered. Ponds are colonized (2 out of 3) by
macrophytes or algae and transform slowly into wetlands. In the CTWs, a gradient
of organic deposit according to the feeding gradient is observed. In both constructed
wetlands, trees and grass are appearing and sometimes taking over on macrophytes.

After 6 years of operation, the pollution mitigation is still working. As the
pollution that is treated is mainly due to heavy metals and PAH, that are either
non-degradable or highly stable compounds, their removal from stormwater means
they migrated from the liquid phase to another phase. These pollutants are then
logically found in the solid phase (sediments from the pond and organic matter and
sand from the constructed wetland)—in the pond sediments, heavy metals were
detected at a few mg/kgDM to more than 2,000 mg/kgDM for zinc, and around 1 mg/
kgDM of PAHs—and in the vegetation of the constructed wetland—from 1 to
22 mg/kgplant_DM of heavy metals were measured in the reeds growing in the CTW
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—(Schmitt et al. 2015). The contamination level in the sediments will rise steadily
with time, which makes it first a sink for pollutants, but could also create a source of
pollution under changing physicochemical conditions (Semadeni-Davies 2006).

When we look further ahead, the hydraulic functionality is likely to remain as
long as sediments’ accumulation is not too important. Yet, as the system keeps on
retaining suspended solids from stormwater, accumulation will go on and call for
sediment dredging, at least in the pond. With a minimal maintenance, this
ecosystem service can be easily sustained over time. It is less crucial in the CTW, as
the accumulation of mainly organic matter on its surface is much lower than in the
pond, as the latter is the first in the system to retain such pollutants. If we look now
from an ecotoxicological perspective on this system, the handling and disposal of
these sediments appear to be of utmost importance: The toxicity of stormwater
sediments was shown for much lower metal concentrations (Hatch and Allen 1999;
Snodgrass et al. 2008). And as the treatment system is bound to stay and continue
working, this long-term question is critical for the sustainability of the system.
Eventually, the issue of the sediment behavior and fate should be carefully thought
after.

4.3 Nature-Based Solutions and Citizen Representations:
Sociological Aspects of the Project

To study the way this freshly built socio-ecosystem is perceived by the local
residents and surveys were carried out during spring 2017. As a first step, seven
people living in close proximity to the site were interviewed about their perception
of their neighborhood. These semi-structured interviews were focused on the rep-
resentation of their living environment and the potential nuisances, the represen-
tation of the Ostwaldergraben and its utility and on their own practices in terms of
water pollution. This step was meant to define precise questions before individual
questionnaires would be created. The individual questionnaires summarized the
main issues of the interviews and were addressed to all the inhabitants living in the
street right next to the site and to the inhabitants living in the street right behind
(147 households). The questionnaire contained 23 questions (including 7 questions
on the social characteristics of the respondents). It was self-administrated, and the
principle of answering to the questions was built on the Likert scale: Respondents
had to choose between five modalities (from 1 = ‘not at all’ to 5 = ‘absolutely’). Of
the 147 questionnaires mailed, 66 answers were received (45%—without any
reminder). The sample was quite similar to the population living in this area: In our
sample, we had 53% men and 47% female, the average age was 52 years
(r = 15.1) and there was a strong percentage of retired people (30%). Fifty-eight
percent of the respondents had a direct look upon the zone. The questionnaire
allowed us to test three main hypotheses: (i) The distance to the Ostwaldergraben
site influences the residents’ representation of the Ostwaldergraben; (ii) the
knowledge of the functionality of the site (depollution) modifies the inhabitants’
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behaviors linked to their own pollution in the rainwater network collection; and
(iii) there is a typical profile of inhabitants who show a stronger awareness of the
link between pollution in the stormwater network collection and the pollution of the
Ostwaldergraben stream.

The results showed that distance to the site influenced the representation of
pollution of the Ostwaldergraben: The respondents with a direct look on the site
preferentially think that the stream is polluted [F (1.61) = 4.0334, p = 0 .05].
Likewise, the respondents with direct look on the site wish that the site remains
closed to the public [F (1.60) = 7.1361; p = 0.01].

To check the link between the respondents’ understanding of the site and their
own behaviors (hypothesis #2), further questions were asked (Figs. 6 and 7). The
answers to the question on the system’s functioning (Fig. 6) showed that the
reintroduction function is the most understood, followed by the aesthetics
enhancement. On the contrary, the regulating service—pollution mitigation—is
poorly understood and the gutter products do not seem to be associated with pol-
lution. To precise things a bit more, the question of the origin of the water entering
the pond-CTW system was asked (Fig. 7). These answers showed that people think
of the system as only designed to treat ‘rainfall,’ which means actually direct
rainfall, as shows the answers to the last question ‘[…] gutter-discharged products.’
People are aware that this system is not meant to treat wastewater as shows the
answer to the second question (…domestic wastewater). Eventually, the under-
standing of the stream restoration conforms to reality but there is a gap between the
{pond-CTW} function and its perception from the respondents. Additionally, an
analysis of the variance (ANOVA) of the results shows that reading the information
panel does not make a significant difference in the understanding of neither the
treatment function of the hybrid system nor the origin of the water discharging in
the system. We can conclude that the panels failed to explain the function of the
treatment system, and that if deeper understanding of the people is wished by the
city of Strasbourg, additional measures should be taken.

To understand the weight of the communication and information in the
respondents’ understanding of the site functionality, we tested the part of the
communication implemented by the city of Strasbourg (public meetings, visits of
the site once restored and information panels). Ninety-one percent of the respon-
dents did not attend the public meetings, and 82% did not visit the restored site.
Apart from these formal information sequences, 55% of the respondents read the
information panels that are displayed on the access doors to the site, but the impact
of the panels on the level of understanding is clearly questionable. It also seems that
the respondents did not feel informed enough on the site and its functionality (52%
of the respondents). Only 31% think that they are informed on that point.

Concerning a typical profile of inhabitants that were more aware on the link
between the stormwater pollution and the pollution of the Ostwaldergraben site
(hypothesis #3), it seems that the representation of a level of pollution was not
linked with social characteristics.

We also tested the future of the site, trying to answer the question of the
Ostwaldergraben sustainability and a kind of ‘appropriation’ of the site by the
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inhabitants. A majority of the respondents (56%) wanted it to remain closed, while
30% wanted the opening to be restricted and 14% wanted it to be open. Eventually,
we tested the interest of the local community about getting more active in the life of
the site and the future vision of the site they had (Table 4). In accordance with the
will of having it closed to the public, 46% of the answers about tours open for the

Fig. 6 Results from the questionnaire sent to local communities. The questions were related to the
pond and constructed treatment wetland (CTW) in operation phase. Here the origin of the water
that flows into the {pond-CTW} system

Fig. 7 Results from the questionnaire sent to local communities. The questions were related to the
pond and constructed treatment wetland (CTW) in operation phase. Here the origin of the water
that flows into the {pond-CTW} system. * paint, oil, water from carwash
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public are ‘not at all.’ A clear tendency also showed that the inhabitants did not
want to get involved in the stewardship of the site (68% of the answers between 1
and 2). They did believe, however, that this system is valuable, in terms of use for
educational purpose or as an example to be replicated across Strasbourg.

To summarize, the Ostwaldergraben site seemed mostly ‘accepted’ and well
perceived by the inhabitants. Indeed, the first source of perceived nuisance in the
neighborhood was actually youngsters hanging out (20 occurrences at the open
question ‘In your neighborhood, what kind of nuisances do you perceive (noise
pollution, olfactory pollution, visual pollution)’ N = 53). The second nuisance is
linked to the amphibians (18 occurrences). Let us remember that the respondents
who perceived the most negatively the amphibians are located in one spot, just
across the natural pond. Yet, the results showed that the respondents who perceived
the amphibians as a nuisance were significantly not favorable to wetland habitats
[F(1.49) = 10.576; p = 0.002].

5 Conclusion: The Trade-Offs of This Project

The target species of this program was B. viridis, an endangered amphibian. Many
amphibian species have populations structured as patchy networks or metapopu-
lations. Urbanization reduces the ability of these networks of populations to
function due to the construction of roads and urban infrastructure that inhibit or
discourage amphibian dispersal (Hamer and McDonnell 2008). Stormwater wet-
lands and their neighboring terrestrial habitats may play an under-appreciated role
in the conservation of urban amphibians (Scheffers and Paszkowski 2013). The
construction of stormwater ponds is recognized as a useful tool both to mitigate the
loss of wetlands, to retain water runoff from impermeable urban surfaces and to treat
them, but their ecological value, in particular as breeding habitat for amphibians,
remains poorly known (Chester and Robson 2013; Scheffers and Paszkowski 2013).
Habitat surrounding stormwater sites also merits attention and preservation con-
sidering the importance of small-scale connections between the habitat of imma-
tures and that of adults (Scheffers and Paszkowski 2013).

Controversial views of urban small water bodies are related to their water
quality, even if in recent decades the quality of many urban aquatic habitats has

Table 4 Results of the questionnaire sent to residents on the social aspects of the project. The
question was: « About the future use of the site, you would like to… » (response expressed in %).
1 = ‘not at all,’ 5 =‘absolutely’

1 2 3 4 5

Use it for educational purpose (N = 66) 23 3 12 14 48
Get involved in the stewardship of the site (N = 62) 58 10 13 8 11
Have it more used for tours open to the public (N = 65) 46 6 20 8 20
Make it an example for other sites in Strasbourg (N = 65) 20 2 14 11 53
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been significantly improved. In green toad, heavy metals like copper and lead have
been shown to increase the frequency of morphological malformations (Dorchin
and Shanas 2010) but B. viridis was already found in heavily contaminated water
bodies (Adlassnig et al. 2013). Further, analyses are required to investigate the
potential cost for the species of a putative lack of water quality.

The great removal efficiency of the treatment system provides benefits, but the
cost of the sediments pollution and long-term solution to this is not to be under-
estimated. Additionally, taking into account local communities advices could help
replicating this type of project and improve its acceptability among the population.

Acknowledgements The research on the Ostwaldergraben system is mainly supported by the
Rhin-Meuse Water Agency and the French Biodiversity Agency through the LumiEau-Stra pro-
ject. Additional research support is provided by the ZAEU (French LTSER network). Ideas for this
chapter came through collaborations supported by the Urban Sustainability Research Coordination
Network, support by the U.S. National Science Foundation (Grant No. 1140070).

References

Adlassnig W, Sassmann S, Grawunder A, Puschenreiter M, Horvath A, Koller-Peroutka M (2013)
Amphibians in metal-contaminated habitats. Salamandra 49(3):149–158

Azimi S, Rocher V, Muller M, Moilleron R, Thevenot DR (2005) Sources, distribution and
variability of hydrocarbons and metals in atmospheric deposition in an urban area (Paris,
France). Sci Total Environ 337:223–239

Barbosa AE, Fernandes JN, David LM (2012) Key issues for sustainable urban stormwater
management. Water Res 46:6787–6798

Becker CG, Fonseca CR, Haddad CFB, Batista RF, Prado PI (2007) Habitat split and the global
decline of amphibians. Science 318(5857):1775–1777

Chester ET, Robson BJ (2013) Anthropogenic refuges for freshwater biodiversity: their ecological
characteristics and management. Biol Cons 166:64–75

Chong MN, Sidhu J, Aryal R, Tang J, Gernjak W, Escher B, Toze S (2013) Urban stormwater
harvesting and reuse: a probe into the chemical, toxicology and microbiological contaminants
in water quality. Environ Monit Assess 185:6645–6652

Dorchin A, Shanas U (2010) Assessment of pollution in road runoff using a Bufo viridis biological
assay. Environ Pollut 158(12):3626–3633

Dunning JB, Danielson BJ, Pulliam HR (1992) Ecological processes that affect populations in
complex landscapes. Oikos 65(1):169

Erickson AJ, Weiss PT, Gulliver JS (2013) Stormwater treatment processes. Optimizing
stormwater treatment practices. Springer, New York, NY, pp 22–34

Fenger J (1999) Urban air quality. Atmos Environ 33:4877–4900
Gosset A, Durrieu C, Orias F, Bayard R, Perrodin Y (2017) Identification and assessment of

ecotoxicological hazards attributable to pollutants in 2 urban wet weather discharges. Environ
Sci Process Impacts 19:1150–1168

Hamer AJ, McDonnell MJ (2008) Amphibian ecology and conservation in the urbanising world: a
review. Biol Cons 141(10):2432–2449

Hatch AC, Allen G Jr (1999) Sediment toxicity and stormwater runoff in a contaminated receiving
system: consideration of different bioassays in the laboratory and field. Chemosphere 39
(6):1001–1017

168 P. Bois et al.



Laurent J, Finaud-Guyot P, Wanko A, Bois P, Mosé R (2013) Hydrodynamic of artificial wetlands
at the outlet of urban catchment: complementarity of the systemic approach and computational
fluid dynamics tools. Récents Progrès en Génie des Procédés, 104, Ed. SFGP, Paris, France

Michel V, Zrak E (2015) Bilan de dix années de suivi des indicateurs de la biodiversité en Alsace.
Les effectifs de crapauds verts, Bufotes viridis. CICONIA, 39 (2–3):144–151

Mitsch WJ (2012) What is ecological engineering? Ecol Eng 45:5–12
Moore TLC, Hunt WF (2012) Ecosystem service provision by stormwater wetlands and ponds: a

means for evaluation? Water Res 46:6811–6823
O’Sullivan AD, Wicke D, Hengen TJ, Sieverding HL, Stone JJ (2015) Life cycle assessment

modelling of stormwater treatment systems. J Environ Manage 149:236–244
Scheffers BR, Paszkowski CA (2013) Amphibian use of urban stormwater wetlands: the role of

natural habitat features. Landsc Urban Plann 113:139–149
Scheyer A, Morville S, Mirabel P, Millet M (2007) Pesticides analyzed in rainwater in Alsace

region (Eastern France): comparison between urban and rural sites. Atmos Environ 41:7241–
7252

Schmitt N (2014) Characterization of hybrid systems for the treatment of urban stormwater: fate of
emerging pollutants. PhD Thesis. University of Strasbourg. HAL-ID: tel-01214516

Schmitt N, Wanko A, Laurent J, Bois P, Molle P, Mosé R (2015) Constructed wetlands treating
stormwater from separate sewer networks in a residential Strasbourg urban catchment area:
Micropollutant removal and fate. J Environ Chem Eng 3:2816–2824

Semadeni-Davies A (2006) Winter performance of an urban stormwater pond in southern Sweden.
Hydrol Process 20:165–182

Snodgrass JW, Casey RE, Joseph D, Simon JA (2008) Microcosm investigations of stormwater
pond sediment toxicity to embryonic and larval amphibians: Variation in sensitivity among
species. Environ Pollut 154:291–297

Integrated Blue and Green Corridor Restoration in Strasbourg … 169



Childers, DL, et al. 2019. Urban Ecological Infrastructure: An 
inclusive concept for the non-built urban environment. Elem Sci 
Anth, 7: 46. DOI: https://doi.org/10.1525/elementa.385

Infrastructure and nature in cities
Homo sapiens is becoming an increasingly urban species 
(Wigginton et al. 2016; Elmqvist et al. 2018; NSF AC-ERE 
2018), a global shift that underscores the profound impor-
tance of understanding urban ecosystems. Cities, as concen-

trated consumers of energy and resources, are producers 
of various wastes, but they are also centers of innovation, 
efficiency, social networks, and solutions (David 1995; 
Grimm et al. 2008; Bettencourt et al. 2009; Pickett et al. 
2013; Grimm and Schindler 2018). Cities are designed and 
built to be human habitats, and the result is urban infra-
structure. Infrastructure is typically defined as the physical 
components of interrelated systems that provide commod-
ities and services essential to enable, sustain, or enhance 
societal living conditions (sensu Neuman and Smith 
2010). In its classical definition, infrastructure is generally 
restricted to the built [and otherwise human-constructed] 
environment; this is the way architects, engineers, and city 
planners and managers often think of it. In contrast, our 
focus here is on non-built “nature in cities” infrastructure 
and the broader adoption of a more inclusive term and con-
cept for it: Urban Ecological Infrastructure (UEI).

The traditional concept of infrastructure likely began 
to expand to include nature in cities with the designs 
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It is likely that half of the urban areas that will exist in 2050 have not yet been designed and built. This 
provides tremendous opportunities for enhancing urban sustainability, and using “nature in cities” is criti-
cal to more resilient solutions to urban challenges. Terms for “urban nature” include Green Infrastructure 
(GI), Green-Blue Infrastructure (GBI), Urban Green Space (UGS), and Nature-Based Solutions (NBS). These 
terms, and the concepts they represent, are incomplete because they tend to reduce the importance of 
non-terrestrial ecological features in cities. We argue that the concept of Urban Ecological Infrastructure 
(UEI), which came from a 2013 forum held in Beijing and from several subsequent 2017 publications, is a 
PRUH�LQFOXVLYH�DOWHUQDWLYH��,Q�WKLV�SDSHU�ZH�UHᒋQH�WKH������GHᒋQLWLRQ�RI�8(,�DQG�OLQN�WKH�FRQFHSW�PRUH�
directly to urban ecosystem services.
,Q� RXU� UHᒋQHG� GHᒋQLWLRQ��8(,� FRPSULVHV� DOO� SDUWV� RI� D� FLW\� WKDW� VXSSRUW� HFRORJLFDO� VWUXFWXUHV� DQG�

IXQFWLRQV��DV�ZHOO�DV�WKH�HFRV\VWHP�VHUYLFHV�SURYLGHG�E\�8(,�WKDW�GLUHFWO\�DᒊHFW�KXPDQ�RXWFRPHV�DQG�
wellbeing. UEI often includes aspects of the built environment, and we discuss examples of this “hybrid 
LQIUDVWUXFWXUHۑ��:H�GLVWLQJXLVK�WHUUHVWULDO��DTXDWLF��DQG�ZHWODQG�8(,�EHFDXVH�HDFK�W\SH�SURYLGHV�GLᒊHU-
ent ecosystem services. We present several examples of both “accidental” UEI and UEI that was explicitly 
designed and managed, with an emphasis on wetland UEI because these ecotonal ecosystems are uniquely 
both terrestrial and aquatic. We show how both accidental and planned UEI produces unexpected eco-
V\VWHP�VHUYLFHV��ZKLFK�MXVWLᒋHV�UHFRJQL]LQJ�DQG�PDLQWDLQLQJ�ERWK�SXUSRVHIXO�DQG�VHUHQGLSLWRXV�W\SHV�RI�
UEI in cities. Finally, we posit that by incorporating both “ecological” and “infrastructure”, UEI also helps 
to bridge urban scientists and urban practitioners in a more transdisciplinary partnership to build more 
resilient and sustainable cities.
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of Frederick Olmstead, then later with the work of Ian 
McHarg (1969) and, more recently, Frederick Steiner 
(2006). Awareness of nature in cities began to mature 
and become more widespread during the environmental 
movement of the 1960s and 70s. Since then, the impor-
tance and value of nature in cities has strengthened with 
the growth of urban ecology as both a discipline and an 
approach to understanding urban systems dynamics. With 
this strengthening has come the prevalence of several 
terms by European and U.S. urban scientists and practi-
tioners to refer to nature in cities. Green Infrastructure 
(GI) is one (Tzoulas et al. 2006; Keeley 2011; Andersson 
et al. 2014; Larsen 2015; Koc et al. 2017); it is typically 
defined as the interconnected network of natural and 
semi-natural elements capable of providing multiple 
functions and ecosystem services encompassing posi-
tive ecological, economic, and social benefits for humans 
and other species (Benedict and McMahon, 2006; Koc et 
al. 2017). The GI concept has recently been expanded to 
Green-Blue Infrastructure (GBI), in order to include urban 
aquatic features (sensu Barbosa et al. 2019). Another more 
recently used term is Urban Green Space (UGS), defined as 
the natural, semi-natural, and artificial ecological systems 
within and around a city that comprise a range of habi-
tats (Niemela et al. 2010; Cilliers et al. 2013; Aronson et al. 
2017). Additionally, the term Nature-Based Solutions (NBS) 
has gained considerable traction, particularly in Europe 
(Eggermont et al. 2015; Cohen-Shacham et al. 2016; Maes 
and Jacob 2017; Kabisch et al. 2017; Frantzeskaki et al. 
2019; Keeler et al. 2019), although this concept seems 
to be more focused on goal-oriented engineering rather 
than on the natural infrastructure itself (Nesshover et 
al. 2017, WWAP/UN-Water 2018). The definitions of GI, 
GBI, UGS, and NBS overlap considerably, and all are rou-
tinely coupled with the ecosystem services concept (e.g., 
 Gomez-Baggethun et al. 2013; Andersson et al. 2015; 
Locke and McPhearson 2018; Keeler et al. 2019). GI and 
UGS are more strongly focused on terrestrial ecological 
features in cities; notably, a recent review and typology of 
GI by Koc et al. (2017) included no aquatic features, while 
a review of the GI literature by Haase et al. (2014), that 
was focused on ecosystem services, did not include urban 
wetlands. Similarly, applications of the GBI and NBS terms 
and concepts rarely discuss or include urban wetlands.

The concept of Ecological Infrastructure first appeared 
in a 1984 report by the United Nations Educational, 
Scientific, and Cultural Organization’s (UNESCO) Man and 
Biosphere Program. It was several decades before the con-
cept of UEI emerged in the literature, as a product of the 
2013 International Ecopolis Forum on “Urban Ecological 
Infrastructure for New Urbanization” that was held in 
Beijing, China (Li et al. 2017a). This forum defined UEI 
as the organic integration of blue, green, and gray land-
scapes, combined with “exits” (outflows and recycling) 
and “arteries” (corridors; Li et al. 2017b). This definition 
included the built urban environment, and thus seems to 
include all urban infrastructure. The Li et al. (2017b) defi-
nition was also complicated by the inclusion of processes 
both within and between patches of UEI in the urban 
matrix. Perhaps because this definition was so expansive, 

the UEI concept has not become known by, let alone reso-
nated with, the larger communities of urban systems sci-
entists or practitioners in Europe, the U.S., or elsewhere 
beyond China.

Our objectives for this paper include:

1. The presentation of a simplified and more concise 
definition of UEI that directly connects UEI to the 
ecosystem services it provides, eliminating the need 
to include the ecological processes that produce 
those services explicitly in the definition.

2. A desire to make urban researchers and practitioners 
from Europe, the U.S., and elsewhere more broadly 
aware of the UEI concept, in hopes that it will be 
adopted as a more inclusive concept for nature in 
cities.

3. Justification for the idea that use of both “ecological” 
and “infrastructure” in the UEI concept forms a key 
bridge between urban ecologists and urban practi-
tioners–UEI elevates urban ecological features to the 
same consideration by the latter as urban built fea-
tures.

4. Demonstration that terrestrial, aquatic, and wetland 
types of UEI provide unique ecosystem services, 
and that a more refined focus on these ecosystem-
specific processes may produce “surprise” ecosystem 
services.

$�VLPSOLᒋHG�GHᒋQLWLRQ�RI�8(,
Our simplified and more concise definition of UEI encom-
passes all parts of a city that include ecological structures 
and functions. Ecological structure is the physical compo-
nents that make up ecosystems (e.g. species, soils, water-
ways) while ecological function is the processes that result 
from interactions among the structural components (e.g. 
primary production, nutrient cycling, decomposition). 
UEI forms a critical bridge between nature in cities and 
the people that live in cities via its purveyance of urban 
ecosystem services (Figure 1). These ecosystem services 
are, by definition, the benefits that people gain from UEI 
and the resulting effects on human outcomes. Many of 
these ecosystem services result from the ecological func-
tion of UEI (the arrows in Figure 1 that connect function 
to ecosystem services to outcomes), but some are purely 
structural (the arrow in Figure 1 that connects UEI with 
outcomes). For example, urban trees are known for pro-
viding a number of function-derived ecosystem services, 
such as transpirational cooling and soil retention and 
development. But urban trees also provide services that 
are strictly tied to their ecological structure, including 
shade and habitat for wildlife.

Notably, infrastructure must possess ecological struc-
ture and function to be considered UEI. For example, 
swimming pools provide key services such as exercise, 
recreation, and cooling, but [by design] pools do not have 
ecological structure or function so they are not UEI. In our 
broadest of definitions, UEI is effectively all of the physi-
cal components of a city except the built environment. A 
building roof that is painted white (or even green) and 
called a “green roof” because of energy savings is not 
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UEI, but a green roof that includes soil and plants and is 
designed and managed for stormwater and heat abate-
ment has ecological structure and function, and thus is 
UEI. Other examples of UEI include parks, streams, street 
trees, residential yards, riparian areas, lakes, urban agri-
culture, vacant lots, and constructed treatment wetlands. 
To the extent that a planted front porch flowerpot pro-
vides aesthetic benefits and food for pollinators, it is also 
UEI. Thus, UEI occurs at all scales. Finally, UEI is typically 
designed and managed to varying degrees, but not always. 
Examples of unplanned and/or unmanaged UEI include 
“accidental wetlands” (sensu Suchy 2016; Palta et al. 2016, 
2017), vacant lots (McPhearson et al. 2013), and [seem-
ingly] neglected areas.

Our ecologically inclusive UEI concept [of course] 
includes all terrestrial ecological features in cities, which 
we refer to as Green UEI. Bare soil is a particular terres-
trial ecological feature that is present in all cities and is 
often a separate land cover class. Bare soils are sites of 
important ecological functions, including a host of bio-
geochemical processes and water infiltration (Herrmann 
et al. 2016). Thus, we distinguish bare soil from green 
UEI because it is not vegetated and is generally over-
looked in research on GI/UGS and ecosystem services. 
For example, many vacant lots in Phoenix—a hot, dry 
desert city—are bare soil because without irrigation few 
if any plants can survive. Interestingly, vacant lots make 
up a large fraction of total urban land area, averaging 
15% or more (Kremer et al. 2013). For these reasons, we 

include this unvegetated Brown UEI in our terrestrial 
ecological categorization.

All cities also have various types of aquatic ecologi-
cal features, including lakes, streams, rivers, canals, and 
coastal oceans. We refer to this as Blue UEI. Notably, in 
their analysis of cultural ecosystem services in cities, 
Andersson et al. (2014) explicitly discussed both green and 
blue infrastructure, as do other recent publications (Ioja 
et al. 2018). In addition, because of the ways that water 
moves across landscapes, aquatic and wetland UEI features 
are often highly connected in urban ecosystems, even 
when those connections are not readily visible (e.g. bur-
ied urban streams). Yet urban wetlands are the ecological 
components that are either left out of discussions, studies, 
and reviews of nature in cities or are designated as either 
terrestrial or aquatic. All cities have wetlands of some 
form—undisturbed or degraded, constructed or restored, 
or simply accidental (sensu Palta et al. 2017). But wetlands 
have structural and functional characteristics that are 
both terrestrial and aquatic—they are effectively ecotone 
systems (Mitsch and Gosselink 2015). This means that wet-
lands combine the ecological characteristics of both Green 
and Blue UEI, yet wetlands are uniquely neither terrestrial 
or aquatic. For this reason we categorize urban wetlands 
separately, as Turquoise UEI (as first defined in Childers et 
al. 2015), because when one combines the colors green 
and blue the result is the color turquoise.

Our four-color approach to defining the UEI concept dis-
tinguishes Green, Brown, Blue, and Turquoise UEI because 

Figure 1: Conceptual framework of the CAP LTER Program. The conceptual framework being used by the Central 
Arizona-Phoenix Long-Term Ecological Research Program (CAP LTER) to structure and guide its urban ecological 
research. Note the blue oval in the center that demonstrates how UEI bridges the biophysical and human realms of 
the urban ecosystem. DOI: https://doi.org/10.1525/elementa.385.f1
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each type provides a unique set of ecosystem services, and 
each type has its own management trade-offs because of 
potential disservices (in Table 1 we present examples of 
Blue, Turquoise, and Brown UEI; the literature is rich with 
examples of Green UEI). Still, having these four catego-
ries reunited under the common banner of UEI allows for 
the connectivity among them (e.g., the same water may 
flow through Brown, Green, and/or Turquoise UEI before 
it reaches Blue UEI) to be more readily highlighted and to 
be managed in more integrated ways.

:K\�8(,�LV�PRUH�LQFOXVLYH�WKDQ�FXUUHQWO\�XVHG�
terms for nature in cities
We argue that UEI as both a term and a concept, is neces-
sary because of the terrestrial-centric nature of GI and UGS. 
Both GI and UGS seem to downplay or even ignore the 
importance of aquatic and wetland ecosystems in cities, 
yet all cities have streams, rivers, canals, lakes, shorelines or 
coastlines, and various types of wetlands. This emphasis on 
the terrestrial makes some sense, given that Homo sapiens 
is a land-bound species. Regardless, a focus on only terres-
trial ecological features is an incomplete representation of 
nature in cities. The recent expansion of GI to GBI, so as to 
include aquatic features, still fails to acknowledge the eco-
logical uniqueness of wetlands and their important contri-
butions to UEI-based urban ecosystem services. While NBS 
does include aquatic features and wetlands (WWAP/UN-
Water 2018), it is a goal-oriented and engineering-based 
concept that tends to focus on single-service delivery. We 
know this is insufficient because nature in cities provides 
multiple, and sometimes conflicting, benefits and these 
vary because of the social, technological, and ecological 

context of individual cities (Keeler et al. 2019). Our defini-
tion of UEI, detailed above, is considerably less abridged in 
its inclusion of urban ecological systems.

Another complication with GI is that this same term has 
a number of enviro-political connotations. Green infra-
structure is routinely used to describe environmentally 
friendly, or “green” policies (e.g., recycling) or technologies 
(e.g., solar panels). This confusion over what GI actually 
means may lead to miscommunication or misunderstand-
ing when urban ecologists are working with decision mak-
ers or with the public. One person’s conception of nature 
in cities may be another person’s idea of environmentally-
supportive policies. As urban ecologists are striving to 
work more with urban designers, engineers, planners, 
other practitioners, and urban residents, it is important to 
ensure that we are all talking about the same things.

8(,�DV�D�EULGJH�EHWZHHQ�XUEDQ�VFLHQWLVWV�DQG�
practitioners
We posit that UEI, as both a term and a concept, will reso-
nate with designers, planners, and managers, strengthen-
ing this ecologist-practitioner bridge and thus advancing 
our ability to move knowledge to action in support of more 
sustainable urban futures (per Childers et al. 2015; Pickett 
et al. 2016). An example of this comes from recent work by 
two authors of this paper (DLC and CAS) on a UEI stormwa-
ter management project on the campus of Arizona State 
University, Tempe AZ USA. A newly-constructed LEED 
Platinum Student Pavilion building included bioswales 
and other UEI features in the surrounding landscape to 
manage stormwater. The university administration also 
wanted to apply for SITES certification for the site (SITES 

Table 1: Select examples of Blue, Brown, and Turquoise UEI, including associated ecosystem services and potential or 
perceived disservices. Ecosystem service abbreviations: P = provisioning services; R/S = regulating or supporting ser-
vices; A/C = aesthetic or cultural services. DOI: https://doi.org/10.1525/elementa.385.t1

UEI Type UEI Color Ecosystem Services Potential Ecosystem Disservices

Residential and park 
lakes

Blue Enhanced property values (R/S), recreation (A/C), 
local cooling (R/S), fishing (P)

Disease vectors (e.g. mosquitoes), 
undesirable algal blooms

Urban streams and 
rivers

Blue Flood control (R/S), recreation (A/C), local cooling 
(R/S), fishing (P), transportation (R/S)

Flooding, disease vectors, undesir-
able water quality

Riparian areas Turquoise Flood control (R/S), water quality enhancement (R/S), 
local cooling (R/S), wildlife habitat (A/C), recreation 
(A/C)

Flooding, disease vectors, undesir-
able wildlife

Water delivery canals Blue Water supply (P), local cooling (R/S), recreation (A/C), 
fishing (P)

Disease vectors, undesirable wildlife

Constructed treatment 
wetlands

Turquoise Water quality enhancement (R/S), local cooling (R/S), 
wildlife habitat (A/C)

Disease vectors, undesirable wildlife

Accidental wetlands Turquoise Water quality enhancement (R/S), local cooling (R/S), 
wildlife habitat (A/C), human habitat (P)

Disease vectors, undesirable wild-
life, undesirable people

Vacant lots Brown Stormwater regulation (R/S), groundwater recharge 
(R/S), soil development (R/S), wildlife habitat (A/C)

Sources of blowing dust, aestheti-
cally undesirable

Construction sites Brown Stormwater regulation (R/S), groundwater recharge 
(R/S)

Sources of blowing dust

Fallow urban agricul-
tural plots

Brown Stormwater regulation (R/S), groundwater recharge 
(R/S), soil development (R/S), wildlife habitat (A/C)

Sources of blowing dust, aestheti-
cally undesirable
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is a certification program similar to LEED that focuses on 
the ecological efficacy of a building’s surrounding land-
scape). The SITES certification process requires that the 
applicant empirically demonstrate effective outcomes of 
UEI solutions, which thus requires monitoring of UEI pro-
cesses. These practitioners had little to no experience with 
environmental monitoring, but they did know about our 
long-term research on stormwater management using UEI 
through the Central Arizona-Phoenix Long-Term Ecologi-
cal Research Program (CAP LTER; Hale et al. 2014, 2015).

The subsequent practitioner-researcher collaboration 
on the Student Pavilion’s UEI involved several meetings, 
workshops, and field trips and resulted in a fully co-pro-
duced monitoring design for the site. Our research on this 
stormwater management UEI not only produced ecohy-
drological and biogeochemical data, but also included 
survey data derived from interviews of all practitioners 
and scientists involved in the monitoring design process 
(Sanchez 2019).

The architects and engineers involved in the project 
came into the co-production design process referring to 
their stormwater management features as GI. When asked 
to define GI, practitioner definitions of GI were remark-
ably similar to UEI. Further, it was clear they were aware 
of the many different perceptions of what GI means, 
including its enviro-political connotations, and they read-
ily acknowledged the confusion this may produce. When 
introduced to the UEI concept, it was clear they had never 
heard of it before but they were quickly receptive to it as a 
better, more inclusive, and less confusing alternative. We 
posit that as the UEI concept becomes more prevalent in 
these design co-production activities, its value as a bridge 
between urban research and practice will become clearer.

(FRV\VWHP�VHUYLFHV��DQGې�VXUSULVHۑ�VHUYLFHV��
SURYLGHG�E\�8(,
The UEI concept, and UEI itself, also forms a critical bridge 
between nature in cities and the people that live in cities 
(Figure 1). The most important link between these two 
realms is the ecosystem services provided by UEI. Most 
of these services derive from the ecological functions of 
UEI, as shown in Figure 1, but some of the benefits peo-
ple derive from UEI are structural and more direct. For 
example, trees in a city park provide a number of func-
tionally-based ecosystem services, including cooling via 
evapotranspiration, soil development, carbon and nutrient 
sequestration, and stormwater management. But the same 
trees also provide shade for people and habitat for birds, 
insects, and other wildlife—these are purely structural 
ecosystem services. UEI is also an important component 
of hybrid urban infrastructure, which Grimm et al. (2016) 
define as components of the urban fabric that are a mix 
of built and environmental structures in cities. As such, 
hybrid infrastructures provide benefits via both ecological 
structure and function (e.g., ecosystem services) and built 
structures (e.g., services; Depietri and McPhearson 2017).

In this section we present case study examples of eco-
system services provided by UEI. The literature is rich with 
examples of terrestrial UEI—also known as GI, UGS, or 
NBS—and the ecosystem services it provides (e.g., Figure 4 

in Haase et al. 2014). For this reason, there is no need to 
expand on these here. Rather, we focus our UEI case stud-
ies on Blue and Turquoise UEI because: 1) these systems 
have been neglected in GI, UGS, and NBS research and in 
the urban ecosystem services literature; 2) it is important 
to demonstrate that urban wetlands provide services that 
are unique from those of terrestrial or aquatic UEI and; 
3) Blue and Turquoise UEI often provides unexpected, or 
“surprise”, ecosystem services. Our point here is that by 
focusing on the terrestrially-based UEI in our cities, we 
are often surprised by the additional benefits that people 
derive from other “wetter” forms of UEI. The following 
examples document the value of Blue and Turquoise UEI 
to urban residents, via both the ecosystem services these 
systems were designed and managed to produce as well as 
via serendipitous ecosystem services.

���%OXH�8(,�LQ�3KRHQL[�$=�86$
Tempe Town Lake is a man-made lake that was built in 
the heart of downtown Tempe AZ in 1999 (Figure 2A, B). 
It was built by constructing dams across the bed of the 
Salt River, which has been effectively a dry river since the 
late 1930s. Tempe Town Lake was built to promote eco-
nomic development, to provide recreational opportuni-
ties, and to manage stormwater and flooding. The lake 
provides effective flood control because the dams can be 
lowered, allowing the lake to accommodate significant 
flows during storm events or upstream dam releases. High 
flow events (>1000 cubic feet per second over a period 
of days to weeks) have necessitated opening the dams on 
five occasions since 2005. According to the City of Tempe, 
the economic impacts of the lake have exceeded $1.5 Bil-
lion. More than 2.4 million people spend time at the lake 
and the associated Tempe Beach Park every year, making 
it Arizona’s second most popular public attraction—after 
the Grand Canyon (https://www.tempe.gov/city-hall/
community-development/tempe-town-lake). Clearly, 
Tempe Town Lake has provided the three main ecosystem 
services of design.

In 2012, 68 users of Tempe Town Lake and park were 
surveyed about their perceptions and attitudes towards 
six ecosystem services: habitat provisioning, aesthetics, 
microclimate and stormwater regulation, and recreational 
and educational opportunities (Wilson 2012). Attitudes 
towards all of these ecosystem services were positive, and 
not surprisingly water was the central interest for most park 
users. Microclimate regulation, aesthetics, and recreational 
opportunities ranked highest in user preferences, and user 
attitudes and perceptions aligned reasonably well with the 
City’s design and management goals for the lake and park.

We have monitored water quality in Tempe Town Lake 
since 2005 as part of the CAP LTER Program. One outcome 
of this long-term monitoring effort is our discovery of an 
unexpected ecosystem service: Because the lake is highly 
productive, it takes up significant amounts of atmos-
pheric CO2 over most of the year. The primary evidence 
for high primary production is the consistently alkaline 
pH (>8.5; Figure 3A) due to the uptake of CO2—which 
is an acid when dissolved in water—by phytoplankton. 
Corroborating evidence is found in the consistently high 
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Figure 2: Photographs of the UEI systems described in the case studies. (A) Tempe Town Lake, Tempe AZ. The 
lake is directly north of downtown Tempe and the ASU campus; (B) There has been substantial economic develop-
ment along the south shore of the lake (Photos A and B: Google Earth images); (C) The Tres Rios CTW (center). 
(D) Long-term monitoring and research have been carried out in the L-shaped 42 ha wetland cell on the right, which 
includes 21 ha of vegetated marsh. The wastewater treatment plant is on the far left of both photos, and the Salt River 
is immediately above the CTW (Photos by D. Childers); (E) The stormwater management UEI at the Ostwaldergraben 
system in Strasbourg, France shortly after installation. (F) The nearby stream shortly after restoration (Photos by P. 
Bois); (G) Accidental wetlands in the Salt River bed, downtown Phoenix AZ USA; (H) A stormwater outfall into the 
river bed with a large enough stormwatershed, or pipeshed, that it produces perennial flow (Photos by A. Suchy). DOI: 
https://doi.org/10.1525/elementa.385.f2
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dissolved O2 concentrations (7.8 to 13 mg L–1; Figure 3B); 
on average, the lake is ~12% supersaturated with respect 
to O2 throughout the year. The lake has very low nitrogen 
concentrations (<2 mg NO3

– L–1; <0.2 mg NH4
+ L–1) because 

of high algal productivity. While this carbon sink cannot 
come close to offsetting the atmospheric carbon sources of 
Tempe, most of which are associated with transportation, 
this is a valuable and little-known service of this Blue UEI.

���'HOLEHUDWH�7XUTXRLVH�8(,�LQ�3KRHQL[�$=�86$
In 2010, the City of Phoenix began using a large con-
structed treatment wetland (CTW) to provide final tertiary 
treatment to effluent from its 91st Avenue wastewater 
treatment plant—the largest in the Phoenix Metro Area 
(Figure 2C). This CTW, known locally as Tres Rios, includes 
three wetland treatment cells that total roughly 100 ha 
and the system is capable of treating up to 400,000 m3 
day–1 of wastewater effluent. Since 2011, the CAP LTER 
Program has been quantifying wetland ecosystem pro-
cesses in the largest of the three wetland cells (Figure 2D; 
Weller et al. 2016). Tres Rios was designed to provide the 
ecosystem service of surface water treatment in the form 
of nutrient reduction, and our data confirm that it is meet-
ing this goal quite well (Sanchez et al. 2016). In fact, we 
have found that if nitrogen makes its way into the veg-
etated wetland component of this system, it is nearly com-
pletely expunged from the water (Figure 4).

As part of our long-term research in the Tres Rios CTW, 
we have also been quantifying and estimating the whole-
system water budget. This includes water loss via plant 
transpiration, which is remarkably high during the hot, 
dry Sonoran Desert summers (Sanchez et al. 2016). As 
we analyzed these data, we realized the large volumes of 
water being lost to the atmosphere from the vegetated 
marsh must be replaced, and the only possibility for this 
was via a gradual but persistent flow of surface water into 
the marsh from the adjacent open water areas. We call this 
phenomenon the “Biological Tide”. It has been verified in 
the field and represents the first time that anyone has ever 
documented plant-mediated control of surface hydrology 

in a wetland (Bois et al. 2017). In addition, the biological 
tide brings additional nitrogen and pollutants into the 
vegetated marsh for treatment, enhancing the ecosystem 
service for which it was designed. This enhanced efficacy 
of the CTW was an unexpected ecosystem service of this 
Turquoise UEI. Another surprising ecosystem service is that 
Tres Rios quickly became a significant habitat for wetland 
and aquatic wildlife, including being a mecca for birds. This 
CTW is a seasonal or permanent home to dozens of species 
of wetland and aquatic birds, including protected species.

���'HOLEHUDWH�%OXH�7XUTXRLVH�8(,�LQ�6WUDVERXUJ�)UDQFH
Strasbourg, in NE France, is characterized by a dense net-
work of waterways within the city boundaries. One of 
them, the Ostwaldergraben, is a small stream fed mostly by 
groundwater. As the city grew it was strongly channelized 
and enlarged. It also once received wastewater discharge 
from former tanneries. The City of Strasbourg launched 
a program in 2010 to restore the stream and recover it 
from its “mediocre” ecological state, as assessed by the 
European Water Framework Directive (EC 2000). The 
restoration process highlighted that the stream could be 
morphologically and chemically degraded by stormwater 
being discharged from the nearby urban residential water-
shed. Given this information, stormwater inflows were 
equipped with ponds (Blue UEI) and constructed wetlands 
(Turquoise UEI; Bois et al. 2019). This UEI was designed 
to improve water quality and mitigate stormwater flows 
(Figure 2E, F). After six years of operation, we have con-
firmed that the system is providing the ecosystem services 
that it was designed to provide: Fewer than 20% of storm 
events discharge into the stream and the UEI effectively 
removed suspended sediment, organic matter, nitrogen, 
phosphorus from the water (Figure 5; Schmitt et al. 2015, 
Walaszek et al. 2018).

A key goal of the stream and associated riparian zone 
restoration was to help bring back a pioneer and endan-
gered species: The green toad (Bufotes viridis). Surprisingly, 
the artificial ponds, which were initially only designed for 
stormwater management, have been colonized by this 

Figure 3: Tempe Town Lake water quality data. Tempe Town Lake monthly average data for pH (top), dissolved 
oxygen (bottom, open symbols), and water temperature (bottom, blue line). Data are taken from the City of Tempe 
water quality database; weekly data are grouped by month and monthly averages are calculated for the period 2005 
to 2017 (n = ~50 for each month). Error bars are ±1 S.D. of the monthly mean (CAP LTER dataset DOI:10.6073/pasta
/59d2e20260ad78d887e9bf3dd8987db4). DOI: https://doi.org/10.1525/elementa.385.f3
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Figure 5: Ostwaldergraben stormwater treatment wetland water quality data. Change in pollutant concentra-
tion from the inlet to between the pond and the constructed treatment wetland (intermediate) to the outflow in the 
Ostwaldergraben system shown in Figure 2E, F (from Schmitt et al. 2015). COD = chemical oxygen demand; TN = total 
nitrogen; TSS = total suspended solids; TP = total phosphorus. DOI: https://doi.org/10.1525/elementa.385.f5

Figure 4: Tres Rios constructed treatment wetland water quality data. Nitrate (top) and ammonium (bottom) 
concentration data from the Tres Rios CTW. Data are collected bimonthly along three transects within the vegetated 
marsh; the red circles represent triplicate samples collected at the marsh-water interface and the blue squares are 
samples collected near the shore. Not that in nearly all samples, nitrate is in very low concentrations near the shore, 
relative to near the open water. The pattern for ammonium is similar, but not as dramatic. See Sanchez et al. (2016) for 
methodological details (CAP LTER dataset DOI:10.6073/pasta/3eb1f02c8db033f63a144a6f9d778fa7). DOI: https://
doi.org/10.1525/elementa.385.f4
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endangered toad as well as by other amphibians, thus 
providing an unexpected ecosystem service. The results 
of questionnaires from our semi-structured interviews 
of nearby residents have shown that they recognize and 
value this new habitat for amphibians (Bois et al. 2019) 
as well as the aesthetic enhancements provided by the 
restored stream and associated stormwater management 
UEI. Interestingly, the water quality and quantity regulat-
ing services provided by this UEI are still poorly perceived 
by local communities. This suggests an opportunity for 
scientists working in the system to expand their education 
and outreach activities in these neighboring communities.

���$FFLGHQWDO�7XUTXRLVH�8(,�LQ�3KRHQL[�$=�86$
The Salt River that runs through central Phoenix was once 
a perennial river. In prehistoric times its flow supported 
the agricultural and cultural productivity of the Hohokam 
people for nearly 1000 years (Murphy 2012). With the 
arrival of European settlers about 150 years ago, though, 
a lack of resilience to, and tolerance for, flooding became 
a major issue. By the late 1930s, the last of seven dams 
and reservoirs had been built upstream of Phoenix, on the 
Salt and Verde Rivers, sequestering 100% of the flow of 
both rivers for urban and agricultural use in the Phoenix 
metropolitan area. The Salt River has effectively not been 
a river since that time, except in extreme but rare events.

A lack of water in an urban riverbed does not necessar-
ily preclude the possibility of wetlands, even in the arid 
southwestern U.S. As it turns out, Phoenix is a rather 
“leaky” city; storm drains that empty into the Salt River 
flow frequently, predictably, and even continuously, 
depending on the size of their urban pipe-sheds (Palta 
et al. 2017). The result is an array of “accidental” wet-
lands in the riverbed itself that provide unmanaged and 
unexpected ecosystem services, including nitrogen pro-
cessing and removal and wildlife habitat (Figure 2G, H; 
Suchy 2016; Palta et al. 2017; Suchy et al. in press.). 
But an even more surprising collection of ecosystem ser-
vices provided by these accidental wetlands was discov-
ered when we began conducting field research in these 
systems. These perennial stormwater outflows and their 
associated Turquoise UEI are regularly used by homeless 
or indigent people throughout the Phoenix Metro area 
and provide many benefits, including cooling, bathing, 
and even food. These transient populations often pre-
fer the wetlands to local shelters or cooling centers and 
have developed local knowledge of which outfalls have 
“good” (i.e., high quality) water and which do not (Palta 
et al. 2016). These accidental wetlands in the Salt River, 
that are not designed or managed, thus provide an array 
of unexpected ecosystem services to a diversity of city 
residents.

Figure 6: Schematic of the infrastructure hybridity gradient from 100% UEI to 100% built. Conceptual depic-
tion of a gradient from ecological to hybrid to built features for the four colors of UEI. Note that while cities contain a 
great deal of purely gray/built infrastructure which does not include UEI (far right), they often contain few examples 
of pure UEI (far left); most UEI is actually hybrid infrastructure. For each UEI color, several examples and their approxi-
mate location on the ecological ÅÆ built gradient are shown. The gradient in the ratio of total services provided to 
those that result from ecological structure and function is also shown; ƿ1 is where virtually all are ecosystem services 
from UEI, ƿ0 is virtually none of the services are ecosystem services. The infrastructure types from the four case stud-
ies are also shown (stormwater retention/detention basins, accidental wetlands, constructed wetlands, and manmade 
lakes). DOI: https://doi.org/10.1525/elementa.385.f6
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6\QWKHVLV�DQG�&RQFOXVLRQV
In this paper we present a more inclusive and simpler defi-
nition of Urban Ecological Infrastructure, refined from the 
earlier use of the concept by Li et al. (2017), that explic-
itly addresses all urban ecological components, including 
aquatic and wetland systems. We argue that UEI, as both a 
term and a concept, is preferable because the many exist-
ing terms for this idea are focused on goals and outcomes 
rather than on the ecological components themselves. For 
example, concepts such as ES and NBS merge functions 
and benefits and have required myriad papers to disen-
tangle them. Additionally, existing related concepts (e.g., 
GI and UGS) are terrestrial-centric and thus downplay 
the importance of aquatic and wetland ecosystems in cit-
ies. In fact, all cities have aquatic components, including 
streams, rivers, canals, lakes, shorelines or coastlines, and 
all cities have various types of wetlands. A focus on mainly 
terrestrial ecological features is therefore an incomplete 
representation of nature in cities. Our refined definition 
of UEI is unabridged and includes all types of urban eco-
logical systems. We use metaphorical colors to distinguish 
the different characteristics of, and services that come 
from, terrestrial, aquatic, and wetland ecosystems: Green, 
Blue, and Turquoise UEI, respectively. We include Brown 
UEI as a fourth type because non-vegetated terrestrial fea-
tures are also common in all cities and urban soils as UEI 
provide important ecosystem functions and services.

But cities also contain a wide array of hybrid infrastruc-
ture types that span a full gradient from completely UEI 
to completely human-made (Figure 6; Grimm et al. 2016; 
Depietri and McPhearson 2017). As hybrid infrastructure 
incorporates more ecological characteristics and fewer 
built characteristics, a larger fraction of total benefits 
derived from it will be ecosystem services (Figure 6). 
Additionally, focusing on one single targeted service, as is 
often the case with NBS approaches, might prevent man-
agers and stakeholders from recognizing, managing for, 
and benefitting from other ecosystem services that may 
be provided by UEI. It is this concept of hybridity in urban 
infrastructure, from mostly UEI to all built, that makes the 
UEI concept both fully inclusive and powerful. None of 
the other terms for nature in cities captures this fusion of 
the built and ecological features that we find throughout 
all cities.

An important advantage of the UEI concept is that the 
term itself includes both “ecological” and “infrastructure”. 
Thus, the concept forms a key bridge between urban 
researchers and urban practitioners, and we anticipate 
that it will elevate urban ecological features to the same 
consideration by those practitioners as urban built fea-
tures. This is key as cities expand their use of UEI in diverse 
biophysical and social contexts. At present, even without 
considering unintended benefits or consequences, UEI 
can deliver mixed outcomes. For example, although the 
use of bioretention swales is supposed to mitigate storm-
water runoff and aid in pollutant removal, storm size and 
frequency alter the effectiveness of the swales (Norton et 
al. 2017). It is thus imperative that we continue to incor-
porate scientific knowledge into designs and manage-
ment practices.

UEI may also allow practitioners from different sectors 
to account for synergies and tradeoffs among the services 
for which each sector is responsible. For example, vacant 
land may be managed as wildlife habitat, as a productive 
food landscape, or for storm water management (Kremer 
et al. 2013; McPhearson et al. 2013), depending on who 
takes leadership in management. But not all transforma-
tions from Brown to Green UEI result in the same ecosys-
tem services. For example, although urban agriculture may 
provide food and pollinator habitat (Clinton et al. 2018), 
the over-application of fertilizers and other soil amend-
ments by hobby gardeners (Metson et al. 2015; Lewis et al. 
2018) may result in downstream water degradation rather 
than increasing water quality through stormwater reten-
tion. The UEI concept should allow diverse stakeholders 
(e.g., food policy councils, local water quality authorities, 
and zoning authorities in the example above) to talk to 
one another about how a parcel might be used to maxi-
mize benefits while avoiding damaging trade-offs. This is 
an advantage of the fact that UEI, as both a term and a 
concept, should resonate with designers, planners, and 
managers, strengthening the ecologist-practitioner bridge 
while advancing our ability to move knowledge to action 
in support of more sustainable and resilient urban futures. 
Our experience with co-producing a stormwater UEI mon-
itoring design demonstrated this bridging effect. And this 
is already happening in our Strasbourg case study: The 
city’s Urban Ecology and Water Department worked with 
both scientists and local communities to define, design, 
and implement the restoration of the Ostwaldergraben 
(Bois et al. 2019).

The UEI concept has important implications for the 
future of cities. For example, there are projections that 
by 2050 four in five people will live in cities. This means 
that as much as half of the areas that will be urban in the 
future have yet to be built—a huge opportunity for not 
just “thinking out of the box”, but for “thinking of a whole 
new box” in terms of what urban development looks like 
and how it behaves (McPhearson et al. 2016; Alberti et 
al. 2018). With multiple social and environmental pres-
sures, operating at myriad scales (e.g., climate change as 
an existential threat through extreme events, especially 
in coastal cities), the UEI concept provides a critical entry 
point for rethinking urban development so that it meets 
both sustainability and resilience goals. We argue that a 
key to this new vision of urban development is the trans-
disciplinary fusion of ecology and design, sensu Childers 
et al. (2015). Urban planners and designers, including 
architects, engineers, and landscape architects, need to be 
coaxed into thinking beyond a single project and urban 
scientists need to be coaxed into using their knowledge 
about urban ecosystems to make cities better places to 
live. The UEI concept inherently includes ecological con-
nectivity, via a variety of hybrid UEI-built infrastructure 
types, as well as the spatial heterogeneity that character-
izes all cities.

The literature is replete with analyses that demonstrate 
how UEI-based solutions are more adaptive and flexible 
than hard-engineered solutions, such that “safe to fail” 
infrastructure can impart resilience to urban systems 
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while “fail-safe” infrastructure often does not (Chester and 
Allenby 2018). There is also copious evidence that the co-
production of knowledge, designs, and solutions by urban 
practitioners and researchers is a key to more sustainable 
future pathways for cities—those that exist today and those 
yet to be built (Elmqvist et al. 2018). We argue that UEI is 
the best term and concept for nature in cities because it 
conceptually, and perhaps literally, bridges the worlds of 
knowledge generation and action. It should thus be a criti-
cal conduit for enhancing the co-production of urban sus-
tainability solutions that will lead to more resilience cities.
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